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Las llanuras de inundación son uno de los ecosistemas que mayor valor de bienes y 
servicios ecosistémicos por hectárea proporcionan a la sociedad, destacando por ejemplo la 
protección contra crecidas, la purificación del agua, la diversidad de hábitats, el secuestro de 
carbono, y los servicios recreacionales y culturales. A pesar de esta gran importancia, 
también son uno de los ecosistemas que mayor presión antrópica sufren, debido 
principalmente a la regulación de caudales y a su ocupación por usos agrícolas. Presiones 
que se prevé aumenten a escala mundial en las próximas décadas, siendo las regiones 
mediterráneas una de las más vulnerables. Es por este motivo, que la restauración se ha 
convertido en una de las herramientas de gestión más importantes para la conservación de 
llanuras de inundación degradadas. De forma general, la restauración de llanuras de 
inundación tiene como objetivos mejorar la calidad de sus aguas y aumentar su 
biodiversidad. Sin embargo, poco se sabe sobre la recuperación o mejora de su 
funcionalidad. Asimismo, los proyectos de restauración se centran mayoritariamente en la 
evaluación y seguimiento de los ecosistemas superficiales, existiendo un gran 
desconocimiento ecológico sobre los ecosistemas subterráneos.  
Para mejorar este vacío en el conocimiento, la presente tesis tiene como objetivo 
general evaluar el efecto de la restauración ecológica en la biodiversidad y funcionalidad de 
ecosistemas acuáticos superficiales y subterráneos de la llanura de inundación de un gran río 
mediterráneo regulado. Nuestra hipótesis de partida se basa en que la restauración de 
ecosistemas en una llanura de inundación degradada permite mejorar la calidad de sus 
aguas y aumentar su diversidad de hábitats, proporcionando nuevos y heterogéneos 
recursos y refugios para las especies y procesos biogeoquímicos. Concretamente, nos 
centramos en evaluar el efecto de dos medidas de restauración ecológica: i) la creación de 
humedales, y ii) la ampliación del bosque de ribera en retroceso de los usos agrícolas.      
Para ello, seleccionamos como zona de estudio la llanura de inundación del tramo medio del 
río Ebro (NE España). En esta zona se han llevado a cabo las citadas medidas de restauración 
y se dispone de ecosistemas no restaurados (i.e. humedales naturales degradados y zonas 
agrícolas) con los que poder comparar. En estos dos tipos de ecosistemas se han evaluado 
los siguientes aspectos estructurales y funcionales: i) características físico-químicas del agua 
en los humedales y acuífero aluvial; ii) composición de especies y funciones de la comunidad 






de macroinvertebrados acuáticos en los humedales y acuífero aluvial; iii) índices de 
diversidad taxonómica y funcional de la comunidad de macroinvertebrados acuáticos en los 
humedales y acuífero aluvial; iv) producción neta del ecosistema en los humedales; y             
v) emisión de metano en los humedales.  
Los resultados obtenidos evidencian la efectividad, al menos a corto y medio plazo, 
de la restauración de llanuras de inundación degradadas para la mejora de su estructura y 
funcionalidad. Un 61% de los indicadores estructurales y un 89% de los indicadores 
funcionales estudiados consiguieron recuperarse e incluso mejorar tras la restauración.   
Este hecho fue asociado, principalmente, a la menor eutrofización y turbidez de las aguas y a 
la mayor diversidad de sustratos y tipos de vegetación de los ecosistemas restaurados en 
comparación a los ecosistemas no restaurados. En concreto, los humedales construidos 
presentaron significativamente mayor abundancia y riqueza de macroinvertebrados que los 
humedales naturales degradados. Esta comunidad biológica presentaba mayor diversidad de 
rasgos funcionales relacionados con la reproducción, respiración, dispersión y hábitos de 
alimentación en los humedales restaurados que en los humedales naturales.                       
Esta recuperación de las comunidades acuáticas contrasta con las menores tasas de 
producción neta del ecosistema en los humedales construidos que en los humedales 
naturales, que alcanzaron valores hasta 7 veces inferiores. Las diferencias entre tipos de 
humedal fueron más acusadas a nivel pelágico, hecho asociado al bajo contenido de 
nutrientes y menor acumulación de materia orgánica en los humedales construidos.           
Sin embargo, estas condiciones son unas de las principales causas de las menores tasas de 
emisión de metano de los humedales construidos en comparación a los humedales 
naturales, registrando valores hasta 4 veces inferiores. En cuanto al medio subterráneo, las 
áreas de la llanura de inundación ocupadas por bosque de ribera presentaban 
significativamente mayor abundancia y diversidad taxonómica y funcional en su acuífero 
aluvial que las áreas ocupadas por usos agrícolas. Asimismo, la capacidad biogeoquímica de 
filtración y de fragmentación de la materia orgánica de estas comunidades aumentaba a 
medida que se ampliaba la superficie de la llanura de inundación destinada a bosque de 
ribera.  
 






En definitiva, los resultados obtenidos en la presente tesis doctoral ponen de 
manifiesto la idoneidad de la restauración ecológica como estrategia de gestión para la 
mejora de la biodiversidad y funcionalidad de llanuras de inundación de grandes ríos 
mediterráneos regulados. Asimismo, es de especial importancia tener en cuenta tanto 
aspectos estructurales como funcionales en todas las etapas de un proyecto de restauración 
para así optimizar su eficacia a largo plazo, de forma que se proporcione y soporte especies 
y funciones clave en el ecosistema y, consecuentemente, se maximicen los servicios 
ecosistémicos proporcionados por las llanuras de inundación. 







Floodplains are one of the ecosystems that provide greater value of services and 
goods per surface unit to society, such as flood protection, water purification, diversity of 
habitats, carbon sequestration, and cultural and recreational services. Despite their 
importance, floodplains are under severe anthropic pressure mainly due to flow regulation 
and agricultural intensification. These pressures are expected to increase worldwide in the 
next decades, with Mediterranean regions as one of the most vulnerable areas. It is for this 
reason that restoration has become one of the most important management tools for the 
conservation of river-floodplains. Generally, the main aims of floodplain restoration are to 
improve water quality and increase floodplain biodiversity. However, little is known about 
the recovery of ecosystem properties and functionality. Furthermore, restoration projects 
mostly focus on the assessment and monitoring of surface ecosystems, whereas 
groundwater ecosystems remain vastly unknown. 
To close this knowledge gap, the general objective of this PhD dissertation is to 
evaluate the effects of ecological restoration measures upon the biodiversity and 
functionality of aquatic surface and groundwater ecosystems. We hypothesized that 
ecosystem restoration in a degraded floodplain improves water quality and increases habitat 
diversity and, consequently, provides novel and heterogeneous resources and refuges for 
species and biogeochemical processes. Specifically, we focus on evaluating the effects of two 
ecological restoration measures: i) the construction of wetlands; and ii) the expansion of 
riparian forest uses against agricultural uses in the floodplain. To that end, we selected the 
Middle Ebro River-floodplain (NW, Spain) as main study area. Using restored ecosystems  
(i.e. constructed wetlands and riparian forest uses) and non-restored ecosystems               
(i.e. degraded natural wetlands and agricultural uses), we have evaluated the following 
structural and functional aspects: i) water physicochemical characteristics in wetlands and 
the alluvial aquifer; ii) species and functions composition of macroinvertebrate communities 
in wetlands and the alluvial aquifer; iii) taxonomic and functional diversity indices of 
macroinvertebrate communities in wetlands and the alluvial aquifer; iv) net ecosystem 
production in wetlands; and v) methane emissions in wetlands. 






Results obtained in the current PhD dissertation demonstrate the effectivity, at least 
in the short-to-medium term, of ecological restoration to improve the structure and 
functionality of degraded floodplains. The 61% of the studied structural indicators and 89% 
of the functional indicators recovered and even improved after floodplain restoration. This 
fact was associated to lower water eutrophication and turbidity, and higher substratum and 
vegetation diversity of the restored in comparison to non-restored ecosystems. Specifically, 
constructed wetlands showed significantly higher abundance and richness of 
macroinvertebrates than degraded natural wetlands. Besides, the macroinverterbate 
community showed more diversity of functional traits related to reproduction, dispersion 
and feeding habits in constructed wetlands than in degraded natural wetlands. The rapid 
recovery in aquatic communities contrasts with the poor rates of net ecosystem production 
in constructed wetlands in comparison to those recorded in degraded natural wetlands, 
seven times lower.  Differences between wetlands were more evident at the pelagic level, 
observation mainly associated to the low nutrient content and organic matter accumulation 
of constructed wetlands. Conditions that in turn, are one of the main reasons of the lower 
methane emission rates in constructed wetlands in comparison to the emissions of degraded 
natural wetlands, registering values four times lower. As for the groundwater ecosystem, 
floodplain areas occupied by riparian forest showed higher abundance, taxonomic diversity 
and functional diversity in their alluvial aquifer than areas occupied by agricultural uses. 
Additionally, biogeochemical filtration and particulate organic matter breakdown capacities 
also increased under natural forest land.  
In conclusion, outcomes of the current PhD dissertation demonstrate the suitability 
of ecological restoration as a management strategy for the conservation and improvement 
of the biodiversity and functionality of floodplains of large regulated Mediterranean rivers. 
Moreover, we highlight the importance of considering both structural and functional aspects 
in all steps of a floodplain restoration project to optimize its long-term effectiveness, so as to 
provide and support key species and functions in the ecosystem and, consequently, 











1. La estructura y funcionamiento de las llanuras de inundación en declive  
Las llanuras de inundación fluviales son ecotonos entre los sistemas acuáticos y los 
terrestres sometidos a recurrentes inundaciones, por lo que actúan como intercambiadores 
de agua, sedimento, materia orgánica, nutrientes, contaminantes y especies entre el río, el 
acuífero y el sistema terrestre adyacente (Junk et al. 1989). De forma natural, se trata de 
ecosistemas muy dinámicos, que pueden cambiar de posición y características fisiográficas 
en las tres dimensiones del espacio (i.e. longitudinal, lateral y vertical) y a lo largo del 
tiempo, gracias a las crecidas del río (Frissell et al. 1986; Amoros et al. 1987). Por estos 
motivos, las llanuras de inundación están consideradas uno de los ecosistemas más 
productivos y diversos (Tockner y Stanford 2002; Opperman et al. 2010). 
Gracias a las grandes cantidades de materia y energía que reciben, así como al 
gradiente de conectividad hidrológica que presentan, las llanuras de inundación fluviales 
están constituidas por un mosaico de hábitats de gran heterogeneidad (Fig. 1).                 
Estos hábitats, que incluyen desde bosque de ribera hasta remansos de agua, lagunas 
temporales, humedales (galachos1) y acuíferos, proporcionan una gran heterogeneidad 
espacio-temporal de refugios y recursos para las especies y procesos del ecosistema (Fig. 1). 
De ahí la gran diversidad de flora y fauna, y la densa trama trófica que presentan las llanuras 
de inundación (Zedler y Kercher 2005). Asimismo, estos ecosistemas, funcionando en 
condiciones naturales, son capaces de eliminar sólidos en suspensión, nutrientes y otros 
contaminantes que fluyen a través del agua, tanto de su medio superficial como subterráneo 
(Peterjohn y Correll 1984; Baker et al. 1995; Kellogg y Bridgham 2003). Así por ejemplo, la 
variación espacio-temporal de las condiciones de anoxia en los sedimentos de algunos de 
sus ecosistemas acuáticos (p.ej. lagunas, meandros abandonados, medio subterráneo) 
permite la eliminación de nitrógeno y fósforo por procesos biogeoquímicos. Otra función de 
gran importancia de las llanuras de inundación es su papel en el ciclo global del carbono, 
gracias a su elevada productividad y a los procesos de descomposición de materia orgánica 
que tienen lugar en sus diferentes hábitats (Fig. 1). De hecho, las llanuras de inundación 
                                               
1 Término que en Aragón se utiliza para designar a los meandros abandonados por el río que han creado lagunas 
temporales o permanentes en la llanura de inundación.   






constituyen uno de los principales depósitos biológicos de carbono terrestre, almacenando 
más de 353 Gt carbono (el 12% de la reserva mundial de carbono), mayoritariamente en los 
suelos de sus ecosistemas acuáticos (Mitra et al. 2005). No obstante, estos ecosistemas 
pueden actuar tanto de fuente como de sumidero de gases de efecto invernadero en 
función de sus condiciones ambientales, principalmente asociadas a las variaciones en el 
contenido de materia orgánica, nutrientes y oxígeno (Menon et al. 2007; Laanbroeck 2010). 
En este sentido, los humedales, entre los que están incluidos las llanuras de inundación, 
contribuyen en torno al 32% de las emisiones globales de metano, gas de efecto invernadero 
(IPCC, 2014). 
Fig. 1. Esquema de diferentes aspectos estructurales (rojo) y funcionales (azul) de interés en llanuras de inundación 
alteradas por el hombre. Las flechas corresponden a flujos de materia y energía. (Fuente propia). 
 
De forma natural, el principal factor que regula la estructura y funcionamiento de las 
llanuras de inundación es el régimen de caudales circulantes por el río; el cual alterna 
periodos de crecida e inundaciones con periodos de estiaje (Junk et al. 1989; Tockner et al. 
1999). Las condiciones hidrológicas afectan a numerosos factores abióticos, como la 
disponibilidad de nutrientes y la anaerobiosis de los suelos; además de determinar la biota 
que se desarrolla en la llanura de inundación (Mitsch y Gosselink 2000). Sin embargo, en la 
actualidad, el régimen natural de caudales de los ríos ha sido modificado a través de su 
regulación por derivaciones de agua y pantanos y a la constricción de sus cauces por diques 
y motas (Detenbeck et al. 1999; Tockner y Stanford 2002). A ello se suma la fuerte presión 
humana que sustentan las llanuras de inundación, principalmente destinadas a la 
producción agrícola. Este interés radica en su gran capacidad productiva y su baja 







un 90% de las llanuras de inundación de Europa y Norte América estén ocupadas por usos 
agrícolas y silvícolas (Tockner y Stanford 2002). Asimismo, su topografía generalmente llana 
le ha conferido un gran atractivo para la construcción de zonas industriales, urbanas, vías de 
comunicación y otras infraestructuras. Todo ello ha contribuido a la degradación de la 
estructura y funcionamiento de las llanuras de inundación (Detenbeck et al. 1999; Tockner y 
Stanford 2002). Concretamente, estas presiones han provocado en muchas llanuras de 
inundación la pérdida de su hidrodinamismo y conectividad con el río; el aumento de 
procesos de sedimentación y colmatación de sus ecosistemas acuáticos; la pérdida de 
hábitats y especies; la eutrofización y contaminación de sus aguas; y la reducción de sus 
aportaciones de materia orgánica y nutrientes a los ecosistemas asociados (p.ej. río, acuífero 
aluvial); entre otros. En definitiva, la estructura y funcionamiento de la mayoría de llanuras 
de inundación ya no está regulada únicamente por la dinámica natural del sistema, sino 
también por factores antrópicos.  
La degradación de las llanuras de inundación naturales es de gran preocupación 
tanto en el ámbito científico como de gestión, debido a las afecciones que provoca sobre los 
importantes bienes y servicios que estos ecosistemas naturales aportan a la sociedad.        
Así por ejemplo, las llanuras de inundación en buen estado de conservación proporcionan 
protección contra crecidas, controlan la erosión, suministran y purifican agua, proveen 
diversidad de hábitats, producen alimentos y materias primas, regulan la emisión de gases 
de efecto invernadero, secuestran carbono, y proporcionan servicios recreacionales y 
culturales (Mitsch y Gosselink 2000). De hecho, se estima que las llanuras de inundación 
contribuyen alrededor del 10% del valor total del flujo de servicios y bienes atribuible a los 
ecosistemas a nivel mundial, convirtiéndolo en el segundo tipo de ecosistema, por detrás de 
los estuarios (otro tipo de humedal), con un mayor valor de servicios y bienes por hectárea 
(Costanza et al. 1997). Contribución que toma especial relevancia teniendo en cuenta que 
las llanuras de inundación únicamente cubren el 0.3% de la superficie total del planeta, y son 
susceptibles a una creciente degradación ante las perspectivas de crecimiento y desarrollo 
de la población (Tockner y Stanford 2002).  
En definitiva, la conservación de la biodiversidad y funcionalidad ecológica de las 
llanuras de inundación plantea considerables desafíos desde los puntos de vista científico, 
técnico y socieconómico. Esto se debe, principalmente, a la complejidad y variabilidad de 






estos ecosistemas, y a que su conservación requiere abordar no solo la gestión del agua sino 
también los usos del suelo (Opperman et al. 2010). Desafíos que deben abordarse con 
amplia perspectiva espacial y temporal para establecer programas de conservación efectivos 
que puedan frenar su desmesurada y creciente pérdida de diversidad y funcionalidad a nivel 
global. Además de asegurar los múltiples beneficios que proporcionan este tipo de 
ecosistemas de forma integrada en un sistema socio-ecológico sostenible. 
 
2. Las aguas subterráneas, el gran desconocido de la llanura de inundación 
El medio acuático subterráneo es uno de los principales recursos de agua en la tierra, 
albergando el 97% del agua dulce no helada. Tradicionalmente, el medio acuático 
subterráneo ha sido considerado un desierto biológico sin interés ecológico (Gibert et al. 
1994). Por ello, la mayoría de estudios en este tipo de ecosistemas se han centrado 
exclusivamente en la evaluación de sus características hidrogeoquímicas y en el control de la 
calidad fisicoquímica de sus aguas. Sin embargo, estudios recientes han revelado que este 
tipo de ecosistemas albergan una biota extraordinariamente rica en especies crípticas y 
endémicas, muchas de las cuales aún están por descubrir (Sket 1999; Deharveng et al. 2009; 
Avramov 2014).  
La biota de las aguas subterráneas está constituida principalmente por crustáceos y 
bacterias; cuyo interés taxonómico radica en su adaptación a ambientes estables, oscuros y 
pobres en oxígeno (Castellarini et al. 2007; Deharveng et al. 2009). Esta biota participa en 
importantes procesos biogeoquímicos, como la desnitrificación y la descomposición de la 
materia orgánica; jugando un papel muy importante en la purificación de las aguas (Boulton 
et al. 2008). El medio acuático subterráneo de las llanuras de inundación (i.e. acuífero aluvial 
e hiporreos) aporta servicios ecosistémicos de gran importancia como son el control de la 
erosión e inundaciones por la absorción de la escorrentía, la creación de conectividad hídrica 
entre el río y determinados hábitats superficiales de la llanura  de inundación                    
(p.ej. meandros abandonados), y la retención de dióxido de carbono antropogénico, entre 
otros (Lowrance et al. 1997; Boulton et al. 1998; Opperman et al. 2010). Sin embargo, esta 
biodiversidad y funcionalidad del medio acuático subterráneo se está viendo afectada por la 







Boulton et al. 2010; Iepure et al. 2013). Así por ejemplo, los procesos de auto-purificación se 
ven dificultados en llanuras de inundación ampliamente ocupadas por usos agrícolas, donde 
la aplicación de fertilizantes provoca un aumento excesivo de la concentración de nitratos en 
el acuífero aluvial (Ardón et al. 2010; Di Lorenzo et al. 2014). Esta contaminación de las 
aguas impide la supervivencia de especies de interés tanto a nivel taxonómico (p.ej. especies 
endémicas) como funcional (p.ej. especies que participan en procesos biogeoquímicos) 
(Avramov 2014; Di Lorenzo et al. 2014). Asimismo, la regulación de caudales del río y la 
sobreexplotación de acuíferos para la obtención de agua de abastecimiento urbano, agrícola 
e industrial han modificado el régimen hidrológico natural del medio acuático subterráneo 
(Danielopol et al. 2003; Korbel et al. 2013). Consecuentemente, las condiciones 
fisicoquímicas e hidrológicas de las aguas subterráneas y de sus ecosistemas dependientes 
se han visto afectados, reduciéndose los flujos biofísicos entre ellos y la supervivencia de 
muchas especies (Sánchez-Pérez y Trémolières 2003; Datry et al. 2005; Korbel et al. 2013).  
A pesar de la gran importancia tanto taxonómica como funcional del medio acuático 
subterráneo, éste ha sido pobremente estudiado en comparación con el superficial, dónde 
se han desarrollado y se están aplicando diferentes indicadores para la evaluación de su 
estado ecológico. No obstante, en la última década, la biodiversidad y capacidad funcional 
del medio acuático subterráneo ha despertado el interés de gestores y científicos en Europa. 
Así por ejemplo, la reciente normativa europea sobre aguas subterráneas (Directiva Marco 
del Agua Subterránea, EU-GWD, 2006) considera a las aguas subterráneas como ecosistemas 
vivientes, incluyendo la necesidad de gestionar y evaluar este tipo de medios desde un 
punto de vista ecológico, tal y como se está realizando con las aguas superficiales. Para dar 
respuesta a esta directiva, se ha desarrollado un proyecto europeo (proyecto PASCALIS) para 
mejorar la evaluación de la biodiversidad de las aguas subterráneas y desarrollar estrategias 
de conservación para las regiones europeas (Gibert y Culver 2009). Asimismo, se está 
llevando a cabo otro proyecto en el sur de Europa (proyecto ATTENAGUA) para el desarrollo 
de una metodología de explotación de acuíferos desde una perspectiva ecológica 
(Antiguedad et al. unpubl.; Comín et al. unpubl.). Sin embargo, en Europa aún queda un 
largo camino por recorrer en comparación a otros países como por ejemplo Australia, donde 
ya se está desarrollando una gestión ecológica de sus aguas subterráneas (Griebler et al. 
2010). Por ello, diferentes autores (p.ej. Danielopol et al. 2003; Deharveng et al. 2009; Gibert 






et al. 2009; Griebler et al. 2010) sugieren la necesidad de ampliar el estudio de la 
biodiversidad subterránea a todas las regiones de Europa, para conocer mejor los patrones 
de distribución de las diferentes especies, los factores que regulan su respuesta, y así poder 
desarrollar indicadores para evaluar el estado ecológico del medio acuático subterráneo.    
 
3. La restauración como medida de conservación de llanuras de inundación  
La reciente manifestación del valor ecológico y socieconómico de las llanuras de 
inundación, así como su creciente pérdida y continua vulnerabilidad, ha favorecido el 
desarrollo y expansión de proyectos de restauración y protección de llanuras de inundación 
(Tockner y Stanford 2002; Mitsch y Gosselink 2007). Este tipo de proyectos no sólo incluyen 
ecosistemas naturales ya existentes que son restaurados, sino también la creación de 
nuevos ecosistemas2. De hecho, la restauración ecológica es considerada por la última 
convención de Río+20 (2012) como una de las herramientas esenciales para lograr el 
objetivo propuesto por la UNCCD (Convención de Naciones Unidas de Lucha contra la 
Desertización) de “esforzarse para lograr un mundo neutro de tierras degradadas para el 
2030” (UN 2012; Aronson y Alexander 2013).  
 
3.1. ¿Es suficiente con la evaluación de indicadores estructurales?  
Los proyectos de restauración ecológica en llanuras de inundación han sido 
generalmente diseñados y evaluados teniendo en cuenta únicamente sus características 
estructurales, tales como la calidad del agua, la cobertura vegetal, la diversidad de especies 
de aves e invertebrados y la presencia de especies clave (Race 1985; Henry y Amoros 1995). 
Sin embargo, para la preservación de estas especies y comunidades es vital un buen 
funcionamiento del ecosistema (Moulton 1999); entendido como el conjunto de procesos 
biológicos, físicos y químicos que controlan los flujos de materia y energía del ecosistema.  
Tradicionalmente, se consideraba que la mejora de la biodiversidad conllevaba 
necesariamente la mejora de la funcionalidad del ecosistema (Croonquist y Brooks 1991; 
                                               
2 A lo largo de la tesis se utiliza el concepto de “restaurado” en un sentido amplio, englobando no sólo la restauración de 
ecosistemas naturales ya existentes en la llanura de inundación, sino también la creación o construcción de nuevos 







Simenstad y Thom 1996). Así por ejemplo, si restauramos una llanura de inundación para 
mejorar su calidad del agua y aumentar su biodiversidad sería de esperar una mejora de los 
procesos ecosistémicos asociados, aumentando, por ejemplo, su productividad o su 
capacidad de procesar materia orgánica (Tilman 1999; Hooper et al. 2005). Sin embargo, 
estudios recientes han señalado que no siempre existe una respuesta lineal entre estos dos 
aspectos (ver Concepto 1; Boulton et al. 2008; Moreno-Mateos et al. 2012). Así por ejemplo, 
Weisner y Thiere (2010) observaron que el aumento de la heterogeneidad del hábitat y 
diversidad de macrófitos en ecosistemas acuáticos reducía su capacidad para eliminar 
nitrógeno. Hecho que fue asociado a la diferente capacidad de las especies de vegetación 
para eliminar nitrógeno; observándose mayores tasas de eliminación en ecosistemas 
dominados por vegetación emergente que en ecosistemas más diversos pero dominados por 
vegetación sumergida. Según Pfeifer-Meister et al. (2012) se produce una serie de 
compromisos (i.e. tradeoffs, en inglés) entre los indicadores estructurales y funcionales de 
los ecosistemas acuáticos restaurados, asociados principalmente a los tratamientos de 
restauración llevados a cabo. Así por ejemplo, los tratamientos que permiten maximizar la 
riqueza y diversidad de especies a menudo no consiguen mejorar las tasas de productividad 
primaria, biomasa microbiana y concentración de nutrientes esenciales; mientras que los 
tratamientos que permiten mejorar la funcionalidad en ocasiones no consiguen recuperar la 
diversidad de especies.  
Varios estudios apuntan además a una mayor y más rápida recuperación de los 
aspectos estructurales que los funcionales tras la restauración de ecosistemas. Así por 
ejemplo, las características estructurales de las llanuras de inundación se recuperan en unos 
10–20 años tras su restauración; incluso algunos indicadores, como aquellos relacionados 
con la diversidad de la comunidad de invertebrados, se recuperan en menos de 5 años 
(Atkinson y Cairns 1994; Gallardo et al. 2012; Moreno-Mateos et al. 2012). Por contra, se ha 
estimado que los aspectos funcionales, tales como el almacenamiento de carbono y el 
ciclado de nitrógeno, tardan más de 30 años en recuperarse (Moreno-Mateos et al. 2012). 
No obstante, todavía existe un amplio desconocimiento sobre los cambios y tasas de 
recuperación de los aspectos funcionales tras la restauración de los ecosistemas, ya que la 
mayoría de estudios se han llevado a cabo a corto o medio plazo (i.e. < 30 años) (Atkinson y 
Cairns 2001; Spieles y Mora 2007). En cualquier caso, varios autores coinciden en señalar la 






CONCEPTO 1 – Biodiversidad vs. Funcionalidad 
La relación entre la biodiversidad y la funcionalidad de los ecosistemas puede presentar 
diferentes respuestas (Balvanera et al. 2006; Boulton et al. 2008; Jax 2010). De forma 
general, a mayor biodiversidad existe una mayor funcionalidad del ecosistema, relación que 
puede ser lineal (Fig. 2; Callaway et al. 2003; Symstad et al. 2003) o puede tener una 
relación exponencial de forma que todas las especie tienen un efecto igual y aditivo en la 
funcionalidad del ecosistema (Fig.2, hipótesis “rivet”; Ehrlich y Ehrlich 1981; Lawton 1994). 
Asimismo, la relación entre la biodiversidad y la funcionalidad del ecosistema puede llegar 
hasta un límite máximo a partir del cual la funcionalidad se mantiene constante debido a 
cierta redundancia entre las especies, es decir, que la llegada de nuevas especies no supone 
la aportación de nuevas funciones al sistema (Fig. 2, hipótesis de redundancia de especies; 
Walker 1992; Schwartz et al. 2000). Sin embargo, las fuertes interacciones entre especies 
pueden generar ecosistemas variables de forma que la relación entre la biodiversidad y las 
funciones del ecosistema dependan del tipo de especies presentes y no de su diversidad 
(Fig. 2, modelo idiosincrático; Lawton 1994; Dohertly et al. 2011; Doherty y Zedler 2014). 
Incluso puede no haber relación entre la diversidad y la funcionalidad del ecosistema (Fig. 2, 
hipótesis nula; Wardle et al. 1997). 
 
Fig. 2. Relaciones potenciales entre la biodiversidad y la funcionalidad del ecosistema 
(extraído de Boulton et al. 2008). 
 
necesidad de comprender los compromisos entre la estructura y la función, y los factores 
que lo regulan, para intentar minimizarlos y mejorar así la eficiencia de los proyectos de 







La medida de indicadores funcionales en proyectos de restauración es importante 
por su contribución a una mejor compresión de la evolución y estado de un ecosistema 
restaurado (Moulton 1999; Pfeifer-Meister et al. 2012). Su idoneidad radica en que son 
indicadores afectados por diversas variables bióticas y abióticas, integran las condiciones 
ambientales a lo largo del tiempo, cubren simultáneamente diversos hábitat y son 
geográficamente más independientes porque no se basan en un conjunto específico de 
especies como algunos aspectos estructurales (Feio et al. 2010). De forma general, los 
indicadores funcionales hacen referencia a tres tipos de propiedades del ecosistema:             
i) almacenamiento de energía y materiales (p.ej. biomasa); ii) flujos de energía y materiales 
(p.ej. productividad, descomposición, bioturbación); y iii) estabilidad de estos 
almacenamientos y flujos a lo largo del tiempo (p.ej. invasión, cambio climático) (Pacala y 
Kinzig 2002; Lecerf y Richardson 2010).   
No obstante, la evaluación de los indicadores funcionales no excluye la necesidad de 
evaluar los indicadores estructurales, ya que aportan informaciones complementarias.         
En este sentido, los indicadores estructurales, como por ejemplo la hidrología, la calidad del 
agua, la geomorfología o la biodiversidad, aportan información a diferentes escalas 
geográficas (Gaston y Spicer 2004). Así por ejemplo, el estudio de la calidad de las aguas y las 
características hidrogeológicas, nos permite discriminar las condiciones fisicoquímicas 
asociadas a la propia naturaleza (p.ej. alto contenido de hierro en las aguas al atravesar 
formaciones geológicas ricas en este material) de las provocadas por la acción humana    
(p.ej. vertido). Mientras que los indicadores estructurales relacionados con la biodiversidad 
nos permiten conocer, por ejemplo, la pérdida de especies, la presencia de especies 
endémicas o la aparición de especies invasoras, entre otra información. Aspectos que cobran 
especial interés teniendo en cuenta que en la actualidad la biodiversidad a nivel mundial 
está disminuyendo mil veces más rápido en relación a las tasas naturales de extinción 
encontradas en los registros fósiles (Millennium Ecosystem Assessment, 2005). Asimismo, la 
distribución, composición, abundancia, riqueza y diversidad de especies también son útiles 
como bioindicadores de impactos humanos, perturbaciones naturales y procesos ecológicos 
fundamentales (Croonquist y Brooks 1991; Henry y Amoros 1995; Fellows et al. 2006).         
Es por todos estos motivos que diferentes autores (p.ej. Fellows et al. 2006; Lecerf y 
Richardson 2010; Bennet et al. 2015) señalan la gran importancia de incluir tanto criterios 






estructurales como funcionales a la hora de evaluar el éxito de proyectos de conservación y 
restauración de ecosistemas.  
 
3.2. Inclusión de aspectos funcionales en proyectos de restauración 
El estudio de la funcionalidad de los ecosistemas es un tema científico reciente, cuya 
evaluación presenta una mayor laboriosidad metodológica en comparación al enfoque 
estructural, lo que explicaría su menor inclusión en el diseño y evaluación de proyectos de 
restauración  (Shackelford et al. 2013; Leigh et al. 2015). En este sentido, Hallett et al. (2013) 
observó que el 70% de los proyectos de restauración incluidos en la Red Global de 
Restauración de la SER (Society for Ecological Restoration) incluían aspectos funcionales en 
sus objetivos, mientras que el 90% de los proyectos incluían aspectos estructurales. 
Asimismo, Wortley et al. (2013) llevó a cabo una revisión bibliográfica sobre el tipo de 
indicadores utilizados en las evaluaciones de proyectos de restauración en ecosistemas 
terrestres y observó que tan sólo el 46% de los proyectos incluían aspectos funcionales. 
Siendo la diversidad y abundancia de especies el indicador más frecuentemente evaluado 
(79%) en los proyectos que revisaron. Esta menor inclusión de los aspectos funcionales 
también se observa en los proyectos de restauración de humedales (Concepto 2), dónde tan 
sólo el 20% de ellos incluyen este tipo de indicadores en su diseño o evaluación.  
Los principales indicadores funcionales evaluados en proyectos de restauración de 
humedales son aquellos relacionados con los ciclos de nutrientes. Concretamente, en el 57% 
de los artículos revisados (Fig. 3B) se evaluaron aspectos relacionados con los ciclos de 
nitrógeno y fósforo (p.ej. García-Linares et al. 2003; Meyer et al. 2008; Harrison et al. 2014). 
En este sentido, la desnitrificación microbiana, la nitrificación, la adsorción de nutrientes por 
las plantas y la sedimentación nos informan sobre la capacidad de los humedales para 
retener y/o eliminar nitrógeno y fósforo tanto de sus propias aguas como de fuentes 
laterales (p.ej. río), mejorando así su calidad (Lowrance et al. 1997; Mander et al. 2005; 
McCarty et al. 2007; Rivett et al. 2008). Algunos de estos indicadores, como por ejemplo la 
desnitrificación y la nitrificación, también informan sobre la contribución de los humedales 
al cambio global; ya que durante estos procesos se puede producir y liberar a la atmósfera 








CONCEPTO 2 – Revisión bibliográfica: introducción de aspectos funcionales 
Para investigar la inclusión de aspectos funcionales en el diseño o evaluación de proyectos de 
restauración, se llevaron a cabo dos búsquedas bibliográficas en la Web of Sciences.                      
La búsqueda se realizó para humedales (i.e. wetlands en inglés), ya que es el término que 
generalmente se utiliza para integrar todos aquellos ecosistemas inundados de forma 
intermitente o permanente, entre los que se encuentran las llanuras de inundación.                        
La primera de las búsquedas fue llevada a cabo para determinar el número de publicaciones 
que estudian proyectos de restauración de humedales. El criterio de búsqueda fue: ‘wetland’ 
AND ‘creat* OR restor*’ (Título). La segunda de las búsquedas estuvo encaminada a conocer el 
número de estudios que evaluaban aspectos funcionales en proyectos de restauración de 
humedales: ‘wetland’ AND ‘creat* OR restor*’ (Título) AND ‘function*’ (Tema). En ambas 
búsquedas se incluyeron los artículos publicados hasta el año 2014, inclusive, y se refinó la 
selección a “articles” como tipo de documento y “English” como idioma. En la primera 
búsqueda se registraron 785 artículos. Mientras que en la segunda búsqueda se obtuvieron 195 
artículos, los cuales fueron revisados individualmente y se seleccionaron 160 artículos que 
incluían específicamente aspectos funcionales en su diseño o evaluación. De esta selección, 
observamos que fue en 1992 cuando se publicó el primer artículo científico que incluía aspectos 
funcionales en un proyecto de restauración de humedales (Fig. 3A). En 2014 se dobló el número 
de artículos científicos publicados en esta materia, reflejando la reciente importancia de este 
asunto (Fig. 3A). La mayor parte de estudios (73%) han sido desarrollados en EE.UU., dónde se 
han registrado pérdidas de superficie de humedales de un 53% (Mitsch y Gosselink 2007). Sin 
embargo, su estudio en Europa es mucho menor (17%), a pesar de que las pérdidas alcanzan el 
90% (Mitsch y Gosselink 2007).  
 
Fig. 3. A) Evolución temporal del número de artículos científicos publicados en los cinco paises más 
productivos, así como en el país de nuestra zona de estudio (España). B) Principales indicadores 
funcionales evaluados en proyectos de restaración de humedales (basado en la revisión bibliográfica). 
 






Asimismo, en los proyectos de restauración de humedales fueron incluidos 
indicadores asociados al ciclo del carbono, como por ejemplo la productividad del 
ecosistema (20%; p.ej. McKenna 2003; Atkinson et al. 2010; Dee y Ahn 2014), el 
almacenamiento de carbono (16%; p.ej. Bossio et al. 2006; Jerman et al. 2009; Berkowitz y 
White 2013) y la descomposición de materia orgánica (8%; p.ej. Atkinson y Cairns 2001; 
Spieles y Mora 2007; Juston et al. 2013). Estos indicadores informan sobre la capacidad de 
reciclar materia orgánica, procesar y transferir energía a niveles tróficos superiores; además 
de indicar la capacidad del ecosistema para actuar como fuente o sumidero de CO2  (Odum 
1971; Mitsch y Gosselink 2007). También cobra especial interés la evaluación y control de las 
emisiones de metano en los proyectos de restauración de humedales, ya que de forma 
natural constituyen la principal fuente de metano a la atmósfera (Menon et al. 2007; 
Laanbroeck 2010; IPCC, 2014). A pesar de que este tipo de indicador no ha sido incluido en 
ninguno de los artículos de la revisión bibliográfica (Concepto 2); diferentes autores        
(p.ej. Maltais-Landry et al. 2009; Nahlik y Mitsch 2010; Sha et al. 2011) resaltan su utilidad 
de cara al desarrollo de estrategias para la mitigación del calentamiento global. 
 Otro indicador funcional empleado en el 31% de los proyectos de restauración de 
humedales revisados es aquel relacionado con aspectos hidrogeomorfológicos                  
(p.ej. Hashisaki 1996; Bedford 1999; Hoeltje y Cole 2009). En este sentido, cabe destacar el 
desarrollo de un índice de evaluación funcional (i.e. índice hidrogeomorfológico) para 
humedales de EE.UU. basado principalmente en sus características hidrológicas y 
geomorfológicas (p.ej. fuentes de agua, tipos de suelo, pendiente); aunque también incluye 
aspectos relacionados con procesos biogeoquímicos (p.ej. eliminación o retención de 
compuestos, flujos de carbono) y características del hábitat (p.ej. biomasa de detritus, 
estructura vegetación, abundancia organismos) (Smith et al. 1995).  
Además de estos indicadores más relacionados con procesos hidrobiogeoquímicos,  
la contribución funcional de la biota a través de sus rasgos biológicos ha comenzado a ser 
utilizada en la evaluación de proyectos de restauración de humedales (27%; p.ej. Margolis  
et al. 2001; Matthews y Edress 2010; Liu et al. 2014). Los rasgos biológicos funcionales de 
una comunidad hacen referencia a sus métodos de reproducción y ciclos de vida, que 
indican la capacidad de resistencia o resiliencia frente a perturbaciones; a sus hábitos de 







locomoción, que informan sobre la capacidad de colonizar nuevos hábitats; o a su tamaño, 
que informan sobre estabilidad o estructura trófica; entre otros (Gayraud et al. 2003; Tachet 
et al. 2010). Por tanto, este tipo de indicador informa sobre el papel funcional de los 
organismos en el ecosistema y es de gran utilidad por su relativa sencillez metodológica y 
por su respuesta a perturbaciones inducidas por la actividad humana (Díaz et al. 2008; 
Gallardo et al. 2014). En los ecosistemas acuáticos, destaca el uso de los rasgos funcionales 
de la comunidad de macroinvertebrados, para la cual se han desarrollado diferentes bases 
de datos e índices para su aplicación en el campo científico y de gestión (Heino 2005;  
Boulton et al. 2008; Tachet et al. 2010). Este tipo de comunidad es un excelente bioindicador 
de la calidad de las aguas (Wallace y Webster 1996; Bêche y Statzner 2009) y del 
funcionamiento de los ecosistemas acuáticos tanto superficiales como subterráneos 
(Boulton et al. 2008; Iepure et al. 2013). Este hecho está asociado principalmente a la 
participación de estos organismos en diferentes procesos ecológicos, como el procesado de 
detritus, el ciclo de nutrientes o la provisión de alimento a niveles tróficos superiores (Heino 
2005; Bonada et al. 2006; Boulton et al. 2008).  
 La mayoría de los artículos revisados señalan los factores hidrológicos (p.ej. Hunter  
et al. 2008; Ardón et al. 2010; De Steven y Gramling 2012) y la heterogeneidad de hábitats 
(p.ej. Westerberg et al. 2010; Wolf et al. 2011) como principales factores que controlan la 
funcionalidad de los humedales. Sin embargo, aún existe un gran desconocimiento sobre la 
evolución del funcionamiento de un ecosistema tras su restauración, por lo que es necesario 
mejorar su comprensión a nivel científico y técnico, de forma que se desarrollen nuevas 
bases para optimizar la eficacia de los proyectos de restauración y conservación de los 
ecosistemas (Rapport et al. 1998; Comín et al. 2005; Wortley et al. 2013). 
 
 3.3. Análisis comparativos y alcance de los proyectos de restauración 
 El uso de ecosistemas de referencia (p.ej. ecosistemas naturales en buen estado, 
ecosistemas no restaurados) en proyectos de restauración, así como su evaluación antes y 
después de las medidas llevadas a cabo, aportan información de gran utilidad para planificar 
y mejorar el éxito de los proyectos de restauración (Whigham 1999; Brooks et al. 2005; 
Zedler y Kercher 2005). Sin embargo, tan sólo el 46% de los artículos revisados                         
(ver  Concepto 2) llevaron a cabo análisis comparativos. El uso de sistemas de referencia 






permite conocer las diferencias en el grado de perturbación y de equivalencia estructural y 
funcional. Asimismo, cuando los esfuerzos de restauración fallan o el éxito ha sido parcial, la 
información procedente de los ecosistemas de referencia pueden servir de guía para 
mejorar la gestión de los ecosistemas restaurados con acciones que mejoren su éxito 
(Brooks et al. 2005; Ahn y Peralta 2012).  
 En este sentido, diferentes estudios comparativos manifiestan la diferente 
efectividad de los proyectos de restauración según el tipo de ecosistema de referencia.      
Así por ejemplo, Brooks et al. (2005) observaron que el estado ecológico (en términos 
estructurales y funcionales) de los humedales restaurados se asemejaba más al registrado 
en humedales naturales degradados que al de humedales naturales en buen estado. 
Mientras que otros estudios (p.ej. Kleef et al. 2006; Gallardo et al. 2012) observaron una 
mejora de la diversidad taxonómica y funcional tras la restauración de humedales en 
comparación a los niveles encontrados en los humedales naturales próximos, los cuales se 
encontraban degradados. Sin embargo, cuando para este análisis comparativo se toma como 
referencia un ecosistema natural en buen estado ecológico, los ecosistemas restaurados de 
llanuras de inundación no consiguen alcanzar niveles estructurales y funcionales 
equivalentes; debido principalmente a la entrada de especies exóticas, al menor desarrollo 
del bosque de ribera y a la falta de recuperación del régimen hidrológico en los ecosistemas 
restaurados (Whigham 1999; Fennessy et al. 2008; Sha et al. 2011; Ruhí et al. 2012).       
Estas diferencias entre tipos de ecosistemas (i.e. naturales vs. restaurados) requieren de una 
mejor comprensión, por lo que son necesarios más estudios que identifiquen y evalúen los 
factores que regulan los diferentes indicadores estructurales y funcionales que determinan 
el desarrollo de cada uno de ellos (Simenstad y Thom 1996).     
 Por otro lado, la SER ha subrayado la necesidad de incluir indicadores estructurales y 
funcionales no sólo en la evaluación final (i.e. monitoreo) sino en todas las etapas de un 
proyecto de restauración, incluyendo su diseño y construcción. Este tipo de recomendación 
ha sido ampliamente sugerida (p.ej. Brooks et al. 2005; Kim et al. 2011; Ahn y Peralta 2012), 
ya que mejora la comprensión y predicción de la trayectoria de los diferentes procesos 
ecológicos que tienen lugar en el ecosistema, aumentando así el éxito a largo plazo de los 
proyectos de restauración. Asimismo, en este tipo de proyectos es importante tener en 







económico, haciendo especial hincapié en las medidas de restauración llevadas a cabo, para 
optimizar así dichos proyectos (Gutrich y Hitzhusen 2004; Grossmann 2012).  
 En definitiva, es necesario incrementar los estudios encaminados a evaluar y ampliar 
el conocimiento de la funcionalidad de las llanuras de inundación, en relación con sus 
factores reguladores. Además de evaluar la eficacia de las acciones de restauración sobre 
aspectos funcionales (p.ej. procesos biogeoquímicos, rasgos biológicos funcionales).            
De esta forma se contribuiría al establecimiento de bases científico-técnicas para el 
desarrollo de planes de conservación y restauración, y a la incorporación de aspectos 
prácticos de restauración en protocolos y normativas que fomenten ecosistemas biodiversos 
y multifuncionales. Contribuyendo asimismo a la mejora de los servicios ecosistémicos y a su 
integración en el desarrollo de las sociedades que tienen relación o viven en las llanuras de 
inundación. Motivaciones que han llevado a la realización de esta tesis doctoral y al 
planteamiento de sus objetivos. 
 
4. Planteamiento del problema y objetivos 
A escala mundial, se prevé un aumento de la presiones antrópicas sobre los recursos 
acuáticos naturales, principalmente en Asia, África y países del sur y este de Europa (Tockner 
y Standford 2002). Concretamente, en las regiones mediterráneas es donde se estima un 
mayor aumento de las presiones para el 2025 que podrían afectar al 100% de los recursos 
acuáticos de este territorio, haciendo especialmente vulnerables a los ecosistemas asociados 
a estos recursos como son las llanuras de inundación (Margat y Vallée 1999). Es por este 
motivo, que la restauración se ha convertido en una de las herramientas de conservación 
más importantes para este tipo de ecosistemas. De forma general, la restauración de las 
llanuras de inundación tiene como objetivos mejorar la calidad de sus aguas y aumentar su 
biodiversidad. Sin embargo, poco se sabe sobre la recuperación o mejora de su 
funcionalidad. Asimismo, la mayoría de proyectos de restauración en llanuras de inundación 
se centran en la recuperación de sus ecosistemas superficiales, dejando de lado su estrecha 
relación con el medio subterráneo. 
 
 






Por todo ello, en la presente tesis doctoral queremos abordar el siguiente objetivo general: 
• Evaluar el efecto de la restauración ecológica en la biodiversidad y funcionalidad de 
ecosistemas superficiales y subterráneos de la llanura de inundación de un gran río 
mediterráneo regulado. 
En concreto, nos planteamos las siguientes hipótesis: 
• Hipótesis 1: La mejora de la calidad de las aguas (p.ej. menor eutrofización, turbidez) 
en los ecosistemas restaurados de una llanura de inundación degradada permitiría 
aumentar su biodiversidad y mejorar su funcionalidad. 
1.1. La mejor calidad del agua permite la presencia de especies con rangos de 
supervivencia más variados, y no sólo de especies tolerantes a la 
eutrofización u otros tipos de contaminantes como ocurre en los ecosistemas 
degradados. Esto permitiría aumentar la diversidad taxonómica y funcional de 
las comunidades acuáticas en llanuras de inundación degradadas.  
1.2. La menor turbidez de los ecosistemas restaurados podría favorecer la 
productividad del ecosistema acuático gracias a la mayor penetración de la 
luz. No obstante, la producción neta del ecosistema podría verse limitada por 
el bajo contenido de nutrientes en los ecosistemas restaurados. 
1.3. El menor contenido de nutrientes de los ecosistemas restaurados podría 
reducir la contribución de las llanuras de inundación a la emisión de gases de 
efecto invernadero, al verse reducida su producción por una menor actividad 
microbiana. 
• Hipótesis 2: La mayor diversidad de hábitats de los ecosistemas restaurados 
proporciona nuevos y heterogéneos recursos y refugios para las especies y procesos 
biogeoquímicos.  
2.1. La mayor heterogeneidad de materia orgánica aportada por los 
ecosistemas restaurados podría servir de alimento para diferentes tipos de 
especies, aumentando así su diversidad tanto taxonómica como funcional.   
En este sentido, podríamos encontrar especies con un amplio rango de 







2.2. La menor competencia por la ocupación y utilización de los hábitat 
restaurados podría aumentar la diversidad taxonómica y funcional de las 
comunidades biológicas. Condiciones que podrían favorecer la llegada de 
especies pioneras y oportunistas con gran capacidad de dispersión y 
reproducción que permitirían la colonización de nuevos hábitats.  
2.3. La heterogeneidad de la materia orgánica aportada por los diferentes 
hábitats podría aumentar la calidad y cantidad de materia orgánica en el 
ecosistema y, consecuentemente, podría favorecer la productividad del 
ecosistema. 
2.4. La heterogeneidad de condiciones (p.ej. diversidad en las condiciones de 
anoxia y acumulación de materia orgánica) proporcionados por los diferentes 
hábitats de los ecosistemas restaurados podría aumentar la presencia de 
condiciones propicias para la actividad metabólica del ecosistema, lo que 
favorecería un aumento de la productividad en la llanura de inundación.  
2.5. La heterogeneidad de recursos y condiciones podría favorecer la 
minimización de las emisiones de gases de efecto invernadero, al minimizar la 
presencia de condiciones propicias para la producción y liberación de estos 
gases.  
Para probar estas hipótesis, nos centramos en dos medidas de restauración 
ecológica: i) la creación o restauración de lagunas y/o meandros abandonados                    
(i.e. humedales); y ii) la ampliación del bosque de ribera en llanuras de inundación 
degradadas. Se trata de dos medidas de restauración frecuentemente utilizadas, 
principalmente en aquellas zonas donde no es posible llevar a cabo una mejora de la 
conectividad hidrológica por limitaciones sociales, técnicas y/o políticas, como es el caso de 
las regiones mediterráneas. Teniendo en cuenta este tipo de medidas de restauración, nos 
planteamos los siguientes objetivos de trabajo: 
• Objetivo 1: Evaluar si la creación o restauración de humedales permite mejorar la 
calidad del agua superficial de una llanura de inundación degradada (Capítulo 1, 3     
y 4). 






• Objetivo 2: Evaluar si la ampliación del bosque de ribera en retroceso de los usos 
agrícolas permite mejorar la calidad del agua subterránea de una llanura de 
inundación degradada (Capítulo 2). 
• Objetivo 3: Comparar la composición taxonómica y funcional de la comunidad de 
macroinvertebrados acuáticos superficiales y subterráneos de ecosistemas 
restaurados y no restaurados de una llanura de inundación degradada (Capítulo 1      
y 2). 
• Objetivo 4: Evaluar la efectividad de la restauración como medida para mejorar la 
diversidad taxonómica y funcional de la comunidad de macroinvertebrados acuáticos 
superficiales y subterráneos de una llanura de inundación degradada (Capítulo 1 y 2). 
• Objetivo 5: Cuantificar y comparar la producción neta del ecosistema en humedales 
restaurados y no restaurados de una llanura de inundación degradada (Capítulo 3).  
• Objetivo 6: Estimar y comparar la contribución en la emisión de gases de efecto 
invernadero, en concreto en la emisión de metano, de humedales restaurados y no 
restaurados de una llanura de inundación degradada (Capítulo 4).  
• Objetivo 7: Evaluar la respuesta de indicadores estructurales y funcionales a factores 
ambientales asociados a la calidad del agua y heterogeneidad de hábitats de una 
llanura de inundación degradada (Capítulos 1, 2, 3 y 4).   
• Objetivo 8: Establecer una serie de medidas de gestión con bases científicas para la 
mejora de la estructura y funcionalidad de una llanura de inundación degradada 
(Capítulos 1, 2, 3 y 4). 
Para llevar a cabo estos objetivos seleccionamos como principal zona de estudio la 
llanura de inundación del tramo medio del río Ebro (NE España), localizada en las 
proximidades de la ciudad de Zaragoza. Se trata de un gran río mediterráneo regulado, en 
cuya llanura de inundación se han llevado a cabo diferentes medidas de restauración entre 
las que destaca la creación de humedales y la preservación de zonas de bosque de ribera. 
Asimismo, esta zona de estudio presenta humedales naturales (meandros abandonados) 
que no han sido restaurados, permitiéndonos realizar comparaciones con los humedales 
restaurados (i.e. humedales creados) (Capítulos 1, 3 y 4). Esta cercanía entre los dos tipos de 
humedales les confiere estar sometidos a condiciones climáticas similares, permitiendo 







ecosistemas. En lo relativo a la ampliación del bosque de ribera, se ha seleccionado un 
meandro de la llanura de inundación del río Ebro que alberga tanto usos agrícolas como de 
bosque de ribera (Capítulo 2). Este estudio, se ha ampliado a otras llanuras de inundación 
del sur de Europa, con diferentes proporciones de usos agrícolas y bosque de ribera 

















Nota: Esta tesis doctoral se presenta por compendio de artículos. Cada capítulo corresponde 
a un artículo publicado o enviado a una revista científica, por lo que está escrito en inglés e 
incluye su propia introducción, metodología, resultados y discusión. Asimismo, la 
numeración de las tablas y figuras, y el estilo y formato de las referencias se ha mantenido 
según la revista correspondiente.   
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Numerous wetland restoration projects have been implemented in recent years to 
mitigate the increasing loss of global wetland surface area caused by human activities. Most 
of these projects have focused on the local recovery of habitats and species diversity, with 
little evaluation of functional recovery. We aimed at demonstrating that constructing 
wetlands on a degraded floodplain increases not only the taxonomic, but also the functional 
diversity of macroinvertebrate assemblages by providing greater water quality to the local 
fauna. We studied the macroinvertebrate community using taxonomic and functional 
diversity indices, and the physicochemical characteristics of three wetlands constructed five 
to 25 years ago, and three relict natural wetlands on the floodplain of a regulated river (Ebro 
River, NE Spain). Constructed wetlands demonstrated significantly greater taxonomic 
abundance and richness of macroinvertebrates than natural wetlands. At the functional 
level, the richness and Shannon diversity of biological traits relating to reproduction, 
respiration, dispersal and feeding were also greater in constructed wetlands, which is partly 
explained by low inorganic nitrogen concentration in these habitats. In contrast, a high 
content of phosphorus and water organic matter led to the lowest values of taxonomic and 
functional diversity found in natural wetlands. We conclude that it is essential to consider 






not only taxonomic but also functional aspects at all stages of a restoration project in order 
to optimize its long-term efficacy to provide and support key species and functions. 
Keywords: 
Biological traits; created wetlands; macroinvertebrate community; man-made ponds; 




Over 50% of the world’s wetland surface has been lost during the last century due to 
land use changes, flow regulation and wetlands dredging (Mitsch and Gosselink 2007). Faced 
with this alarming situation, policies and plans for managing the restoration and creation of 
wetlands have flourished over the last decade (Mitsch and Gosselink 2007). Generally, 
restoration projects have only considered structural aspects of ecosystems, mainly water 
quality and species diversity, assuming that the improvement of these aspects is directly 
linked to the recovery of fundamental ecosystem processes and properties (i.e. ecosystem 
functions) (Brown and Batzer 2001). However, several investigations suggest this assumption 
may not always hold true (e.g. Grayson et al. 1999; Jax 2010; Moreno-Mateos et al. 2012).  
Analysing and measuring ecosystem functioning should therefore provide an essential view 
of the overall performance of an ecosystem, and  the processes that maintain its structure, 
which is a powerful and far-reaching tool for the management of wetlands and their 
ecosystem services (Jax 2010). Consequently, in the last years, a number of indicators have 
been developed to investigate the functioning of aquatic ecosystems, from hydro-
geochemical processes measures (e.g. nutrient cycling, biomass decomposition or hydrologic 
connectivity) to biological indicators (e.g. primary production, herbivory, predator-prey 
relationships, biotic resistance to invasive species) (e.g. Balvanera et al. 2005; Cabezas et al. 
2009c; Español et al. 2013). Yet, ecosystem functioning is rarely addressed either before, 
during or after the implementation of restoration projects. 
Macroinvertebrates are considered as excellent quality bioindicators for aquatic 
ecosystems due to their ubiquity, life-cycles, abundance and diversity of species with varying 
life history strategies regulated to habitat conditions (Wallace and Webster 1996; Bêche and 






Statzner 2009; Gallardo et al. 2011); as well as to their contribution to ecosystem functions, 
including detritus processing, nutrient cycling and food provision to higher trophic levels, 
among others (Heino 2005). In this sense, macroinvertebrate biological traits such as feeding 
habits (indicator of resource availability), body size (stability, food web structure), 
locomotion (capacity to colonize new habitats), reproductive method and life cycle 
characteristics (resistance and resilience to disturbances) provide direct and indirect 
information about a given ecosystem structure and function (Gayraud et al. 2003; Bonada et 
al. 2006; Tachet et al. 2010).The overall diversity of biological traits is directly affected by 
human-induced disturbances, such as changes in hydrological connectivity (Paillex et al. 
2008; Gallardo et al. 2009a, 2009b, 2014), nutrient concentration (Heino 2005, 2008), heavy 
metal pollution (Dolédec and Statzner 2008), and changes in land use (Díaz et al. 2008; 
Vandewalle et al. 2010). Nonetheless, because some traits may be more relevant to indicate 
restoration success than others (e.g. feeding structure, active/passive locomotion, presence 
of resistance forms), it is important to investigate the response of individual as well as the 
whole set of traits to restoration.  Macroinvertebrate traits should thus provide a powerful 
indicator of the ecological state of restored wetlands and their ability to recreate fully 
functional ecosystems.  
Remarkably, few studies have applied biological traits to the assessment of the 
efficacy of restoration projects, mainly focusing on the early years after project 
implementation (e.g. 0-3 years; Kleef et al. 2006; Ruhí et al. 2009; Gallardo et al. 2012a). 
These studies showed an increase in macroinvertebrate functional diversity during the first 
few years following wetland restoration due to the arrival of pioneering and opportunistic 
species with a strong capacity for active dispersal and high reproduction rates                       
(i.e. multivoltine). This observation was attributed to the newly created habitats that provide 
novel resources and refuge to aquatic communities, thereby reducing species competition 
(Kleef et al. 2006; Ruhí et al. 2009; Gallardo et al. 2012a). The observed trend in biodiversity 
is likely to continue in the medium to long term, especially if good standards of water quality 
and habitat complexity are maintained in the restored wetlands (Reckendorfer et al. 2006). 
Alternatively, if not submitted to a natural or human-assisted disturbance regime, diversity 
in constructed wetlands is likely to reach a maximum point after which we would see a 
significant loss of species and functions due to natural ecological succession                          






(i.e. replacement of opportunistic species by a smaller number of specialist species), habitat 
homogenization and water eutrophication (Hansson et al. 2005; Kleef et al. 2006; Ruhí et al. 
2009, 2012a; Gallardo et al. 2012a). Under this scenario, only species adapted to eutrophic 
conditions with feeding habits associated with detritus and dead plant remains would 
survive in the long term, leading to a community assemblage similar to that found in 
degraded natural wetlands. The balance between these two possible trajectories - and to a 
great extent the long-term success of restoration projects - depends on a number of factors, 
including water quality, the availability of habitats and resources, the balance between 
community succession and renewal processes, and the disturbance regime of restored 
wetlands. Solid proof that constructing wetlands promotes key ecosystem functions that can 
be maintained in the long term would certainly provide added value to implementing 
restoration projects.  
The present study examines the short and medium-term efficacy of wetland 
construction projects on a large regulated river floodplain (River Ebro, NE Spain), where 
natural wetlands are in a degraded state. First, we compared the taxonomic and functional 
diversity and composition of the macroinvertebrate community in a set of constructed and 
natural wetlands to investigate if the creation of artificial wetlands provides new and more 
species and functions to the floodplain. Second, we identified the physicochemical variables 
responsible for the observed diversity patterns and community composition, so that these 
strategic variables can be manipulated in future projects to promote greater functionality for 
restored ecosystems. We particularly hypothesized a higher taxonomic and functional 
diversity in constructed than in natural wetlands, due to the degradation experienced by 
natural wetlands and the better water quality provided by constructed wetlands. 
Consequently, the two types of wetlands should have different community compositions at 
taxonomic and functional levels, with more pioneering and opportunistic species in 
constructed wetlands and more eutrophic tolerant species in natural wetlands. We further 
predicted that the main factors driving the observed changes in diversity patterns and 
community composition in our study area are those related to eutrophication status. 
Ultimately, this study aims to emphasize the importance of including functional criteria in 
ecological restoration projects as a means of advancing towards multi-functional wetlands 






that maximize the recovery of functions, thereby optimizing the allocation of the limited 
resources invested in restoration schemes. 
 
2. Material and methods 
2.1 Study area 
The study area was located in the Middle Ebro River (NE Spain), which has a length of 
901 km and a drainage basin of 85,534 km2. Historically, extraordinary flood events in the 
Ebro River have generated a number of natural wetlands in its floodplain, including 
temporary pools and oxbow wetlands (Ollero 2007). However, since the 1960s, the Ebro 
River has been extensively affected by an increase in human activity, leading to drastic land 
use changes (agriculture and urban areas) and the extensive construction of structures to 
control floods (Cabezas et al. 2008). These pressures have caused the degradation of relict 
wetlands and the reduction of the river’s capacity for creating new natural wetlands on its 
floodplain (Gallardo et al. 2012a). Consequently, a number of restoration projects have been 
developed over the last two decades to restore and/or create artificial wetlands along the 
Ebro River floodplain to mitigate habitat loss and increase local biodiversity.  
Previous studies have analysed aquatic community changes, sedimentation rates, 
and aquatic metabolic rates in natural vs. constructed wetlands in the Ebro floodplain. These 
projects have identified hydrological connectivity, water quality and habitat succession as 
major drivers of floodplain structure and functionality (e.g. Gallardo et al. 2008, 2012a, 
2012b; Cabezas et al. 2008, 2009a, 2009b, 2009c; Español et al. 2013). These studies have 
also illustrated the benefits of wetland restoration at the local scale. As way of example, only 
one year after the construction of one of the restored wetlands, Gallardo et al. (2012a) 
recorded much higher taxonomic and functional diversity values than those of nearby 
natural wetlands. Studies nevertheless focussed on the early years after restoration, with no 
further monitoring of the trends observed. This lack of information impairs the capacity of 
environmental managers to both address the efficacy of past restoration activities and 
promote the development of future projects. 







Fig. 1. Study site location. Riparian areas: Area 1, Area 2, and Area 3. Natural wetlands: N1, N2, and N3. Constructed 
wetlands: C1, C2, and C3. Black dots correspond to wetlands sampling sites. 
 
For this study, we selected three riparian areas each comprising one constructed and 
one natural wetland located no farther apart than 1 km in the floodplain of the Middle Ebro 
River (NE Spain, 41º39’N, 0º52’W, Fig. 1). In particular, riparian area 1 included wetlands N1 
and C1; riparian area 2 included wetlands N2 and C2, and riparian area 3 included wetlands 
N3 and C3 (Fig. 1). Wetlands C1 and C3 were created through excavation in the surroundings 
of wetlands N1 and N3, respectively. These wetlands are filled through water seepage from 
the hillslope aquifer. Riparian vegetation was transplanted on the wetland banks to facilitate 
shore stabilization and colonization. Wetland C2 consists of an old gravel pit, which was 
restored through hydrological re-connection and riparian vegetation introduction. These 
constructed wetlands were created not to be as extant natural wetlands but as a 
complement, providing new and more diverse habitats to local flora and fauna in the 
floodplain. The proximity between paired wetlands provided a unique opportunity to 
investigate the development of constructed and natural reference wetlands that share the 
same environmental conditions (e.g. hydrological influence, isolation, and wind speed).          






It should be noted that in this study we use the terms ‘natural’ as representative of the 
wetland origin and ‘reference’ as representative of natural conditions regardless of their 
environmental quality (i.e. no restoration intervention), as opposed to ‘good reference’ 
conditions applied in other studies.  
The two most representative habitats in each studied wetland were identified and 
selected as sampling points to cover the wide range of environments available (Table 1), 
including: (i) areas without vegetation (fine sediment or gravel sediment); and (ii) areas with 
vegetation (emergent or submerged vegetation).  
 
2.2. Morphological and physicochemical characteristics  
The average depth (m) of each wetland was measured along transects from shore to 
centre. Surface area (Ha) was obtained from digitalised aerial photographs (Table 1). Age 
(years) was calculated from the date of construction or from first observation according to 
Cabezas et al. (2008). 
 
Table 1. Morphological and habitat characteristics of three natural and three constructed wetlands sampled in the Ebro 
floodplain. N = sample size. 
 
(1) Habitats sampled were: Fine sediment (FS); Gravel sediment (GS); Emergent vegetation, specifically Typha sp. and 
Phragmites sp. (EV); and Submerged vegetation, specifically Chara sp. (SV). 
 
Triplicate water samples were collected at each sampling point and season directly 
into 1.5 L PVC bottles previously washed in acid (CLH 0.1 N) at a depth of 10 cm, and placed 
on ice (see total number of samples in Table 1). Total suspended solids (mg/L), total 
dissolved solids (mg/L) and organic matter (mg/L) content were determined by the 
gravimetric method, i.e. filtering samples through pre-combusted (450ºC, 4 h) Whatman 
GF/F glass-fibre filters following standard protocols (APHA 1989). Chlorophyll a (µg/L) 
samples were filtered through Whatman GF/F glass-fibre filters, pigments were extracted in 
96% ethanol for 24 h, and analysed using the spectrophotometric method (Thermo Helios α; 
 
Abbr. Units 













Age Age (years) 5 25 15 65 50 65 
Area Area (Ha) 0.53 0.38 0.94 10.33 70.3 35.45 
Depth Dep (m) 1 1.5 1.7 2.5 0.8 2 
Riparian area Rip  1 2 3 1 2 3 
Habitat sampled(1) Habi  FS, SV  GS, SV FS, EV FS, EV FS, EV FS, EV 






APHA 1989). Filtered water aliquots were stored at -20 ºC, and used within one month for 
the following analyses. Ion chromatography (Metrohm 861 Advanced Compact IC; APHA 
1989) was applied to determine dissolved inorganic nitrogen (DIN = NH4+ + NO2- + NO3-, 
mgN/L) and sulfate (SO42-, mg/L) concentration. Soluble reactive phosphorus (SRP, µg/L) was 
measured by the ascorbic acid method (APHA 1989). Total dissolved phosphorus (TDP, µg/L) 
was also estimated by the ascorbic acid method, but a previous potassium persulfate 
digestion was performed (90 min, 115 °C) (APHA 1989). Finally, water temperature (ºC), pH, 
conductivity (mS/cm) and dissolved oxygen (mg/L) were recorded in situ with portable 
probes (WTW Multiline P4 and Hach-Lange HQ). 
Water physicochemical quality of study sites was investigated in two seasons: winter 
(December 2010) and spring (June 2011), for a total of 72 water samples taken during the 
study period. These seasonal measures allowed incorporating the potential range of 
environmental conditions throughout the year, with maximum diversity expected in spring 
and minimum in winter, as reported in previous studies (e.g. Gallardo et al. 2012a). 
 
2.3. Taxonomic and functional composition of the macroinvertebrate community  
Triplicate macroinvertebrate samples were collected simultaneously to water 
samples in winter (December 2010) and spring (June 2011) at each sampling point using a 
hand net (frame net 45 x 45 cm, mesh size 500 µm), making a total of 72 samples. The 
sampling procedure was based on 20 dip-net sweeps in rapid sequence at each sampling 
point. Samples were preserved in situ in 4% formalin. Macroinvertebrate samples were 
sorted and identified in the laboratory at least to family level, although the majority of 
samples were identified to genus level (see Appendix 1). It is common practise to use family 
or even coarser taxonomic resolution for certain groups such as Oligochaeta and 
Chironomidae that are difficult to identify (e.g. Díaz et al. 2008; Gallardo et al. 2009c; 
Céréghino et al. 2012), although we acknowledge that this level may underestimate species 
richness in habitats where they dominate. 
To characterize the functional composition of the macroinvertebrate community, we 
used 63 categories of 11 biological traits defined by Tachet et al. (2010) (see Appendix 2). 
These biological traits describe different aspects of organism biology, including life cycle 
characteristics (life cycle duration, potential number of generations per year, aquatic stages),                                                                                                                                                                                                                                                                  






resistance or resilience potential (dispersal, resistance stages, locomotion and substrate 
relation), general physiological and morphological traits (respiration, body size), and 
behavioural aspects of reproduction or nutrition (reproduction, food, feeding habits) 
(Usseglio-Polatera et al. 2000). Tachet’s database describes the average affinity (scores         
0 – 5) of each genus to each trait category, using a fuzzy coding approach (Chevenet et al. 
1994). A score of zero indicates no affinity, while a score of 5 indicates the highest affinity of 
the taxon to a particular category. Codes for one taxa (Atyaephira sp.) not coded in Tachet et 
al. (2010) were extracted from Gallardo et al. (2014). For taxa identified at higher taxonomic 
levels than genera, affinity scores were calculated by selecting the most frequent score 
across all taxa belonging to a particular taxonomic group. This may result in an 
underestimation of functional diversity of habitats dominated by those families, although 
according to Dolédec et al. (2000), the overall functional structure of the invertebrate 
communities is conserved. Because different biological traits confer clear trade-offs (for 
instance, predators are generally large and univoltine, and small organisms are generally 
plurivoltine and short-lived), we should expect commonly associated traits to dominate 
under similar environmental conditions. 
Finally, taxonomic and functional diversity metrics were computed. At the taxonomic 
level, we calculated: (i) total abundance of individuals; (ii) total richness of taxa (family 
level); (iii) Shannon-Wiener diversity index, which incorporates the relative abundance of the 
different taxa; and (iv) Rao’s quadratic diversity index  (Botta-Dukát 2005), which takes into 
account the pairwise dissimilarities among taxa. Likewise, indexes calculated at the 
functional level included: (i) abundance of individuals for each trait category; (ii) total 
richness of trait categories (from a total of 63 trait categories); (iii) Shannon-Wiener diversity 
index; and (iv) Rao’s quadratic diversity index. In addition, we calculated the richness, 
Shannon-Wiener diversity and Rao’s quadratic diversity of each of the 11 traits considered in 
this study (e.g. richness of reproduction modes or feeding habits). Taxonomic and functional 
metrics were computed using the “vegan” (Oksanen et al. 2008) and “ade4” (Thioulouse et 
al. 1997) packages of R software, version 2.12.2 (R Development CoreTeam 2007).  
 
 






2.4. Statistical analysis 
All statistical analyses were based on log-transformed data (with the exception of 
water pH left untransformed) to normalise distributions and linearize relationships. Still, 
water physicochemical parameters and diversity metrics showed a non-normal distribution 
according to a Kolmogorov-Smirnoff test (P < 0.05). It is for this reason that the                        
non-parametric Mann-Whitney U test was utilised to identify significant differences between 
i) pairs of natural and constructed wetlands, and ii) seasons (winter vs. spring). For the same 
reason, the non-parametric Spearman correlation test was applied to investigate 
correlations between taxonomic and functional metrics.  
Linear Mixed Effect models (LME, Laird and Ware 1982) were used to identify the 
physicochemical variables that control the taxonomic and functional diversity of the study 
wetlands. This statistical technique was used to avoid the co-dependence effect introduced 
by repeated measurements over time and riparian area (Demidenko 2004). Physicochemical 
parameters (non-correlated, Spearman rank ρ < 0.6) were included as fixed effects in LME 
models. Sampling season and riparian area were included as random factors. The selection 
of predictor variables for each model followed a stepwise forward regression selection until 
all predictors were statistically significant (at P < 0.05). The best model was chosen based on 
the lowest Akaike Information Criteria (AIC) and the highest correlation between predicted 
and observed values, both of which quantify the goodness of fit of multiple alternative 
models.      
Multivariate analyses were performed to evaluate the individual response of each 
taxon and each of the 11 biological traits to physicochemical parameters, thereby avoiding 
problems related to trade-offs between biological traits. In particular, a Correspondence 
Analysis (CA) was conducted using macroinvertebrate abundance data to compare the 
taxonomic composition of natural and constructed wetlands. Likewise, to assess the 
functional composition of natural and constructed wetlands, we used a Fuzzy 
Correspondence Analysis (FCA, Chevenet et al. 1994), which links the macroinvertebrate 
abundance data matrix with the biological traits matrix. We additionally tested correlations 
between sample scores of the first and second CA and FCA axes and environmental 






parameters (physicochemical and morphological features: depth, age and area) using       
non-parametric Spearman correlation tests.  
Non-parametric analyses of variance (Mann-Whitney U test) were performed using 
SPSS version 18.0 (©SPSS, Inc., Chicago). LME models were computed using the “nlme” 
package (Lindstrom and Bates 1990).Correlation (Spearman test) and multivariate analyses 
(CA and FCA) were performed using the “ade4” package (Thioulouse et al. 1997), all of them 
in R version 2.12.2 (R Development Core Team 2007).  
 
3. Results 
3.1. Morphological and physicochemical characteristics of natural and constructed 
wetlands 
Natural wetlands were older (50 - 65 years) and had a larger surface area (10 - 70 ha) 
than constructed wetlands (5 - 25 years, 0.4 - 0.9 ha, respectively), whereas both types of 
wetlands had similar depths (Table 1). Unlike constructed wetlands, natural wetlands lacked 
habitats with gravel sediment or submerged vegetation.  
 
Table 2. Physicochemical features (mean ± SD) of three natural and three constructed wetlands located in the Ebro 
floodplain. 
 
N = sample size. Significant differences between seasons in each type of wetland are indicated with * (P < 0.05,             
Mann-Whitney U test). 
 
 
   Constructed Wetlands Natural Wetlands 
Physicochemical 
parameters Abbr. Units Winter (N=18) Spring (N=18) Winter (N=18) Spring (N=18) 
Temperature  Temp (ºC) 7.7 ± 1.8 (*)  22.2 ± 3.1 (*) 7.5 ± 1.1 (*) 23.8 ± 3.3 (*)  
pH pH  7.90 ± 0.12  8.03 ± 0.32  8.06 ± 0.15  7.88 ± 0.30  
Conductivity Cond (mS/cm) 4.09 ± 3.27  4.78 ± 3.67  2.37 ± 0.95 (*) 3.02 ± 1.49 (*)  
Dissolved oxygen DO (mg/L) 11.91 ± 0.53 (*)  8.85 ± 0.96 (*)  11.0 ± 0.9 (*) 8.9 ± 1.5 (*) 
Total suspended solids  TSS (mg/L) 9.55 ± 2.84 (*)  21.42 ± 10.54 (*) 43.87 ± 32.28  36.37 ± 24.50  
Total dissolved solids TDS (mg/L) 2901 ± 2362  3477 ± 2743  1808 ± 976 (*) 2415 ± 1263 (*)  
Chlorophyll a  Chla (µg/L) 1.92 ± 1.31 (*)  3.91 ± 1.92 (*)  28.48 ± 16.90  19.10 ± 12.33  
Organic matter OM (mg/L) 2.32 ± 0.72 (*)  5.98 ± 3.51 (*)  13.85 ± 11.35  15.21 ± 9.97  
Dissolved inorganic 
nitrogen DIN (mgN/L) 0.64 ± 0.22  0.63 ± 0.80  2.71 ± 2.27  1.29 ± 1.87  
Sulfate SO4 (mg/L) 814.5 ± 604.4  550.7 ± 272.8  685.2 ± 601.0 (*)  616.2 ± 399.2 (*)  
Soluble reactive 
phosphorus SRP (µgP/L) 0.22 ± 0.13 (*) 1.49 ± 0.85 (*)  1.90 ± 0.73  2.58 ± 1.24  
Total dissolved 
phosphorus TDP (µgP/L) 4.99 ± 1.84 (*)  7.63 ± 3.59 (*)  33.87 ± 40.10  15.39 ± 8.29  






Concentration values of total suspended solids, chlorophyll a, organic matter, and 
phosphorous compounds (SRP and TDP) were more than twofold in natural wetlands than in 
constructed wetlands (Table 2). Physicochemical parameters also showed significant 
variation between seasons (Table 2). For instance, temperature (Z = -5.14, P < 0.01, N = 72) 
and conductivity (Z = -2.86, P = 0.04, N= 72) were significantly higher in spring than in winter; 
whereas total nitrogen (Z = -3.39, P < 0.01, N = 72) and dissolved oxygen (Z = -4.07, P < 0.01, 
N = 72) were greater in winter.  
 
3.2. Taxonomic and functional composition of natural and constructed wetlands 
Functional diversity indices showed a significant positive relationship with taxonomic 
diversity (Spearman test, ρ > 0.6; see Appendix 3), and both showed significantly higher 
values in spring than winter (Table 3).  
 
Table 3. Diversity (mean ± SD) of each biological trait in three constructed (CONS) and three natural (NAT) wetlands. 
 





(Z= - 1.39; P= n.s.) 
CONS= 1.30±0.18 
NAT= 1.19±0.20 
(Z= - 2.28; P= 0.02) 
CONS= 3.70±1.95 
NAT= 3.66±1.95  
(Z= - 0.10; P= n.s.) 
2. Life cycle 
duration 
CONS= 1.92±0.28 
NAT= 1.89±0.32  
(Z= - 0.39; P= n.s) 
CONS= 0.20±0.22 
NAT= 0.36±0.23 
(Z= - 2.95; P< 0.01) 
CONS= 0.75±0.96 
NAT= 1.38±1.12 
(Z= - 2.65; P< 0.01) 
3. Potential 
number of cycles 
per year 
CONS= 2.53±0.51 
NAT= 2.17±0.38  
(Z= - 3.20; P< 0.01) 
CONS= 0.62±0.08 
NAT= 0.51±0.22  
(Z= - 2.92; P< 0.01) 
CONS= 1.16±1.07 
NAT= 1.04±1.17  
(Z= - 0.72; P= n.s.) 
4. Aquatic stages CONS= 3.83±0.56 
NAT= 3.67±0.68  
(Z= - 1.51; P= n.s.) 
CONS= 1.08±0.18 
NAT= 1.12±0.19  
(Z= - 1.23; P= n.s.) 
CONS= 4.26±1.94 
NAT= 3.50±2.02  
(Z= - 1.59; P= n.s.) 
5. Reproduction CONS= 5.56±1.20 
NAT= 4.86±1.05  
(Z= - 2.99; P= 0.003) 
CONS= 1.32±0.16 
NAT= 1.27±0.19  
(Z= - 1.05; P= n.s.) 
CONS= 3.37±1.57 
NAT= 3.04±1.50  
(Z= - 1.40; P= n.s.) 
6. Dispersal CONS= 4.00±0.00 
NAT= 3.81±0.58  
(Z= - 2.04; P= 0.04) 
CONS= 1.28±0.07 
NAT= 1.09±0.27  
(Z= - 3.27; P< 0.01) 
CONS= 1.90±0.94 
NAT= 2.27±1.20  




NAT= 3.36±0.80  
(Z= - 2.21; P= 0.03) 
CONS= 0.74±0.15 
NAT= 0.70±0.18  
(Z= - 0.61; P= n.s.) 
CONS= 1.08±0.71 
NAT= 0.85±0.65  
(Z= - 1.39; P= n.s.) 
8. Respiration CONS= 3.19±0.92 
NAT= 2.69±0.95  
(Z= - 2.23; P= 0.03) 
CONS= 0.77±0.21 
NAT= 0.72±0.28  
(Z= - 1.18; P= n.s.) 
CONS= 1.51±1.07 
NAT= 1.51±1.28  






(Z= - 1.04; P= n.s.) 
CONS= 1.48±0.09 
NAT= 1.39±0.24 
(Z= - 0.27; P= n.s.) 
CONS= 3.65±2.57 
NAT= 4.10±2.58 
(Z= - 1.04; P= n.s.) 
10. Food CONS= 7.00±1.24 
NAT= 6.08±1.64  
(Z= - 2.63; P< 0.01) 
CONS= 1.63±0.14 
NAT= 1.52±0.18  
(Z= - 2.85; P< 0.01) 
CONS= 6.31±3.58 
NAT=  5.20±3.25  




NAT= 6.44±1.78  
(Z= - 0.60; P= n.s.) 
CONS= 1.71±0.10 
NAT= 1.58±0.23  
(Z= - 2.63; P< 0.01) 
CONS= 4.10±2.14 
NAT= 3.60±1.83  
(Z= - 0.87; P= n.s.) 
 
Results from non-parametric analysis of variance (Mann-Whitney U test) between natural and constructed wetlands are 
shown in italics (Z; P). N = 72 (36 for natural wetlands and 36 for constructed wetlands). n.s.= not significant. 






Non-parametric analysis of variance showed significant differences between natural 
and constructed wetlands for taxonomic and functional metrics. More specifically, the 
abundance (Z = -2.37, P = 0.02, N = 72) and taxonomic richness (Z = -3.66, P < 0.01, N = 72) 
were significantly higher in constructed wetlands (Fig. 2).  
 
 
 Fig. 2. Taxonomic and functional diversity in three constructed and three natural wetlands. Results from non-parametric 
analysis of variance (Mann-Whitney U test) between constructed and natural wetlands are shown in the upper right corner 
of each graph. Significant differences between constructed and natural wetlands in each season are indicated with                 
* (P < 0.05, Mann-Whitney U test). Grey circles show outliers. 
 
The most abundant family in both types of wetlands was Chironomidae, which 
accounted for over 50% of individuals. This was followed by Oligochaeta (ca. 20%) and 
Corixidae (ca. 20%) in natural wetlands, whereas a wider range of macroinvertebrates      
(e.g. Corixidae, Caenidae, Atyidae, Oligochaeta) co-dominated constructed wetlands (Fig. 3). 
At the functional level, the Shannon-Wiener diversity of all biological traits together 
was significantly higher in constructed than in natural wetlands (Z = -2.22, P = 0.03, N = 72, 
Fig. 2). When analyses were made separately by biological trait, significant differences 
between constructed and natural wetlands emerged. For instance, constructed wetlands 






showed highest richness and Shannon-Wiener diversity for most biological traits, overall 
those related to plurivoltinism, reproduction, dispersal, respiration, food sources and 
feeding habits (Table 4). In contrast, natural wetlands illustrated greater richness of 
resistance forms and life-cycle duration categories. More specific differences in the 
taxonomic and trait profiles exhibited by natural and constructed wetlands can be seen in 
figures 3 and 4. 
 
Fig. 3. Differences in macroinvertebrate assemblages between constructed (left side) and natural wetlands (right side) of 
the Ebro floodplain. Bars represent the relative abundance (average percentage ± SD) of each family in the 
macroinvertebrate community. Asterisks on the left side (* P < 0.05 or ** P < 0.01) indicate significantly higher absolute 
abundance (total number of individuals) in constructed than in natural wetlands (Mann-Whitney U test).  Asterisks on the 
right side indicate significantly higher absolute abundance in natural than in constructed wetlands (Mann-Whitney U test). 
 
 
3.3. Physicochemical factors controlling macroinvertebrate assemblages in natural 
and constructed wetlands 
According to LME, phosphorus (TDP and/or SRP) and nitrogen (DIN) compounds were 
the main physicochemical variables controlling the response of the four taxonomic diversity 
indices investigated (Table 4).  
 






Table 4. Results from Linear Mixed Effects Models linking physicochemical variables with a number of taxonomic and 
functional diversity indices.    
 
Diversity indices Explanatory variables 




Taxonomic     
   Abundance total     TDP 
    Cond 
-18.87  
280.43  
  d2 = 401.152 
  α = -45.34 
ρ = 0.84 
P < 0.01 
   Richness total     SRP  
    DIN 




  d2 = 2.522 
  α = 5.38 
ρ = 0.46 
P < 0.01 
   Shannon diversity     SRP  
    DIN 
-0.21 
0.11 
  d2 = 0.252 
  α = 1.03 
ρ = 0.62 
P < 0.01 
   Rao’s diversity     SRP  
    DIN  
-0.37 
0.24 
  d2 = 0.572 
  α = 1.88 
ρ = 0.53 
P < 0.01 
Functional     
   Richness total     OM  -0.50   d2 = 3.762 
  α = 51.19 
ρ = 0.19 
P < 0.01 
   Shannon diversity     OM  -0.005   d2 = 0.022 
  α =  3.52 
ρ = 0.50 
P < 0.01 
   Rao’s diversity     SRP  
    DIN  
-6.34 
3.29 
  d2 = 8.142 
  α = 36.46 
ρ = 0.68 
P < 0.01 
 
 
All selected explanatory variables were statistically significant at P < 0.01.  
d2 = variance of the random intercept. α = variance of the fixed intercept. ρ = Spearman correlation coefficient between 
observed and predicted values of the selected model used as a measure of goodness of fit. 
 
Functional richness and Shannon-Wiener functional diversity showed a significant 
negative response to the content of organic matter in water (Table 4). Likewise, Rao's 
quadratic functional diversity showed a negative outcome with increasing phosphorus and 
decreasing nitrogen concentration. Regarding taxonomic and functional assemblages, there 
were significant differences between natural and constructed wetlands along the first axis of 
the taxonomic CA (Mann-Whitney U test, Z = -4.45, P < 0.01, N = 72) and the trait-based FCA 
(Z = -4.11, P < 0.01, N = 72). Constructed wetlands were characterized by taxa of Odonata 
(e.g. Coenagrionidae and Cordulliidae), Pulmonata (e.g. Physidae) and Ephemeroptera     
(e.g. Baetidae and Caenidae) orders; while natural wetlands were characterised by 
Oligochaeta (e.g.Tubificidae) and Heteroptera (e.g. Corixidae) (more details on the 
invertebrate assemblages of natural and constructed wetlands in figures 3 and 5). At the 
functional level, dominant biological traits in natural wetlands included large organisms with 
long life-spans, asexual reproduction, and resistance forms (e.g. cocoons), which were 
mainly deposit-feeders and predators (Fig. 4). In contrast, constructed wetlands featured 
taxa characterized by small body size, short life-span, active dispersion and active 
locomotion forms (e.g. swimmers and fliers), which reproduced via free eggs and clutches 
and fed through shredding or scraping microphytes (Fig. 4). Both taxonomic and functional 






assemblages seemed to be influenced by the water’s physicochemical characteristics, more 
specifically the concentration of phosphorus (SRP) and nitrogen (DIN), conductivity, sulfate, 
organic matter content and chlorophyll a (Figs. 5 and 6). 
 
Fig. 4. Differences in biological traits abundance between constructed (left side) and natural wetlands (right side) of the 
Ebro floodplain. Bars represent the relative abundance (average percentage ± SD) of each category for the 11 biological 
traits evaluated. Asterisks on the left side (* P < 0.05 or ** P < 0.01) indicate significantly higher absolute abundance       
(total number of individuals for each trait category) in constructed than in natural wetlands (Mann-Whitney U test).  
Asterisks on the right side indicate significantly higher absolute abundance in natural than in constructed wetlands         
(Mann-Whitney U test).  











 Fig. 5. Results from multivariate analysis performed with data on macroinvertebrate assemblages of three natural and 
three constructed wetlands located on the Ebro River floodplain. a) Distribution of macroinvertebrate families on the first 
two axes of the taxa-based Correspondence Analysis (CA). b) Plot of sampling points: constructed wetlands (black dots) and 
natural wetlands (grey dots). Ellipses encompass 1.5 times variance of observations in each wetland type. c) Environmental 
variables (physicochemical parameters and morphological features: depth, area and age) significantly correlated with the 
first two axes of the CA (non-parametric Spearman correlation values ρ are presented in parentheses; * P < 0.05;                 


















Fig. 6. Results from multivariate analysis performed with data on macroinvertebrate assemblages of three natural and 
three constructed wetlands located on the Ebro River floodplain. a1 - a11) correlation of 11 biological trait categories with 
the first two axes of the trait-based Fuzzy Correspondence Analysis (FCA). b) Sampling points distribution: constructed 
wetlands (black dots) and natural wetlands (grey dots). Ellipses encompass 1.5 times variance of observations in each 
wetland type. c) Environmental variables (physicochemical parameters and morphological features: depth, area and age) 
significantly correlated with the first two axes of the FCA (non-parametric Spearman correlation test, ρ values are 
presented in parentheses; * P < 0.05; ** P < 0.01). 
 







In this study, we confirmed our initial hypothesis that ecological restoration of a 
degraded floodplain increases not only the taxonomic, but also the functional diversity of 
macroinvertebrate communities in the medium to long term. This is, according to our 
analysis, because constructed wetlands provide good water quality in terms of nutrient 
(phosphorous and nitrogen) and organic matter concentration, thereby providing greater 
resource availability to aquatic communities. These results are relevant since they provide 
new evidence about ecosystem function changes after restoration, an important aspect that 
remains largely ignored in restoration projects. Indeed, recent studies have suggested that 
functional recovery is a multifaceted process highly dependent on the environmental 
context of the system being restored (Grayson et al. 1999; Moreno-Mateos et al. 2012).    
Our study ultimately highlights the need to evaluate and support with empirical data the 
ability of restoration plans to recreate fully functional and sustainable wetlands rather than 
simply assuming this outcome. Such strong evidence would support wetland restoration and 
guide future management actions. 
 
4.1. Do functional and taxonomic diversity change after ecological restoration? 
Significantly higher taxa and trait richness of macroinvertebrates were observed in 
constructed wetlands when compared to degraded natural wetlands, in spite of the striking 
resemblance of their taxonomic and trait profiles. Our study thus confirms previous results 
by Gallardo et al. (2012a), who reported much greater taxonomic richness and Shannon 
diversity in the Ebro constructed wetlands when compared to nearby natural wetlands only 
one year following restoration. Furthermore, authors reported the occurrence in natural 
wetlands of several novel species of Odonata never recorded before the construction of 
wetlands in that riparian area, implying that constructed wetlands could act as a source of 
new and/or lost species towards natural wetlands. In contrast, Ruhí et al. (2012a) suggested 
that the local taxonomic and functional diversity is not affected by wetland construction. 
They observed that during the first three years after restoring a number of wetlands, the 
local loss of pioneer species was not compensated by the arrival of new taxa with less 
dispersal capacity and/or fewer special requirements, such as those present in the natural 
wetlands used as a reference. The apparent contradiction between these two investigations 






could be explained by their choice of reference conditions. In the case of Ruhí et al. (2012a), 
reference wetlands were in a relatively good conservation state, featuring high hydrological 
connectivity and water physicochemical quality. In contrast, natural wetlands used in the 
present study, and also by Gallardo et al. (2012a), experienced intense degradation due to 
restrained connectivity with the main river channel, eutrophication and excessive 
accumulation of fine sediments (Cabezas 2008, 2009c; Gallardo et al. 2008, 2012b).               
It is therefore not surprising that the better water quality offered by constructed wetlands 
resulted in higher diversity in relation to degraded natural wetlands in our models. Yet this 
observation is not trivial, since it can greatly support the construction of new wetlands in 
river floodplains affected by river regulation and accumulation of nutrients, widespread 
problems that affect not only our study area but also the majority of rivers in Europe and 
North America (Mitsch and Gosselink 2007). 
In the long term, differences between natural and constructed wetlands are expected 
to decline naturally as ecological succession proceeds, and constructed wetlands become 
progressively degraded due to catchment-scale degradation processes such as river 
regulation, land-use change and diffuse pollution from agricultural areas (Fairchild et al. 
2000; Hansson et al. 2005; Ruhí et al. 2012b). This underlies the necessity of long-term 
monitoring schemes (> 10 years) to follow changes undergone by both constructed and 
natural wetlands in order to gain better insight into their fundamental causes (Hansson et al. 
2005; Ruhí et al. 2012b), and eventually implement maintenance actions. Such 
understanding is essential to underpin best practice based on robust scientific evidence 
(Comín et al. 2005; Wortley et al. 2013). 
   
4.2. Do functional and taxonomic diversity respond to local habitat conditions? 
Our results showed a positive impact of water chemistry (i.e. low content of 
phosphorus, high nitrogen content, and low content of organic matter in constructed 
wetlands) over the taxonomic and functional composition of macroinvertebrate 
assemblages, in line with results observed in other studies (e.g. Heino 2008; Kleinebecker et 
al. 2010; Gallardo et al. 2008, 2012a).  
 






Confirming our second hypothesis, constructed wetlands hosted a greater 
percentage of pioneer and opportunistic species (i.e. displaying short life-spans, multiple 
reproductive cycles per year and active dispersal strategies), and greater abundance of taxa 
with low tolerance to water eutrophication, such as Leptophlebiidae, Cordulliidae, 
Coenagrionidae and Atydae (Usseglio-Polatera and Tachet 1994). In contrast, the higher 
content of phosphorus and organic matter recorded in natural wetlands                                
(i.e. eutrophication), negatively affected diversity indices at both the functional and 
taxonomic levels. Under severe eutrophication and oxygen reduction conditions, only 
adapted taxa such as Diptera, Tubificidae and Heteroptera can survive and dominate the 
invertebrate community of natural wetlands. The presence of adaptive strategies such as the 
production of cocoons (Verbeck et al. 2008), and predominance of feeding habits based on 
fine particles and microorganisms (Díaz et al. 2008; Gallardo et al. 2008; Céréghino et al. 
2012) further suggest a natural response to eutrophication. These observations contrast 
with results obtained by Culler et al. (2014), who observed a weak relationship between 
environmental conditions and the structure and composition of invertebrate communities in 
recently constructed wetlands. The authors pointed out temporal factors (e.g. seasonal 
environmental changes) and the wetland’s physical structure as the main drivers of the 
invertebrate community patterns. In our case, taxonomic and functional diversity indexes 
significantly responded to changes in water chemistry according to regression models 
considering season and riparian area as random factors. Having said that, we do not 
disregard the possibility that seasonality and differences in shape and size between our 
paired study wetlands explain, to some extent, the variability observed in diversity indices.  
Apart from physicochemical factors, the presence of novel types of habitats            
(e.g. gravel substrata and submerged vegetation) observed in constructed wetlands could 
also explain their greater presence of pioneer and opportunistic species. These new and 
refreshed habitats provide greater substrate heterogeneity (gravels) to attach and hide from 
predators, as well as provision of new food resources (submerged vegetation), which 
altogether may favour rapid colonisation (Erman and Erman 1984; Kleef et al. 2006; Gallardo 
et al. 2012a). This is congruent with the greater presence of scrapers, crawlers and 
temporarily attached organism observed in constructed wetlands. 






Other not studied influences, such as hydrological characteristics and habitat 
heterogeneity, may also have played an important role in shaping the unexplained variance 
in the taxonomic and functional characteristics of the study wetlands. For instance, several 
studies have observed a decrease in local biodiversity under conditions of limited 
hydrological connectivity with the river, due to the restriction of resources and species 
transfer, and consequent silting up of wetlands with fine sediments and emergent 
vegetation (Gascón et al. 2005; Jeffries 2011; Porst et al. 2012; Reckendorfer et al. 2012; 
Ruhí et al. 2012a; Gallardo et al. 2014). Likewise, other studies have pointed out habitat 
heterogeneity, and in particular the diversity of the mineral substrate, as a controlling factor 
of macroinvertebrate diversity. For example, Paillex et al. (2007) observed an increase of 
functional and taxonomic diversity indices in areas with greater mineral substrate diversity 
after hydrological connectivity restoration. All of these additional factors must be considered 
to establish efficient management tools and improve the success of restoration projects. 
 
4.3. Concluding recommendations 
Results obtained from this study demonstrate the importance of creating and 
restoring wetlands in degraded floodplains as a means to increase floodplain taxonomic and 
functional diversity. According to our results, the efficacy of restoration projects can be to 
some point maximized by controlling water quality, mainly preventing water eutrophication. 
However, if major large-scale stressors (e.g. climate change, diffuse pollution, land use 
change) affecting natural wetlands are not tackled; constructed wetlands are likely to 
progressively degrade and approach a similar ecological state to natural wetlands. Thus 
maintenance and monitoring plans must be enabled to ensure that increased taxonomic and 
functional metrics are maintained in the long term. 
In terms of monitoring biodiversity changes, our results suggest that the abundance, 
richness, and Shannon-Wiener diversity of taxa and biological traits of macroinvertebrate 
communities are the most relevant indicators to compare the composition and functionality 
of natural and constructed wetlands over time. These functional indicators provide 
complementary information to traditional taxonomic diversity indices, reflecting ecological 
processes taking place in the ecosystem through organisms in communities and ecosystems 
(e.g. used resources, food web interactions, resistance ability, dispersal and reproduction).  






In conclusion, we consider essential that policymakers and stakeholders continue to 
promote the construction and restoration of wetlands in degraded floodplains. Restoration 
projects must incorporate both taxonomic and functional aspects from the design to the 
implementation and monitoring steps to optimize and reinforce their probability of success.  
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Appendix 1. Macroinvertebrate taxa occurrence (X) in each of three constructed and three natural wetlands studied in the 
Ebro Floodplain during winter 2010 (W) and spring 2011 (S). 
 
Order Family Taxa 
Constructed wetlands Natural wetlands 
C1 C2 C3 N1 N2 N3 
W S W S W S W S W S W S 
Tubificida Oligochaeta    X X X X X X X X X X 
Pulmonata Physidae Physa   X X  X   X    
 Planorbidae Ferrisia      X       
Veneroida Dreissenidae Dreissena   X          
Decapoda Cambaridae Procambarus     X    X X X  
 Atydae Atyaephyra   X   X   X   X 
Isopoda Asellidae Asellus    X         
Ephemeroptera Baetidae Baetis X X X X  X X X   X X 
 Caenidae Caenis X X X X  X   X    
 Heptageniidae            X  
 Leptophlebiidae Thraulodes      X       
Odonata Coenagrionidae Ischnura X X X X   X X   X  
 Libellulidae Libellula    X         
 Corduliidae Oxygastra X X X X         
 Aeshnidae Boyeria (irene)  X X X    X  X   
 Platycnemidae Platycnemis    X         
Heteroptera Corixidae Micronecta X X  X  X    X   
  Cymatia        X    X 
 Gerridae Gerris  X        X   
 Pleidae Plea  X           
Trichoptera Ecnomidae Ecnomus   X X     X  X X 
 Hydroptilidae Agraylea    X X X     X  
 Phryganeidae Agrypnia   X          
Diptera Ceratopogonidae Culicoides  X X X  X   X X X X 
 Chironomidae Tanypodinae    X         
  Others  X X X X X X X X X X X X 
 Limoniidae Eriopterini   X   X   X   X 
 Culicidae Culicinae  X           
 






Appendix 2. Biological traits and categories for invertebrate taxa considered in the present study. Traits and categories 
were those defined by Tachet et al. (2010). 
 
Biological Trait Category 
1) Maximal potential size 1.1) > 0.25 cm. 
1.2) 0.25-0.5 cm. 
1.3) 0.5-1 cm. 
1.4) 1-2 cm. 
1.5) 2-4 cm. 
1.6) 4-8 cm. 
1.7) > 8 cm. 
2) Life cycle duration 2.1) ≤ 1 year. 
2.2) > 1 year. 
3) Potential number of 
cycles per year 
3.1) < 1 cycle/year. 
3.2) = 1 cycle/year. 
3.3) > 1 cycle/year. 




5) Reproduction 5.1) Ovoviparity. 
5.2) Isolated eggs, free. 
5.3) Isolated eggs, cemented. 
5.4) Clutches, cemented or fixed. 
5.5) Clutches, in vegetation. 
5.6) Clutches, terrestrial. 
5.7) Asexual reproduction. 
6) Dispersal  6.1) Aquatic passive. 
6.2) Aquatic active. 
6.3) Aerial passive. 
6.4) Aerial active. 
7) Resistance forms  7.1) Eggs, statoblasts. 
7.2) Cocoons. 
7.3) Housing/Cells against desiccation. 
7.4) Diapause or dormancy. 
7.5) None. 
8) Respiration 8.1) Tegum. 
8.2) Gill. 
8.3) Plastron. 
8.4) Spiracle (aerial). 
8.5) Hydrostatic vesicle. 
9) Locomotion and substrate 
relation 
9.1) Flier. 
9.2) Surface swimmer. 
9.3) Full water swimmer. 
9.4) Crawler. 
9.5) Burrower (epibenthic). 
9.6) Interstitial (endobenthic). 
9.7) Temporarily attached. 
9.8) Permanently attached. 
10) Food 10.1) Microorganism. 
10.2) Detritus (< 1mm). 
10.3) Dead plant (≥ 1 mm). 
10.4) Living microphytes. 
10.5) Living macrophytes. 
10.6) Dead animal (≥ 1 mm). 
10.7) Living microinvertebrates. 
10.8) Living macroinvertebrates. 
10.9) Vertebrates. 
11) Feeding habits 11.1) Scraper. 
11.2) Deposit feeder. 
11.3) Shredder. 
11.4) Scraper. 
11.5) Filter feeder. 
11.6) Piercer (plants or animals). 
11.7) Predator (carver/engulfer/swallower). 
11.8) Parasite. 
 






Appendix 3. Relationship between functional and taxonomic diversity indices. The black and grey lines represent a linear 
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CAPÍTULO 2 / CHAPTER 2 
Does land use impact on groundwater invertebrate diversity and functionality in 
alluvial wetlands? 
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Land use change, especially the transformation of riparian forest to agricultural fields, plays 
an important role in groundwater quality. Yet little is known about the effects of land use 
change on groundwater invertebrate assemblages and diversity. This study assesses for the 
first time the effect of land use (agricultural vs. forest use) on the groundwater invertebrate 
community of four river floodplains representative of variable conditions across SW Europe 
(the Garonne River in France, and the Bidasoa, Ebro and Tajo Rivers in Spain). Groundwater 
invertebrate and water samples were collected quarterly in 8 to 12 piezometers located in 
each floodplain over a year. Taxonomic and functional diversity indices and ecosystem 
services (i.e. biogeochemical filtration and particulate organic matter breakdown) were 
calculated. The taxonomic and functional diversity of groundwater invertebrate 






communities increased linearly with the increasing surface occupied by riparian forests and 
decreased under intensified agriculture use. Moreover, the provision of key ecosystem 
services related to the biogeochemical filtration and particulate organic matter breakdown 
also increased 2-fold under more natural forest land. According to regression models, this is 
likely due to the pressure of agricultural practices on groundwater quality, with high 
concentrations of nitrates and sulphates exerting a negative influence over groundwater 
invertebrate diversity and their associated ecosystem services. The results of this study have 
important management implications, and suggest that the presence of large riparian 
corridors enhances groundwater invertebrate diversity and functionality in floodplains 
deeply disturbed by agricultural practices.  
 
Keywords  
Biogeochemical filtration; biological traits; ecosystem services; particulate organic matter 




Subterranean habitats have been traditionally considered as a biological desert, only 
interesting as a major source of water resources (Gibert et al., 1994). However, recent 
studies have demonstrated that groundwater systems are home to a great variety of cryptic 
and endemic organisms (Avramov, 2014; Deharveng et al., 2009; Sket, 1999), which provide 
important ecosystem services ranging from water purification and bioremediation to water 
infiltration and transport (Boulton et al., 2008). Unfortunately, the spread of groundwater 
habitats has also favoured their degradation, mainly because of intensification of 
agriculture, forest clearance, industrial activities, groundwater extraction, river flow 
regulation, and waste water discharge (Boulton et al., 2010; Danielopol et al., 2003; Griebler 
et al., 2010; Tockner et al., 2008). These pressures reduce the hydrological connection 
between ground and surface waters, and favour the accumulation of pollutants that impair 
the characteristic biological structure and functionality of groundwaters (Danielopol et al., 
2003; Korbel et al., 2013).  






Since the early 2000s, the importance of groundwater as a living ecosystem has 
increased. Scientists and environmental managers are working to develop guidelines and 
strategies for the conservation of groundwater ecosystems, taking into account their biota 
and functionality (Gibert and Culver, 2009; Gibert et al., 2009; Gibert and Deharveng, 2002). 
The majority of studies focus on describing groundwater invertebrate (also called 
stygofauna) distribution patterns, such as the recent European PASCALIS project 
(http://pascalis.univ-lyon1.fr/; Castellarini et al., 2007; Gibert et al., 2009). Results from this 
project have identified temperate areas as hot-spots of groundwater biodiversity, and have 
suggested that the full potential of groundwater ecosystems as sources of biodiversity and 
ecosystem services is still to be fully comprehended (Deharveng et al., 2009). For this 
reason, researchers have proposed the use of groundwater invertebrates as bioindicators of 
ecological groundwater health in the same way that they are used in surface waters 
(Boulton et al., 2008; Iepure et al., 2013). The distribution of groundwater organisms indeed 
responds to hydrogeological and environmental factors, such as floods, dissolved organic 
carbon, and the concentration of nutrients and pollutants (Castellarini et al., 2007; 
Danielopol et al., 1994; Di Lorenzo et al., 2014; Iepure et al., 2014, 2013;), which makes 
them suitable candidates to reflect the ecological status of subterranean habitats. 
Furthermore, groundwater invertebrates contribute to the functioning of groundwater 
ecosystems, and consequently to the provision of groundwater ecosystem services used by 
humankind. For example, amphipods and isopods are keystone taxa groups that enhance 
the decomposition of organic matter, which in turn stimulates bacterial growth and activity, 
supporting the biodegradation of contaminants (Tomlinson and Boulton, 2010; Ward et al., 
1998). These crustaceans also recycle nutrients through the excretion of faecal pellets, and 
increase the flux of oxygenated water through burrowing (Hakenkamp and Palmer, 2000). 
However, such functional processes have been poorly studied, preventing the development 
of consistent ecological criteria for assessing groundwater ecological status. More research 
is thus needed to ascertain the response of subterranean biodiversity patterns and 
functionality to both natural and human-induced changes (Culver and Sket, 2000; Deharveng 
et al., 2009; Hancock et al., 2005; Korbel et al., 2013). 
One of the most interesting subterranean habitats is the hyporheic zone, which is the 
area of mixing between surface and subsurface water (White, 1993; Wondzell, 2011).          






As surface water contains rich oxygen and organic matter and groundwater contains 
abundant nutriment elements, the water mix between those two systems has a significant 
impact on water quality, ecosystems and biogeochemistry cycling (Boulton et al., 1998; 
Brunke and Gonser, 1997; Krause et al., 2013; Marmonier et al., 2012; Sanchez-Pérez et al., 
2003a,b; Sánchez-Pérez and Trémolières, 2003; Vervier et al., 2009). These ecosystems 
support important agricultural activities, and, consequently, groundwater in alluvial plains 
often suffer from nitrate pollution (Arrate et al., 1997; Almasri and Kaluarachchi, 2007; Liu et 
al., 2005; Sánchez-Pérez et al., 2003a). Several studies show that the hyporheic zone                    
(i.e. surface-groundwater interface) contributes to nitrogen retention and/or transformation 
of the land-surface water continuum (Sabater et al., 2003; Weng et al., 2003). This zone 
supports the purification of water by its ability to eliminate nitrates during their infiltration 
through the vegetation-soil system to groundwater, but also through diffusion from 
groundwater to surface water (Sanchez-Perez et al., 1991a, 1991b; Takatert et al., 1999). 
However, little is known about the groundwater biota and its role in these purification 
processes, and, definitely in the general ecosystem functioning. 
To this end, this study evaluates for the first time the effect of land use on the 
groundwater invertebrate community of the hyporheic zone in four river floodplains located 
across SW Europe. First, we hypothesized that forest areas would show higher groundwater 
invertebrate diversity than agricultural areas, since forests provide high heterogeneity and 
quality in terms of resources (Brunke and Gonser, 1997; Datry et al., 2005). Moreover, we 
expected the groundwater invertebrate community to change along a land use gradient, 
showing varying characteristic taxa and functions. For example, the vegetation of forest 
areas adds debris to the system, increasing the organic matter content in soils and 
groundwater. Consequently, the presence of detritivores and omnivores, which are essential 
for organic matter decomposition and nutrient cycling in groundwater ecosystems, is 
favoured (Avramov, 2014; Boulton et al., 2008; Vannote et al., 1980). In contrast, pollution-
tolerant taxa are likely to dominate agricultural areas because of the high levels of fertilizers 
and manures employed, as was observed by Dumas and Lescher-Moutoué (2001). Thus, our 
study allows us to evaluate the overall role of riparian corridors as natural biofilters of 
pollutants from agricultural areas. Ultimately, this study is essential for understanding the 






local variation in groundwater assemblages and their response to human pressures, 
contributing to the development of suitable conservation and management policies.  
  
2. Material and methods 
2.1. Study area 
For this study, we selected four river floodplains located in South-western Europe: 
Garonne, Ebro, Bidasoa and Tajo (Figure 1). Floodplains were selected in areas characterized 
by a combination of agricultural occupation and patches of natural riparian forest that might 
favour the potential degradation of agricultural pollutants. The study covers a wide gradient 
of climatic and environmental conditions, from floodplains with little forest use to others 
with a high forest surface. To our knowledge, no studies on groundwater invertebrates have 
been performed in any of the four selected floodplains.  
 
Fig. 1. Study area location and piezometric network of each studied river floodplain. The study area is composed by four 
river floodplains located in South-western Europe (Garonne, Ebro, Bidasoa and Tajo Rivers). Samples were collected in the 
piezometric network (8 to 12 piezometers) of each floodplain. 






The Garonne study area was located 30 km north of Toulouse in South-West France 
(UTM 355758/4861267; Figure 1, Table 1). This floodplain site is dominated by agriculture, 
mainly corn, sunflower and poplar plantations (Table 1). Its riparian forest is dominated by 
poplar (Populus spp.), ash (Fraxinus spp.) and oak (Quercus spp.). The river flow at the study 
site is very variable, peaking in winter and spring (2880 m3·s-1, during the study period that 
corresponds to a 10 years return period) and declining in summer (47 m3·s-1).   
The Ebro study site was located 12 km downstream of Zaragoza, Spain (UTM 
686179/4607010; Figure 1, Table 1). It is mostly subjected to agricultural land use; mainly 
corn and irrigated cereals, but it shows an extensive riparian corridor dominated by white 
poplar (Populus alba), European black poplar (Populus nigra), white willow (Salix alba) and 
salt cedar (Tamarix spp.) (González et al., 2010). River discharge varied from 205 to         
1450 m3·s-1 during the study period. 
The Bidasoa study area was located 7 km upstream of Irun, Spain (UTM 
602190/4797250, Figure 1). Agriculture (mainly corn and pasture) and livestock practically 
cover the entire floodplain surface, leaving a tight riparian corridor along the river shore 
(Table 1). White willow (Salix alba), alder (Alnus glutinosa) and ash (Fraxinus excelsior) 
dominate this riparian corridor, and the invasive species American pokeweed (Phytolacca 
Americana) is also abundant. River discharge varied between 9 and 630 m3·s-1 during the 
studied period.   
The Tajo study site was located 30 km downstream of Toledo, Spain (UTM 
380482/4410115; Figure 1, Table 1). This floodplain site is under extensive agriculture; 
mainly irrigated cereals, corn and pasture (Table 1). Only some isolated patches of riparian 
forest remain, which are dominated by white poplar (Populus alba) and salt cedar (Tamarix 
spp.). The river is highly regulated by dams and water derivations, with a discharge that 
hardly varied during the study period (10 to 12 m3·s-1).   
The piezometric network in each floodplain was designed considering the floodplain 
surface and land use. For this study, we sampled 11 piezometers in the Garonne River,        
12 piezometers in the Ebro River, 7 piezometers in the Bidasoa River, and 10 piezometers in 
the Tajo River, covering different percentages of land use surface (see Figure 1). More 
detailed information about the piezometric network design, environmental conditions, and 






hydrodynamics of each studied area can be found in Antiguedad et al. (to be submitted in 
the same special issue) and Bernard-Jannin et al. (to be submitted in the same special issue). 
We calculated the surface occupied by each type of land use within a buffer of 50 m 
around each piezometer using QGIS v2.6.1. For the buffer selection, we took into account 
the groundwater velocity in the alluvial aquifers (i.e. hydraulic conductivity). For the 
hydraulic conductivity range (10-3 to 10-5 m3·s-1) in our studied areas, we estimated that a 
particle (e.g. nutrients, pollutants) would move between 1 and 100 metres per day. It is for 
this reason that we selected an average surface of influence (i.e. buffer) of 50 metres. Each 
piezometer was classified as agriculture-dominated when this land use represented ≥ 40% of 
the buffer surface and otherwise as forest-dominated. 
 
2.2. Taxonomic and functional composition of the invertebrate community  
One groundwater invertebrate sample was collected at each piezometer every three 
months for one year: (i.e. April/May 2013, July/August 2013, October/November 2013 and 
January/February 2014). This meant that 90-100 L of groundwater were extracted at each 
piezometer with a manual pump (based on Malard et al., 2002) and filtered through a net 
with a mesh of 65 µm. Samples were preserved in situ in 70% ethanol. Groundwater 
invertebrate samples were sorted and identified in the laboratory at least to order level 
(Table A1, Appendix).  
At the taxonomic level, three metrics were calculated: the total abundance of 
individuals, the total richness of taxa, and the Shannon-Wiener diversity index.                       
To characterize the functional composition of the macroinvertebrate community, we used 
feeding habits, the biogeochemical filtration capacity, and the particulate organic matter 
(POM) breakdown capacity. In terms of feeding habits, we used affinity scores from zero to 
five for each of the following habits: absorber, deposit feeder, shredder, scraper,              
filter-feeder, piercer, predator, and parasite. We used a fuzzy coding approach based on 
scores published in Tachet et al. (2002). For those taxa not included in this reference guide, 
we classified organisms using information from the scientific literature as well as expert 
consultation (Table A2, Appendix). A score of zero indicated no affinity, and a score of five 
indicated the highest affinity of the taxon to a particular feeding habit. For taxa identified at 
higher taxonomic levels than genera, the most frequent score across all taxa belonging to a 






particular taxonomic group was selected. This may have resulted in a certain 
underestimation of functional diversity, although according to Dolédec et al. (2000) the 
overall functional structure of the invertebrate communities is conserved. The matrix 
containing sites per taxa abundance was multiplied by the taxa per feeding habit matrix to 
calculate three functional diversity metrics: abundance of individuals showing affinity for 
each feeding habitat (i.e. functional abundance), total richness of feeding habits                  
(i.e. functional richness), and the Shannon-Wiener diversity of feeding habits (i.e. functional 
Shannon diversity index). To assess the biogeochemical filtration and POM breakdown 
capacities of the community, we used the functional scores defined by Boulton et al. (2008). 
Thus, for each taxon, a biogeochemical filtration and POM breakdown efficiency score was 
assigned: 0: no or unknown direct role, 1: minor role, 2: moderate role, and 3: major role 
(Table A2, Appendix). We expressed the biogeochemical filtration capacity of the 
groundwater community as the product of the absolute abundance of each taxon by its 
efficiency score. 
Taxonomic and functional diversity metrics were computed with the ‘vegan’ 
(Oksanen et al., 2013) and ‘ade4’ (Thioulouse et al., 1997) packages of R software, 2.15.3    
(R Core Team, 2013).  
 
2.3. Environmental variables 
Water samples were collected at each piezometer with a submersible pump.             
To ensure that the water sample corresponded to the aquifer and not stagnant water 
accumulated in the piezometer, we previously extracted groundwater until conductivity and 
oxygen values were constant (Griebler et al., 2010; Sánchez-Pérez, 1992). Water samples 
were transferred into a 1.5 L PVC bottle previously washed in acid (ClH 0.1 N), and placed on 
ice for transportation to the laboratory (see total number of samples in Table 1). 
The alkalinity of unfiltered water samples was estimated within 4 h of collection by 
automatic titration with H2SO4 0.04 N (APHA, 1989). Total suspended solids, total dissolved 
solids and organic matter content were determined by the gravimetric method, i.e. filtering 
of samples through pre-combusted (450ºC, 4 h) Whatman GF/F glass-fibre filters following 
standard protocols (APHA, 1989). Filtered water aliquots were stored at -20 ºC and used 
within one month for the following analyses. Ion chromatography (Metrohm 861 Advanced 






Compact IC; APHA, 1989) was applied to determine ammonia (NH4+), nitrate (NO3-) and 
sulphate (SO42-) concentration. Modified Berthelot reaction using salicytate and 
dichloroisocyanurate was used to determine the amount of ammonia (NH4+) by the 
colorimetric method (Krom, 1980) for Bidasoa River samples. Soluble reactive phosphorus 
(SRP) was measured by the ascorbic acid method and determined by the colorimetric 
method (APHA, 1989). Total dissolved phosphorus (TDP) was also estimated by the ascorbic 
acid method, but potassium persulphate digestion was performed beforehand (90 min,    
115 °C) (APHA, 1989). Finally, water temperature, pH, conductivity, dissolved oxygen, and 
oxidation-reduction potential (ORP) were recorded in situ with portable probes. The depth 
of the water table was also measured with a sound piezometric probe. 
 
2.4. Statistical analysis 
All statistical analyses were based on log-transformer data (with the exception of 
water pH, left untransformed) to normalize distributions and linearize relationships. 
However, water physicochemical parameters and diversity metrics still showed a              
non-normal distribution (Kolmogorov-Smirnoff test, P < 0.05). Thus, non-parametric      
Mann-Whitney U (for two samples) and Kruskal-Wallis (for k samples) tests were applied to 
identify significant differences in diversity metrics between rivers, land use types within each 
river, and seasons.  
The response of diversity indices (both taxonomic and functional) and ecosystem 
services (biogeochemical filtration and POM breakdown capacities) to increasing forest 
surface was plotted and evaluated by simple linear regression after checking that no 
increase in fitness was achieved when quadratic or logistic functions were used.  
To evaluate changes in the composition of groundwater invertebrate assemblages in 
response to land use types, a similarity test was used. This test allows detection of the most 
characteristic taxa and functions associated to each land use, as well as those that better 
explain the dissimilarity between land use types. Similarity tests were performed for each 
floodplain separately by means of two-way SIMPER analysis with squared-root transformed 
abundances, Bray-Curtis similarity distance, and a cut-off for low contributions set at 90%. 
Taxa and feeding traits that contributed more to dissimilarity (i.e. with values higher than 
one of the quotient between average dissimilarity and standard deviation 






[Av.Dissimilarity/SD > 1]), were considered significant in terms of discriminating land use 
types (Clarke and Warwick, 2001; Ruhí et al., 2012).  
Linear mixed-effect models (LME, Laird and Ware, 1982) were used to identify the 
environmental characteristics that controlled taxonomic and functional diversity.                
This statistical technique was used to avoid the co-dependence effect introduced by 
repeated measurements over time and across the four riparian areas (Demidenko, 2004). 
Physicochemical parameters (non-correlated, Spearman rank test P < 0.6) and forest surface 
percentage were included as fixed effects in LME models. Sampling season and floodplain 
identity were included as random factors. Model selection followed an automatic stepwise 
forward regression selection of predictors, based on the lowest Akaike Information Criteria 
(AIC) that quantify the goodness of fit of multiple alternative models.      
Non-parametric analyses of variance (Mann-Whitney U test and Kruskal-Wallis test) 
and linear regressions were performed with SPSS version 18.0 (©SPSS, Inc., Chicago, IL). 
SIMPER tests were performed with PRIMER v. 6.0 for Windows. LME models were computed 
with the ‘nlme’ (Pinheiro et al., 2013), ‘MuMIn’ (Barton, 2013), ‘MASS’ (Venables and Ripley, 
2002), ‘lme4’ (Bates et al., 2013), and ‘effects’ (Fox, 2003) packages in R version 2.15.3         
(R Core Team, 2013).  
 
3. Results 
3.1. Groundwater invertebrate community and associated ecosystem services 
Diversity indices and the associated ecosystem services (i.e. biogeochemical filtration 
and POM breakdown) showed a linear positive response with increasing forest land use. 
Moreover, the percentage of forest land use was able to explain between 14 and 52% of the 
diversity indices and associated ecosystem services of groundwater communities (Figures 2, 
3 and A1, Appendix). 
 







Fig. 2. Relationship between taxonomic and functional diversity indices and the percentage of surface occupied by forest 
(buffer 50 m) in the floodplain of four rivers in South-western Europe.  
 
Fig. 3. Relationship between ecosystem services (i.e. biogeochemical filtration and POM breakdown capacities) and the 
percentage of surface occupied by forest (buffer 50 m) in four river floodplains in South-western Europe.  






In general, the taxonomic diversity and composition of groundwater invertebrate 
communities showed differences between river and land use types (Table 1, Figures 4 and 
A2, Appendix). Particularly, more than 30% of the community in forest areas was composed 
of crustacea (mainly Copepoda and Amphipoda), and Oligochaeta was one of the most 
abundant taxa in agricultural areas. Moreover, SIMPER analysis showed that Amphipoda was 
one of the taxa that contributed most to the dissimilarity between land use types in three 
out of the four studied floodplains (Garonne, Ebro and Bidasoa). The abundance of 
Ostracoda was particularly important in the dissimilarity between land uses in the Tajo River 
floodplain (Table 2 and A3, Appendix). At the functional level, the most abundant (ca. 50%) 
functional feeding group corresponded to deposit feeders (Figure 5), which also contributed 
most to the dissimilarity between land use types in all of the studied floodplains (SIMPER 
analysis, Table 2 and A4, Appendix). The proportion of shredders, scrapers, and filter-feeders 
was generally higher in forest than in agricultural areas (Figure 5). Diversity indices and the 
associated ecosystem services remained practically unchanged between sampling campaigns 
(i.e. seasons, Figure A3, Appendix). 
 
Table 1. Study site characteristics, dominating land use type, diversity metrics (mean ± SD), and provided ecosystem 
services (mean ± SD) in four river floodplains (Garonne, Ebro, Bidasoa and Tajo Rivers).  
 Units Garonne  (N = 44) 
Ebro 
(N = 48) 
Bidasoa  
(N = 28) 
Tajo  
(N = 40) 
   Piezometers nº 11 12 7 10 
   Total Floodplain Area Ha 1200 80 17 62 
Habitat      
   Agricultural area Ha 960 30 15 52 
   Forest area   Ha 240 50 2 8 
Hydrological conditions      
   Hydraulic conductivity (aquifer) m/day 86 1 - 3 50 - 100 8-9 
   River discharge (average) m3/s 195 250 25 11 
   Specific flow (average) m3/s·km2 1.4·10-2 5.3·10-3 3.7·10-2 4.3·10-4 
Diversity indices      
   Abundance * nºindiv/100L 776 ± 645 354 ± 560 11 ± 10 30 ± 44 
   Taxonomic richness * nº taxa 7 ± 1 6 ± 1 3 ± 2 2 ± 1 
   Taxonomic Shannon diversity index *  0.83 ± 0.39 1.13 ± 0.25 0.70 ± 0.52 0.38 ± 0.36 
   Functional richness * nº categories 5 ± 2 6 ± 1 5 ± 2 2 ± 1 
   Functional Shannon diversity index *  0.77 ± 0.16 1.24 ± 0.10 1.07 ± 0.40 0.52 ± 0.41 
Ecosystem services      
   Biogeochemical filtration capacity *  1539 ± 1272 639 ± 1014 24 ± 27 60 ± 88 
   POM breakdown capacity *  873 ± 717 635 ± 1077 18 ± 17 34 ± 53 
 












Fig. 4. Taxonomic composition of the groundwater invertebrate community of four river floodplains according to their 
dominant land use type. Bars represent the relative abundance (average percentage) of each taxon in the community for 
each land use type. Significant differences between land use types are indicated by * (P < 0.05, Mann-Whitney U test)      
and ** (P < 0.01).  







Fig. 5. Functional feeding habits of groundwater invertebrates in four river floodplains according to their land use.           
Bars represent relative abundance (average percentage). Significant differences between land use types are indicated by    
* (P < 0.05, Mann-Whitney U test) and ** (P < 0.01).  
 
Table 2. Taxa and feeding traits that contributed the most to dissimilarity (Av. Diss/SD>1) between land use types 
(agricultural use areas vs. forest use areas). Statistics obtained through a two-way SIMPER analysis with factors date and 
land use. 
 










(average dissimilarity 49.3%) (average dissimilarity 52.7%) (average dissimilarity 74.1%) (average dissimilarity 71.1%) 
Taxa Diss/SD Taxa  Diss/SD Taxa Diss/SD Taxa Diss/SD 
Copepoda 1.46 Amphipoda 1.39 Oligochaeta 1.67 Ostracoda 1.44 










(average dissimilarity 38.4%) 
 
(average dissimilarity 37.1%) 
 
(average dissimilarity 41.1%) 
 
(average dissimilarity 53.7%) 
FFG Diss/SD FFG Diss/SD FFG Diss/SD FFG Diss/SD 
Deposit feeder 1.60 Deposit feeder 1.44 Deposit feeder 1.38 Deposit feeder 1.54 
Predator 1.52 Shredder 1.43 Shredder 1.24 Scraper 1.09 
Shredder 1.25 Scraper 1.36 Absorber 1.33 Predator 1.04 
  Predator 1.34 Filter feeder 1.57   
  Absorber 1.34 Predator 1.47   
    Parasite 1.41   
    Scraper 1.37   
 






3.2. Environmental factors controlling diversity indices and ecosystem services 
In general, concentration values of dissolved oxygen and nitrate in piezometers 
located in agricultural areas were almost double those in forest areas, whereas conductivity 
and DOC increased under forest land use (Table 3).  
According to LME, the percentage of forest area and water quality (mainly, nitrate, 
sulphate, phosphate, and DOC concentrations) explained between 51 and 71% of the 
response of diversity indices and the associated ecosystem services (Table 4; Figure A4, 
Appendix). Diversity indices and ecosystem services had a positive response to the increase 
in the forest use surface and the groundwater content of nitrates, sulphates, and DOC. 
Likewise, phosphate concentration had a negative influence on diversity indices (Table 4; 
Figure A4, Appendix).    
 
Table 4. Results from LME models linking physicochemical variables with taxonomic and functional diversity indices and 
ecosystem services.  
 Explanatory variables  Coefficient Intercept Spearman 
correlation test 
Taxonomic diversity indices 







d2 = 1.102 
α = 15.00 
ρ = 0.71 
P < 0.01 







d2 = 0.332 
α = 3.21 
ρ = 0.57 
P < 0.01 
    Taxonomic Shannon  
    diversity index 
DOC 








d2 = 0.102 
α = 1.50 
ρ = 0.58 
P < 0.01 
Functional diversity indices 







d2 = 0.162 
α = 2.99 
ρ = 0.51 
P < 0.01 
    Functional Shannon  
    diversity index 
DOC 
EC 




d2 = 0.102 
α = 0.91 
ρ = 0.61 
P < 0.01 
Ecosystem services 
    Biogeochemical       
    filtration capacity 







d2 = 1.132 
α = 15.38 
ρ = 0.69 
P < 0.01 
    POM breakdown  
    capacity 






d2 = 1.112 
α = 13.86 
ρ = 0.70 
P < 0.01 
 
All selected explanatory variables were statistically significant at P < 0.05.  
Total sample size = 160. d2 = variance of the random intercept; α = variance of the fixed intercept; ρ = Spearman correlation 
coefficient between observed and predicted values, used as a measure of goodness of fit. 
























































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































In this study we demonstrate that the diversity and functionality of groundwater 
invertebrates increase with the area occupied by riparian corridors in floodplains affected by 
intensive agricultural development. This is probably because riparian forests provide greater 
availability of quality resources (such as organic matter) to groundwater organisms and 
unpolluted groundwater. More importantly, riparian corridors supported organisms that 
provide important ecosystem services, such as biogeochemical filtration and POM 
breakdown. Similar results were observed in other studies (Boulton et al., 2008; Korbel and 
Hose, 2011), where changes in the composition, abundance, and richness of the 
groundwater fauna were directly related to ecosystem functions. Our study therefore 
highlights the need to conserve or even increase the forest area in floodplains affected by 
intense agricultural use as a means to create buffer areas that favour groundwater 
biodiversity and, consequently, the biogeochemical degradation of pollutants coming from 
agricultural areas.   
 
4.1. How does land use affect groundwater biodiversity and functionality? 
Groundwater invertebrate assemblages showed notable changes between land use 
types, at both taxonomic and functional levels. For instance, Amphipoda and Copepoda 
were the most abundant taxa in the forest areas, whereas Oligochaeta and Ostracoda were 
more frequent in agricultural areas. In the Bidasoa floodplain, where agricultural and 
livestock activities are intensively developed, we mainly found species associated with poor 
water quality, such as Oligochaeta, Diptera and Nematoda (see Figure 4). In contrast, 
Ostracoda, often associated with low groundwater level fluctuations (Malard et al., 1996), 
was the most abundant taxon in the Tajo River, which is consistent with the low river 
discharge fluctuations registered during the study period (10 to 12 m3·s-1). Similar results 
were found by Danielopol et al. (2003), who suggested that river regulation combined with 
the negative effect of organic pollution strongly alters groundwater habitats. This is partly 
explained through river regulation which reduces water energy, thereby increasing the 
transport large amounts of fine sediments (e.g. silt and clay) that are accumulated in the 
aquifer, favouring its siltation. This siltation reduces the porosity of alluvial aquifers and, 
consequently, reduces the space to host fauna and reduces water and energy exchange 






between rivers and alluvial aquifers. Moreover, the high content of organic pollution 
together with the characteristic low oxygen concentration of alluvial aquifers favours the 
creation of chemical-reducing conditions that also eliminate groundwater fauna. 
Consequently, free-moving crustaceans such as stygobiotic copepods and isopods are 
replaced by epigean animals (i.e. surface animals), mostly nematodes and oligochaetes, 
which are able to live under these conditions (Danielopol et al., 2003).   
Unlike agricultural use, forest use does not add pollutants to groundwater, favouring 
the provision of better-quality habitats and resources. Forest areas can thus act as local    
hot-spots of food resources for groundwater invertebrates, thanks mainly to the organic 
matter provided by the vegetation (Boulton and Foster, 1998). More particularly, organic 
matter is degraded by surface fauna, increasing dissolved organic carbon content in soils and 
infiltrated water. Consequently, dissolved organic carbon content increases in groundwater 
under forest areas and is used as a food resource for many taxa, such as Amphipoda and 
Isopoda. The increase of this kind of taxon also favours better ecosystem functioning.        
For example, shredder crustaceans are keystone species for nutrient cycling in groundwater 
ecosystems (Avramov, 2014; Boulton et al., 2008) because of their role in bioturbation and 
the compaction of fine sediments into faecal pellets (Boulton et al., 2008). Such biological 
processes boost the substrate availability for bacteria, which in turn enhance denitrification 
processes and the transformation of micropollutants in groundwaters, thereby contributing 
to healthy waters (Gibert and Deharveng, 2002; Tomlinson and Boulton 2010; Ward et al., 
1998; Yao et al., submitted). Consequently, floodplains dominated by forest land use, such 
as the Ebro and Garonne, showed the greatest biogeochemical filtration and POM 
breakdown capacities. It thus follows that the loss of groundwater invertebrates in 
agricultural areas, particularly of keystone species such as amphipods and isopods, can have 
serious repercussions for the functioning of groundwater ecosystems (Boulton et al., 2008; 
Korbel et al., 2013) and the associated supporting and provisioning ecosystem services    
(e.g. purification of water, sustainability of surface ecosystems, provision of fit/clean water 
for agricultural use) (Danielopol et al., 2003).  
On the other hand, increase of nitrates, phosphates, and sulphates as a consequence 
of agricultural fertilization and pesticides application influenced the groundwater 
invertebrate community (Tables 2 and 4). These compounds can inhibit the development of 






key taxa (mainly amphipods and isopods) at high concentrations (Fakher et al., 1998), and 
favour the presence of other pollution-tolerant taxa such as Oligochaeta. Other studies       
(Di Lorenzo et al., 2014; Iepure et al., 2013; Yao et al., submitted) also observed a negative 
influence of human use (e.g. agricultural, urban or industrial) on groundwater invertebrate 
communities that was mainly associated with the deterioration of water quality and 
ecosystem functioning. In contrast, other authors (Boulton et al., 1998; Castellarini et al., 
2007; Di Lorenzo et al., 2005; Dole-Olivier et al., 2009; Dumas and Lescher-Moutoué, 2001) 
found little evidence that land use and the associated changes in water chemistry affect the 
composition of stygobiotic assemblages. These authors emphasized the role of hydrological 
(e.g. hydraulic conductivity) and geomorphological (e.g. pore size) factors instead.             
This discordant result can be explained by the strong agricultural pressure in our studied 
areas, characterized by long periods of low discharges that usually coincide with fertilization 
and irrigation periods. Diffuse pollution from agricultural areas may thus override the effects 
of other hydrological and geomorphological determinants. However, the role of hydrological 
factors on groundwater invertebrate communities should not be disregarded, especially 
given its importance for surface waters (Español et al., 2015; Gallardo et al., 2008, 2009).  
 
4.2. Conclusions 
The results of this study demonstrate that land use impacts on groundwater biota 
and their associated ecosystem services. We observed a negative influence of agricultural 
land use on invertebrate diversity and associated ecosystem services, which is attributed to 
a high concentration of nitrates and sulphates. In contrast, riparian corridors provide food 
resources (dissolved organic matter) and better water quality (low nitrate and sulphate 
concentration) that enhance biota development and, consequently, the associated 
ecosystem services (e.g. POM breakdown and biogeochemical filtration capacities). 
Therefore, management measures to protect groundwater ecosystems should include the 
conservation, creation, and eventually expansion of riparian forest corridors in floodplains 
occupied by intensive agriculture. In addition, the rationalization of agricultural fertilization 
activities and pesticides application are needed to reduce diffuse contamination of 
subterranean habitats.     






In terms of biomonitoring, our results suggest that groundwater invertebrate 
abundance, taxonomic richness, POM breakdown capacity, and biogeochemical filtration 
capacity are appropriate indicators for comparing the composition and functionality of 
alluvial aquifers and assessing the effect of human pressures. However, more detailed 
regional long-term studies are needed for better understanding of the structure and 
function of groundwater ecosystems, which remain poorly investigated. Such basic studies 
are essential for developing the ecological criteria proposed by the European standard     
(EU-GWD, 2006) for assessing groundwater ecosystem status at the same level as surface 
aquatic ecosystems.  
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Table A1. Groundwater invertebrate taxa occurrence in each of the four studied floodplains and their predicted efficiency 
(eik) in enhancing the provision of the ecosystem services of biogeochemical filtration and POM breakdown.  
 
 
Groundwater invertebrate community 
 
















Malacostraca Amphipoda  X X X X 2 3 
 Isopoda  X  X  2 2 
  Asellidae  X   2 2 
  Stenasellidae  X  X 2 2 
 Syncarida/ 
Bathynellacea 
  X   2 2 
Maxilopoda Cyclopoida  X X X X 2 1 
 Nauplii     X -- -- 
Branchiopoda         
 Diplostraca/ 
Cladocera 
 X   X 1 0 
Insecta Coleoptera  X X X  2 0 
 Diptera Chironomidae X X X  2 2 
 Ephemeroptera  X    3 2 
 Heteroptera Corixidae   X X -- -- 
 Odonata   X   -- -- 
 Trichoptera  X  X  1 1 
Gastropoda   X    -- -- 
 Pulmonata/ 
Sorbeoconcha 
Littorinimorpha  X   -- -- 
 Planorbidae X X   -- -- 
Bivalvia Veneroida  X    -- -- 
Ostracoda   X X X X 2 1 
Nematoda   X   X 2 1 
Clitellata Tubificida Oligochaeta X X X X 3 1 
Arachnida Trombiformes Hydracarina X    -- -- 
Tardigrade   X    -- -- 
 
Predicted efficiencies were extracted from Boulton et al. (2008) as: 0 = no or unknown direct role; 1 = minor role;                  
2 = moderate role; and 3 = major role.  






Table A2. Scores of the functional feeding habits used for each taxa. 
 
 
Groundwater invertebrate community 
 
 






Shredder Scraper Filter 
feeder 
Piercer Predator Parasite 
Malacostraca *1 Amphipoda  0 2 3 0 0 0 0 0 
Isopoda  0 3 1 1 0 0 0 0 
 Asellidae 0 3 1 1 0 0 0 0 
 Stenasellidae 0 3 1 1 0 0 0 0 
Syncarida/ 
Bathynellacea 
 0 3 1 1 0 0 0 0 
Maxilopoda/ 
Copepoda *2 
Cyclopoida  0 3 0 0 0 0 1 0 
Nauplii  0 0 0 0 3 0 0 0 
Branchiopoda   0 0 0 3 0 0 0 0 
Diplostraca/ 
Cladocera 
 0 0 0 0 3 0 0 0 
Insecta Coleoptera  0 0 3 0 0 3 0 0 
Diptera Chironomidae 0 3 2 1 2 0 1 1 
Ephemeroptera  0 2 3 3 0 0 0 0 
Heteroptera Corixidae 0 0 3 2 0 3 0 0 
Odonata  0 0 0 0 0 0 3 0 
Trichoptera  0 0 2 0 3 0 1 0 
Gastropoda   0 0 1 3 1 0 0 0 
Pulmonata/   
Sorbeoconcha 
Littorinimorpha 0 0 1 3 1 0 0 0 
Planorbidae 0 0 1 2 0 0 0 0 
Bivalvia Veneroida  0 0 0 0 3 0 0 0 
Ostracoda *3   0 3 0 0 0 0 0 0 
Nematoda *4   0 3 0 0 0 0 1 0 
Clitellata *5 Tubificida Oligochaeta 1 3 0 0 0 0 0 0 
Arachnida Trombiformes Hydracarina 0 0 0 0 0 3 0 0 
Tardigrade   0 3 0 0 0 0 0 0 
 
*1  Specialist from Lyon. 
*2  Margalef 1953; Dussart 1967; Boehler and Krieger 2012 
*3, *4, *5  Specialist from Lyon. 






Table A3. Taxa that contributed to dissimilarity between land use types (agricultural vs forest). Statistics obtained through a 
two-way SIMPER analysis with factors date and land use.  
 
River floodplain Taxon        Forest use - Av.Ab. 
Agricultural 
use - Av.Ab. 
Av.Diss. (%) Diss/SD Cont.% 
GARONNE 
(T.Av.Diss 48.86 %) 
Copepoda 21.86 18.72 18.35 1.46 37.21 
Amphipoda 7.02 2.00 7.65 1.31 15.50 
Ostracoda 4.84 0.30 5.81 0.84 11.78 
Nematoda 4.00 3.42 4.41 0.90 8.93 
Oligochaeta 3.72 3.43 3.70 0.78 7.50 
Trombiformes 2.64 1.45 3.46 0.94 7.02 
Syncarida 0.46 0.86 1.18 0.51 2.40 
EBRO 
(T.Av.Diss 52.74 %) 
Amphipoda 10.17 4.89 13.23 1.39 25.08 
Copepoda 8.17 4.74 10.52 1.22 19.95 
Isopoda 6.07 3.26 9.02 0.99 17.10 
Hygrophila 2.98 0.13 5.06 0.79 9.60 
Oligochaeta 1.67 2.75 4.97 0.97 9.43 
Ostracoda 1.63 1.08 3.62 0.77 6.87 
Littorinimorpha 1.76 0.41 2.66 0.68 5.05 
BIDASOA 
(T.Av.Diss 74.14 %) 
Oligochaeta 2.78 1.01 24.21 1.67 32.65 
Amphipoda 1.44 0.86 15.50 1.02 20.91 
Diptera 1.03 0.20 12.70 0.86 17.12 
Nematoda 0.62 0.73 10.12 0.79 13.65 
Copepoda 0.52 0.00 5.16 0.56 6.96 
TAJO 
(T.Av.Diss 71.10 %) 
Ostracoda 4.25 2.64 34.98 1.44 49.20 
Copepoda 1.11 0.68 9.30 0.83 13.08 
Nematoda 0.81 0.15 9.05 0.63 12.72 
Isopoda 1.23 0.26 8.37 0.56 11.77 
Oligochaeta 0.38 0.39 4.86 0.36 6.83 
 
Av.Ab. = Average Abundance of the taxon in the land use type.  
Av.Diss.(%) = Average percentage of dissimilarity of the taxon between land use types.  
Diss/SD = ratio between average of dissimilarity values and standard deviation of dissimilarity values within the land use 
type.  
Cont.% = contribution of the taxon to the within-land use type dissimilarity.  
T.Av.Diss.(%) = Average percentage of dissimilarity of all taxa between land use types. 






Table A4. Functional feeding groups (FFG) that contributed the most to dissimilarity between land use types (agricultural vs. 
forest). Statistics obtained through a two-way SIMPER analysis with the factors = date and land use.  
 
River floodplain FFG Forest 
use - Av.Ab. 
Agricultural 
use - Av.Ab. 
Av.Diss. (%) Diss/SD Cont.% 
GARONNE 
(T.Av.Diss 35.60 %) 
Deposit feeder 22.26 17.39 17.71 1.60 46.12 
Predator 11.98 9.76 9.97 1.52 25.95 
Shredder 5.65 1.99 5.70 1.25 14.83 
Absorber 1.90 1.79 1.82 0.76 4.75 
EBRO 
(T.Av.Diss 37.12%) 
Deposit feeder 12.43 7.37 11.36 1.44 30.60 
Shredder 9.03 4.54 8.64 1.43 23.28 
Scraper 6.59 2.47 7.25 1.36 19.54 
Predator 4.20 2.49 3.89 1.34 10.47 
Absorber 2.14 1.82 2.62 1.34 7.07 
BIDASOA 
(T.Av.Diss 41.06 %) 
Deposit feeder 3.16 2.06 11.93 1.38 29.07 
Shredder 1.91 1.20 6.48 1.24 15.77 
Absorber 0.62 0.62 6.07 1.33 14.78 
Filter feeder 0.30 0.30 4.44 1.57 10.82 
Predator 0.70 0.70 4.43 1.47 10.80 
Parasite 0.16 0.16 2.99 1.41 7.29 
Scraper 0.18 0.18 2.96 1.37 7.22 
TAJO 
(T.Av.Diss 53.68 %) 
Deposit feeder 5.06 3.45 20.69 1.54 38.54 
Filter feeder 1.61 0.50 9.39 0.99 17.49 
Scraper 1.44 0.45 8.37 1.09 15.59 
Shredder 1.14 0.31 5.77 0.91 10.76 
Predator 0.84 0.41 5.72 1.04 10.65 
 
Av.Ab. = Average Abundance of the feeding group in the land use type.  
Av.Diss.(%) = Average percentage of dissimilarity of each feeding group between land use types.  
Diss/SD = ratio between average of dissimilarity values and standard deviation of dissimilarity values within the land use 
type.  
Cont.% = contribution of the feeding group to the within-land use type dissimilarity.  































Figure A1. Relationship between taxonomic and functional Shannon diversity index and the percentage of surface occupied 















                                                                    
 
 
Figure A2. Diversity indices and provided ecosystem services in four river floodplains of the southern Europe. Results from 
non-parametric analysis of variance (Kruskal-Wallis test) between river floodplains are shown in the upper right corner of 
each graph. Lower case letters indicate significant differences between pairs of river floodplains (P < 0.05, Mann-Whitney   
U test). Circles show outliers. 
 






                                           
 
 
Figure A3. Taxonomic and functional diversity indices and ecosystem services in four river floodplains of South-western 
Europe. Results from non-parametric analysis of variance (Mann-Whitney U test) between seasons (i.e. sampling 
campaigns) are shown in the upper right corner of each graph. Significant differences between seasons in each river are 











Figure A4. Response of diversity indices (log (x+1)) and associated ecosystem services (log (x+1)) to environmental 
variables. Modelling is based on Linear Mixed Effects Models with stepwise selection of environmental variables. Sample 
location is displayed in the x-axis (upper ticks). The grey zone represents 95% confidence intervals around the smoothed 
function.  
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Ecosystem metabolism is an important measure of wetland restoration efficiency, and 
serves to indicate if the system is capable of processing energetic resources. Despite its 
value, ecosystem metabolism has rarely been included in monitoring programs. In this study, 
we aimed to achieve the following objectives: i) compare net ecosystem production (NEP) 
rates of constructed vs. natural wetlands; ii) identify the highest NEP rate habitats; and       
iii) define the main environmental factors regulating NEP in different wetland types. Pelagic 
and benthic NEP rates and physicochemical features were measured in three natural and 
five constructed wetlands in the Middle Ebro River floodplain (NE Spain). Statistical analyses 
showed pelagic NEP rates peaked in natural wetlands, which produced up to 187.5              
mg C·m-3·h-1 compared to lower rates in constructed wetlands (up to 46.2 mg C·m-3·h-1). 
Pelagic NEP responded positively to temperature, total dissolved solids, and nutrients. 
Benthic NEP rates were three- to 30-fold greater than pelagic in natural (up to 994.9           
mg C·m-3·h-1) and constructed (up to1551.5 mg C·m-3·h-1) wetlands, and were heavily 
influenced by habitat type, with NEP peaking in areas dominated by submerged vegetation 
and fine organic sediment. Rapid recovery in aquatic communities (i.e. macroinvertebrate 
diversity) has been previously reported for the studied wetlands; however, our study 
suggests a slower recovery of functional processes (i.e. pelagic NEP) in constructed habitats. 






We therefore strongly advocate the inclusion of ecosystem function in the design and 
evaluation of restoration projects to optimise long-term wetland ecosystem sustainability. 
Keywords: Benthic ecosystem metabolism; dissolved oxygen; ecosystem functions; 




Wetlands occupy approximately 6% of the world’s land surface, and provide 
important ecosystem services, such as biodiversity conservation, nutrient retention and loss, 
carbon storage, mitigation floods, fish production, water purification, and recreation 
(Costanza et al. 1997; Ferrati et al. 2005; Mitsch and Gosselink 2007). Despite these 
ecological and economical services, wetlands are one of the most threatened and degraded 
ecosystems in the world (Tockner and Stanford 2002). Since the early 1900’s, floodplain 
wetlands have lost an excess of 50 % of their surface area as a consequence of increasing 
floodplain occupation, extensive river impoundment, and wetland dredging (Mitsch and 
Gosselink 2007). Consequently, in recent years wetland restoration and construction has 
become an important conservation strategy to offset continuous floodplain wetland loss, 
increase local biodiversity, and treat urban and agricultural waste-water (Mitsch and 
Gosselink 2007; Coveney et al. 2002).  
Traditionally, wetland restoration efficiency, and subsequent environmental quality 
have been analysed by measuring the distribution, abundance, richness, and diversity of 
plant and animal species (Race 1985; Croonquist and Brooks 1991; Henry and Amoros 1995; 
Fellows at el. 2006). These ecosystem structure measures are evaluated because they reflect 
anthropogenic impacts (e.g. dumping, flow control, land use), natural perturbations         
(e.g. floods, droughts), and fundamental ecological processes (e.g. nutrient cycling, 
decomposition) on aquatic systems. However, biological structure and ecosystem 
functioning are not always correlated, and restoration of one element does not necessarily 
result in recovery of the other (Grayson et al. 1999; Moreno-Mateos et al. 2012). In contrast, 
ecosystem functioning (e.g. metabolism, nutrient cycling) indicates not only which organisms 
are supported by the system, but also the interactions among organisms, the physical 
environment, and the overall services provided by the ecosystem (Mitsch and Gosselink 






2007; McKenna 2003; Erwin 2009). Among ecosystem functions, metabolism (i.e. the 
balance between primary production and community respiration) represents an integrated 
measure of organic matter production and consumption rates (Odum 1971). Ecosystem 
metabolism therefore provides a measure of the system’s capacity to recycle organic matter, 
process and transfer energy to higher trophic levels, and act as a sink or source for 
greenhouse gases (Mitsch and Gosselink 2007). Recent studies suggest that to achieve a 
more comprehensive wetland restoration assessment, in addition to aspects of aquatic 
community structure, monitoring should evaluate ecosystem functions, including ecosystem 
metabolism (Rapport et al. 1998; Fellows et al. 2006). 
Several studies have reported that constructed wetlands support species 
assemblages similar to natural wetlands (e.g. Mitsch and Gosselink 2007; Gallardo et al. 
2008). However, it remains unclear if constructed wetlands operate at metabolic rates 
similar to natural wetlands. Constructed wetlands exhibit fundamental differences in age, 
aquatic community development, temperature, light availability, and inorganic and organic 
nutrient concentrations. Cumulatively, these characteristics have direct and indirect effects 
on photosynthesis, oxygen solubility, and gas exchange processes, which presumably alter 
the metabolic rates between natural and constructed wetlands (Petersen et al. 1997; Caraco 
and Cole 2002; Hanson et al. 2003; Azevedo et al. 2006; Staehr et al. 2010b). Reeder (2011) 
reported that natural wetlands exhibited higher production rates than constructed 
wetlands, which was linked to their differences in plant densities, being greater in natural 
wetlands. However, constructed wetlands can reach high production rates due to low 
turbidity, which enables light penetration favouring primary production, and low organic 
matter content that limits ecosystem respiration (Biddanda and Cotner 2002; Azevedo et al. 
2006, Lauster et al. 2006). Furthermore, wetlands with increased chlorophyll a 
concentrations might exhibit higher biomass production rates, because this parameter is 
typically associated with primary producers, mainly phytoplankton and bacterioplankton 
(Steinman and Lamberti 1996; Hanson et al. 2003).  
Other habitat related factors, such as vegetation presence (e.g. emergent or 
submerged), and sediment type (e.g. fine or gravel) could lead to differences in ecosystem 
metabolism between natural and constructed wetlands. Photosynthesis and respiration by 
aquatic macrophytes, together with decomposition of substantial plant biomass amounts 






might have a marked influence on ecosystem metabolism (Godshalk and Wetzel 1978; 
Kaenel et al. 2000). It is therefore clear that many biological, physical, and chemical factors 
directly and indirectly exhibit complex interactions, and can affect ecosystem metabolism. 
McKenna (2003) reported that little is known regarding ecosystem production in restored or 
constructed environments, as most studies have been conducted in natural wetlands. 
Furthermore, the importance of habitat type in ecosystem metabolism has not been 
ascertained (McKenna 2003). Due to the potential role of constructed wetlands in the global 
carbon cycle, the factors affecting the metabolic balance of these constructed ecosystems 
are critical to the design of multipurpose wetlands.  
Worldwide, constructed wetlands have become extremely important in various 
applications ranging from the creation of new or restored wildlife habitat, as a source to 
treat human waste/sewage water, storm, water runoff, land reclamation following mining 
activities, and mitigation measures to balance natural wetlands lost to development. 
Therefore, the recreation of fully functional ecosystems is the goal of constructed wetlands, 
and various complex interrelated functional ecosystem factors must be elucidated. 
In the Ebro River floodplain of NE Spain, a number of wetlands have been 
constructed in the last two decades for gravel mine habitat restoration and wetland loss 
mitigation (Gallardo et al. 2012a). Aquatic community changes, sediment, and 
hydrochemical characteristics were previously analysed in some constructed and natural 
Ebro floodplain wetlands. Results detected significant differences primarily related to flood 
frequency, surface and subsurface flows, and habitat successional state (Gallardo et al. 2008, 
2012a, 2012b; Cabezas et al. 2008, 2009a, 2009b). Rapid recovery of constructed wetland 
biodiversity was observed (Gallardo et al. 2008, 2012a); however, similar information on 
recovery of functional aspects is not available. In this study, we aimed to achieve the 
following objectives: i) compare net ecosystem production rates (NEP) (pelagic and benthic) 
of constructed vs. natural wetlands of the Middle Ebro River floodplain; ii) identify the 
highest NEP rate habitats in each wetland type (constructed vs. natural); and iii) define the 
main environmental factors regulating NEP in constructed vs. natural wetlands.   
 
 






2. Material and methods 
2.1. Study sites and sampling design 
The Ebro is the largest river in Spain, with a length of 910 km and a drainage basin of 
85,534 km2. Historically, extraordinary flood events in the Ebro River have generated a 
number of natural wetlands in its floodplain, including oxbow wetlands and temporary pools 
(Ollero 2007). The Ebro River has been extensively affected by land use changes (agriculture 
and urban) and construction of structures to control floods, most intensively since the 1960s 
(Cabezas et al. 2008). These changes have continued to reduce the probability of new 
natural wetland creation (Gallardo et al. 2012a). A number of artificial wetlands have been 
constructed in recent years along degraded Ebro floodplain areas to mitigate this habitat 
loss and increase biodiversity.  
 
Fig. 1. Study site location. Riparian areas: Area 1, Area 2, and Area 3. Natural wetlands: N1, N2, and N3. Constructed 
wetlands: C1a, C1b, C2a, C2b, and C3. Black dots correspond to wetland sampling sites. 
 






For this study, three natural and five constructed wetlands were selected in three 
different riparian areas of the Middle Ebro River (NE Spain, 41º39’N, 0º52’W; Fig. 1, Table 1). 
Each of the three riparian areas was characterised by the presence of one natural wetland 
(N1, N2 and N3), and one or two constructed wetlands, no farther apart than 0.8 km:        
two constructed wetlands (C1a and C1b) in riparian area 1 close to N1; another two (C2a and 
C2b) located in the vicinity of N2; and only one constructed wetland (C3) near N3 (refer to 
wetland locations in Fig. 1). Therefore, the study design provided a unique opportunity to 
investigate constructed wetland development with close natural wetlands as reference sites, 
sharing the same local environmental conditions (e.g. light, wind speed, hydrological 
influences). It should be noted that in this study we use the term ‘reference’ as 
representative of natural conditions regardless of their environmental quality, as opposed to 
‘good reference’ conditions applied in other studies. Cross-comparisons were conducted 
between each constructed wetland, and its reference natural wetland within each riparian 
area (e.g. between C1a and N1, or between C2a and N2).  
 










Substrate Habitat sampled N 
1 C1a Const. 7 0.58 0.5 Silt and 
gravel 
Fine sediment, Gravel sediment, 
Typha sp. 
9 (a) 
 C1b Const. 5 0.53 1 Silt Fine sediment, Typha sp., Chara 
sp. 
18 
 N1 Natural 65 10.33 2.5 Silt Fine sediment, Phragmites sp. 12 
2 C2a Const. 25 0.38 1.5 Gravel Gravel sediment, Chara sp. 12 
 C2b  Const. 6 0.84 2 Silt Fine sediment, Phragmites sp. 12 
 N2  Natural 50 70.3 0.8 Silt Fine sediment, Phragmites sp. , 
Typha sp. 
18 
3 C3 Const. 15 0.94 1.7 Silt Fine sediment, Phragmites sp., 
Typha sp. 
9-18(b) 
 N3 Natural 65 35.45 2 Silt Fine sediment, Phragmites sp.     12 
 
N = total number of water samples and ecosystem metabolism measures taken in each wetland during the study period: 
winter 2010 and spring 2011.  
1Age since first observance according to Cabezas et al. (2008). 2Area according to digitalised aerial photographs. 3Depth 
measured along a transect from shore to centre (average value). 
(a) C1a was only sampled in spring 2011. (b) C3 was sampled in winter 2010 and in spring 2011 (N = 18 samples), with the 
exception of benthic NEP rates that were only measured in winter (N = 9 samples). 
 
 






The two-three most representative habitats in each wetland were identified, and 
selected as sampling points to cover the full range of environments available (see sampled 
habitats in Table 1). Physicochemical characteristics and net ecosystem production (pelagic 
and benthic) were studied at each sampling point in two seasons: once in winter (December 
2010), and once in spring (June 2011). These seasonal measures allowed to incorporate a 
maximum variation range of environmental conditions throughout the year, with maximum 
production rates in spring and minimum in winter as reported in other studies (Fontaine and 
Ewel 1981, Tuttle et al. 2008, Sadro et at. 2011). It should be noted that an insufficient water 
level in C1a prevented physicochemical characteristics, and NEP (pelagic and benthic) 
measurements for winter sampling. And benthic NEP at C3 was not measured in winter due 
to excessive depth. 
 
2.2. Physicochemical characteristics 
At each sampling point for both sampling seasons, triplicate water samples were 
collected directly into 1.5 L acid-washed PVC bottles at a depth of 10 cm, and transported in 
dark cool-boxes to the laboratory (see total number of water samples in Table 1). Upon 
arrival, alkalinity of unfiltered water samples was estimated within 4 h of collection by 
automatic titration with H2SO4 0.04 N (APHA 1989). Total suspended solids, total dissolved 
solids, and organic matter content were determined by the gravimetric method, filtering 
samples through pre-combusted (450ºC, 4 h) Whatman GF/F glass-fibre filters following 
standard protocols (APHA 1989). Chlorophyll a samples were filtered through Whatman 
GF/F glass-fibre filters, extracted in 96% ethanol for 24 h, and analysed using the 
spectrophotometric method (Thermo Helios α; APHA 1989). Filtered water aliquots were 
stored at -20 ºC, and used within one month for remaining analyses. Ion chromatography 
(Metrohm 861 Advanced Compact IC; APHA 1989) was applied to determine dissolved 
inorganic nitrogen (DIN = NH4+ + NO2- + NO3-) and sulfate (SO42-) concentrations. Soluble 
reactive phosphorous was measured by the ascorbic acid method (APHA 1989). Total 
dissolved phosphorous was also estimated by the ascorbic acid method, but a previous 
potassium persulfate digestion was performed (90 min, 115 °C) (APHA 1989). Finally, water 
temperature, pH, conductivity, and dissolved oxygen were recorded in situ by portable 
probes (WTW Multiline P4 and Hach-Lange HQ). Photosynthetic active radiation (PAR) was 






only measured during the spring season at 5-10 cm below the surface using a sensor (Solar 
Light Co., PAR detector PMA2132). Due to technical difficulties, data is not available from 
the winter sampling period; PAR is therefore used only for general comparison between 
natural and constructed wetlands, and not directly included in statistical comparisons.  
 
2.3. Pelagic and benthic net ecosystem production (NEP) 
Pelagic and benthic NEP rates were measured within the aquatic environment as 
representatives of different ecosystem metabolism components. Net ecosystem production 
(NEP) corresponds to the balance between gross inorganic carbon fixation by photosynthesis 
(Gross Primary Production, GPP), and organic carbon remineralised to CO2 by all organisms 
of the ecosystem (Community Respiration, CR) (Laas et al. 2012; Staehr et al. 2012b).    
Pelagic NEP represents the productivity of the water column, mainly due to phytoplankton 
activity. In contrast, benthic NEP is an integrated contribution of the water column and 
sediment, including metabolic activity of macrophytes, macro- and microalgae, 
invertebrates, and microbial communities (Gazeau et al. 2005; Staehr et al. 2012a, 2012b).  
Pelagic NEP was estimated using the incubation bottles method (Wetzel and Likens 
1991; Reeder and Binion 2001; Lauster et al. 2006). For both sampling seasons, triplicate 
transparent bottles (0.25L Winkler bottles) were located in situ, floating at 5-10 cm below 
the upper water layer of each sampling point (6-9 bottles per wetland and season, see    
Table 1) for a 5-6 h period. We assumed pelagic production and respiration occurs at this 
depth in the un-stratified shallow wetlands. Initial (t = 0 h) and final (t = 6 h) dissolved 
oxygen concentration was measured in each bottle using a portable sensor (Hach-Lange HQ, 
range: 0.1 to 20.0 mg/L).  
Likewise, benthic NEP was determined by measuring dissolved oxygen concentration 
change within transparent chambers over a 5–6 h period (Carignan 1998; Fellows et al. 2006; 
Sadro et al. 2011). Chambers were made of colourless methacrylate with the following 
dimensions:  35 x 30 x 30 cm, volume = 36 L, wall thickness = 5 mm. The chamber sidewall 
had an upward facing hole with a stopper, where a temperature and dissolved oxygen 
sensor was placed. The chambers did not measure water circulation as is typical in other 
studies, because water flow at the study sites was imperceptible, and some habitats 
supported large vegetation masses (Velasco et al. 2003). For both sampling seasons, three 






transparent chambers were placed on the substrata at similar depths (50–70 cm) at each 
sampling point (6-9 chambers per wetland and season, see Table 1), so calculations would 
not be biased by depth. Light penetrated the bottom sediment at all sampling points, which 
was verified with a Secchi disk.  
NEP rates were converted to carbon units assuming that one mole of C is equivalent 
to one mole of O2 for photosynthesis (e.g. 1 mg O2 = 0.375 mg C, Fellows et al. 2006). 
Reported NEP rates corresponded to standard measures per cubic meter, so metabolic rates 
in each habitat could be compared under similar conditions.  
However, natural wetlands were notably larger in size than constructed wetlands 
(Table 1), which may result in higher overall productivity rates. Therefore, NEP rates of each 
habitat were extrapolated over the entire wetland using average depth and percentage 
habitat coverage values within each wetland calculated from digitised aerial photographs in 
ArcView 9.3 (©Esri, Redlands, CA). These calculated whole ecosystem measures (up-scaled 
NEP, mgC·m-2·h-1) illustrated the potential role of natural and constructed wetlands as 
carbon sinks or sources, and allowed comparisons with published data, which was reported 
typically in this form.  
 
2.4. Statistical analyses 
All variables except pH were log(x + 1) transformed to normalise distributions, and 
linearise relationships. Because data continued to show a non-normal distribution 
(Kolmogorov-Smirnoff test, p < 0.05), non-parametric Mann-Whitney U (for two samples) 
and Kruskal-Wallis (for k samples) tests were applied to identify significant differences in 
physicochemical features and metabolic rates as follows: i) between natural and constructed 
wetlands within each riparian area (e.g. C1a vs. N1, and C1b vs. N1 in riparian area 1; C2a vs. 
N2 in riparian area 2, and so on); and ii) among habitats (substrata with emergent 
vegetation: Typha sp. and Phragmites sp; submerged vegetation: Chara sp.; in the absence 
of vegetation: fine and gravel sediments). Subsequently, Generalized Additive Models 
(GAMs; Hastie and Tibshirani 1990) were used to model the pelagic and benthic NEP rate 
response to physicochemical features. Only non-correlated (Spearman rank r < 0.8) 
parameters were evaluated in the models, which were run separately for natural and 
constructed wetlands. In this way, differences in the main drivers controlling pelagic and 






benthic NEP could potentially be identified. A stepwise procedure was applied to select 
significant predictor variables (a priori P-value < 0.05) for each model, until all predictors 
were significant, i.e. “optimized model”. The explained deviance (D2) from each final model 
was compared to assess model goodness-of-fit. The importance of each variable in the 
optimised model was evaluated using a jackknife approach, where models were sequentially 
run removing one variable at a time (“model following variable removal”). In addition, 
models were also run including only one variable at a time to analyse its single potential 
contribution (“model including independent variable”). These two complementary 
procedures allowed identifying variables contributing most to the model individually, and in 
combination with the remainder of the predictors.  
Non-parametric analysis of variance (Mann-Whitney U and Kruskal-Wallis tests) and 
correlation analysis (Spearman test) were performed using SPSS version 18.0 (©SPSS, Inc., 
Chicago). GAMs were performed using the “mgcv” package (Wood 2011) in R version 2.12.2 
(R Development Core Team, 2007). 
 
3. Results 
3.1. General physicochemical characteristics of natural and constructed wetlands 
Chlorophyll a concentration (Mann-Whitney U-test, Z = -6.87, P < 0.01), organic 
matter (Z = -4.92, P < 0.01), soluble reactive phosphorous (Z = -5.41, P < 0.01), and total 
dissolved phosphorous (Z = -5.67, P < 0.01) were more prominent in natural wetlands (Table 
2). Among habitats, total dissolved solids (Kruskal-Wallis test, X2 = 22.8, P < 0.01) and sulfate 
(X2 = 16.96, P < 0.01) concentration were highest in habitats dominated by submerged 
vegetation (Chara sp.), and lowest in those with emergent vegetation (Phragmites sp). 
Soluble reactive phosphorous concentration (X2 = 18.19, P < 0.01) peaked in habitats with 
fine organic sediment that lacked vegetation. In addition, total suspended solids (X2 = 14.67, 
P < 0.01), organic matter (X2 = 11.34, P < 0.05), and chlorophyll a (X2 = 15.19, P < 0.01) were 




























































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































3.2. Net ecosystem production in natural and constructed wetlands 
Analysis by riparian area showed pelagic NEP rates were higher in natural than 
constructed wetlands (N1 > C1a, Z = -2.73, P < 0.01; N1 > C1b, Z = -2.53, P = 0.01; N2 > C2a,   
Z = -3.64, P < 0.01; N2 > C2b, Z = -3.15, P < 0.01), with the exception of riparian area 3, where 
N3 and C3 exhibited similar NEP rates. Benthic NEP rates were only significantly higher in N2 
than C2b (Z = -2.61, P < 0.01), while no significant differences were observed in other 
riparian wetland areas (Fig. 2). Benthic NEP rates were three- to 30-fold higher than pelagic 
in both wetland types (Table 2). Results indicated N2 had the highest productivity for pelagic 
(187.5 mgC·m-3·h-1) and benthic (994.9 mgC·m-3·h-1) zones (Table 2; Fig. 2); however, the 
lowest benthic NEP rates (-91.4 mgC·m-3·h-1) were also recorded for N2, and the lowest 
pelagic NEP values were observed in C3 (-27.7 mgC·m-3·h-1).   
 
Fig. 2. Pelagic and benthic net ecosystem production (NEPw and NEPc, respectively) in three natural and five constructed 
wetlands. Results from non-parametric analysis of variance (Kruskal-Wallis test) between natural and constructed wetlands 
are shown in the upper right corner of each graphic. *** = Significant differences between pairs of wetlands (P < 0.001, 
Mann-Whitney U test). Grey circles show outliers. 
 
Following extrapolation of values to the entire ecosystem, total pelagic NEP rates for 
natural wetlands ranged from 15.0 to 281.0 mg C·m-2·h-1, and total benthic NEP rates ranged 
from 90.2 to 685.9 mg C·m-2·h-1 (Table 2). In contrast, total pelagic NEP rates for constructed 
wetlands ranged from -2.2 to +107.8 mg C·m-2·h-1, and total benthic NEP rates ranged from 











3.3. Net ecosystem production in different wetland habitats 
The highest average pelagic and benthic NEP rates in natural wetlands were found in 
habitats dominated by fine organic sediments without vegetation (average 71.8 ± 67.1       
mg C·m-3·h-1 for pelagic NEP; and 299.9 ± 318.1 mg C·m-3·h-1 for benthic NEP) (Fig. 3). In 
contrast, the highest NEP rates in constructed wetlands were observed in habitats with 
submerged vegetation, particularly dominated by Chara sp. (pelagic NEP = 14.9 ± 20.8        
mg C·m-3·h-1; and benthic NEP = 618.7 ± 547.9 mg C·m-3·h-1), and habitats dominated by fine 
organic sediments (pelagic NEP = 18.7 ± 10.6 mg C·m-3·h-1; and benthic NEP = 115.9 ± 112.8 
mg C·m-3·h-1) (Fig. 3). In areas dominated by emergent vegetation, specifically Typha sp., 
results revealed the lowest NEP rates in natural (pelagic NEP = 18.4 ± 6.7 mg C·m-3·h-1; and 
benthic NEP = -79.9 ± 11.5 mg C·m-3·h-1), and constructed (pelagic NEP = 3.1 ± 15.8              
mg C·m-3·h-1; and benthic NEP = 138.9 ± 150.3 mg C·m-3·h-1) wetlands (Fig. 3). 
 
Fig. 3. Pelagic and benthic net ecosystem production (NEPw and NEPc, respectively) in different habitats of three natural 
and five constructed wetlands. A: Pelagic zone; B: Benthic zone. Differences in NEP rates between habitat types were non-
significant in the pelagic zone only. In the benthic zone, NEP rates were only significantly different in submerged vegetation 
(P < 0.05; Mann-Whitney U test). * = Significant differences between natural and constructed wetlands (P < 0.05,          
Mann-Whitney U test). Grey circles show outliers. 
 
Habitats with fine organic sediments contributed to approximately 55-70 % of the 
total pelagic and benthic carbon production in natural wetlands (pelagic NEP = -31.9 to 306.4 
mg C·m-2·h-1; and benthic NEP = 113.5 to 795.9 mg C·m-2·h-1) (Fig 3). The contribution of 
habitats with submerged vegetation in constructed wetlands reached 50 % of the total 
carbon production (pelagic NEP = -3.6 to 46.2 mg C·m-2·h-1; and benthic NEP = 230.8 to 
1551.5 mg C·m-2·h-1), despite the overall low area coverage of this habitat (12 %) (Fig. 3).  






3.4. Environmental factors controlling net ecosystem production 
Generalized Additive Models (GAM) showed a significant relationship between NEP 
and various physicochemical parameters; and a distinct response was detected between 
natural vs. constructed wetlands, and pelagic vs. benthic zones (Table 3, Fig. 4).                          
In constructed wetlands, pelagic NEP was positively associated with water temperature, pH, 
organic matter, and dissolved inorganic nitrogen concentration. GAM results indicated water 
temperature was the most important variable, with a 12.7 % drop in deviance when 
removed from the model; in addition, water temperature explained as much as 47.7 % of 
the deviance when used independently (Fig. 4). Interestingly, organic matter and chlorophyll 
a exhibited a minor decrease in deviance when removed from the pelagic model (3.6 % and 
4.3 %, respectively, Fig. 4). In comparison, chlorophyll a concentration in N3 was four-fold 
higher than C3, even though their NEP rates were similar. Benthic NEP was positively related 
to water temperature, pH, total suspended solids, total dissolved solids, and habitat type 
(Habitat). The latter explained up to 44.6 % when used independently, and caused a 29.0 % 
deviation decrease when excluded from the model (Fig. 4).  
 
Fig. 4. Results of Generalized Additive Models (GAM) used to evaluate the response of pelagic and benthic net ecosystem 
production (NEPw and NEPc, respectively) to physicochemical parameters. A-B: pelagic NEP model in constructed and 
natural wetlands. C-D: benthic NEP model in constructed and natural wetlands. Model: % total deviance explained by the 
optimised model. Variable in: deviance explained by the model including the variable independently. Variable out: deviance 
explained by the model following variable removal. See Table 2 for variable abbreviations. 






Table 3. Response of pelagic and benthic net ecosystem production (NEPw and NEPc, respectively) to habitat and 
physicochemical parameters according to Generalized Additive Models (GAM).  
 
  
Natural Wetlands Constructed Wetlands 
 NEPw (N=42) NEPc (N=42) NEPw (N=69) NEPc (N=60) 
F P F P F P F P 
Intercept 23.6 *** -11.0 *** 15.2 *** 13.2 *** 
Temp   26.8 *** 8.6 *** 22.3 *** 
pH   65.7 *** 10.4 *** 36.7 *** 
TDS 73.4 *** 285.3 ***   6.0 ** 
TSS     7.5 *** 9.0 ** 
OM     3.5 *   
Chla     4.5 ** 4.7 * 
TDP 8.1 ***       
DIN   151.6 *** 4.2 *   
SO4 41.6 ***   8.8 *** 8.2 *** 
Habitat-Ty    -2.9 ***   -6.7 *** 
Habitat-Phrg   18.9 ***   -5.5 *** 
Habitat-Ch        16.7 *** 
Habitat-FS   22.0 ***   8.4 *** 
Habitat-GS       12.9 *** 
Model  
Estimate = 0.107 
AIC = -203.7 
D2 = 93.3% 
Estimate = -0.376 
AIC = -142.63 
D2 = 99.5% 
Estimate = 0.031 
AIC = -362.16 
D2 = 82% 
Estimate = 0.212 
AIC = -169.16 
D2 = 98.2% 
 
P = variable P - value: *** < 0.001; ** < 0.01; * < 0.05. AIC = Akaike Information Criterion. D2 = total deviance explained by 
the model. Habitat: Ty- Typha sp.; Phrg – Phragmites sp.; Ch – Chara sp.; FS – Fine Sediment; GS – Gravel Sediment.  
N = total number of water samples obtained in each wetland type during the study period. See Table 2 for variable 
abbreviations. 
  
In natural wetlands, pelagic NEP was positively associated with total dissolved solids 
concentration, which resulted in a 28.3 % deviance decrease when removed from the model, 
and explained 47.7 % of pelagic NEP variability when used independently (Fig. 4). NEP was 
positively related to water temperature, total dissolved solids concentration, and habitat 
type in the benthic zone, which indicated the highest production rates from wetland sites of 
fine organic sediment, and lowest rates from Typha sp. dominated habitats. Dissolved 
inorganic nitrogen, and total dissolved solids served to explain more deviance when 
modelled independently (46.4 % and 46.3 %, respectively), while total dissolved solids also 
resulted in a notable drop in deviance when removed from the analysis (23.1 %, Fig. 4).  
 
4. Discussion 
4.1. Is net ecosystem production higher in natural relative to constructed wetlands? 
The results of our study suggest that natural wetlands tend to register much higher 
NEP rates than constructed wetlands. Pelagic NEP rates in natural wetlands peaked between 
15 to 280 mg C·m-2·h-1, relative to rates lower than 110 mg C·m-2·h-1 in constructed wetlands. 






Benthic NEP rates were three-to 35-fold greater than pelagic NEP rates in natural (90 – 685 
mg C·m-2·h-1) and constructed (20 – 940 mg C·m-2·h-1) wetlands. Nevertheless, standard 
benthic NEP rates per m3 were not statistically different between natural and constructed 
wetlands, which contrast with their significant differences for pelagic NEP. Low NEP rates 
observed in constructed ecosystems were inconsistent with the rapid recovery in the 
system’s biological structure recently observed by Gallardo et al. (2012a), who reported that 
macroinvertebrate abundance and richness in a constructed wetland reached and exceeded 
values relative to a natural wetland within eight months following construction. This pattern 
was related to the provision of new habitats in constructed wetlands (e.g. submerged 
vegetation, gravel sediment) for novel species that rapidly dispersed to other local wetlands, 
thereby increasing local biodiversity. A global meta-analysis performed by Moreno-Mateos 
et al. (2012) demonstrated that structural aspects (e.g. faunal assemblages and 
physicochemical characteristics) recover more efficiently in restored habitats than functional 
aspects (e.g. ecosystem metabolism, carbon and nitrogen storage and cycling), which often 
do not reach reference conditions, congruent with the above observations. This decoupling 
was attributed to two non-exclusive hypotheses: i) restored ecosystems require more time 
(> 30 years) to reach similar functional characteristics as reference ecosystems that are 
generally more mature and stable; and ii) restored wetlands are dynamic ecosystems 
shifting to alternative states not necessarily similar from the reference ecosystem, which 
would confer the restored sites certain flexibility or resilience to perturbations. Constructed 
wetlands investigated in this study are relatively young (5 to 25 years), and therefore have 
had less time to accumulate and produce organic matter and nutrients than more mature 
natural wetlands (50 to 65 years). To illustrate this, the oldest studied constructed wetland 
(C2a, 25 years) showed greater organic matter, nutrient concentration and benthic NEP 
rates than a younger constructed wetland (C2b, six years) located in the same riparian area 
(Table 2, Fig. 2). Thus, NEP rates in constructed wetlands (e.g. benthic NEP = 159 ± 56         
mg C·m-3·h-1 in C2a) may increase over time, and eventually equal rates of nearby natural 
wetlands (e.g. benthic NEP = 317 ± 400 mgC·m-3·h-1 in N2). Ecosystem age was also 
emphasised by Reeder (2011), where despite recording similar high NEP rates (86 – 109        
mg C·m-3·h-1) to our study in constructed wetlands, values were notably lower than obtained 
in reference natural wetlands. Age is not the only factor dictating differences in the 






ecosystem production, as shown in lower pelagic NEP rates in C2a (25 years) compared to 
N2 (50 years). Differences in riparian vegetation adjacent to wetlands may provide a 
plausible explanation for differences in ecosystem production. González et al. (2010) 
reported herbaceous vegetation detritus in constructed wetlands generally provided 
decreased organic matter and nutrients relative to the leaf litter and wooden detritus 
provided by natural wetlands. In the same line, four years following wetland restoration, 
McKenna (2003) recorded similar metabolic rates in constructed and natural wetlands, 
which was linked to riparian habitat development that provided similar organic matter and 
nutrients in both wetland types. Morphometric differences (e.g. surface area and depth) 
may also explain a lack in functional aspect recovery reported in constructed wetlands, 
which have been emphasised as integral in metabolic balance regulation (Mitsch and 
Gosselink 2007; Hanson et al. 2007; Staehr et al. 2012a). Finally, hydrology can be a 
substantial influence of wetland communities. Floods introduce large amounts of nutrients 
and sediments, and reset floodplain wetland aquatic communities (Cronk and Mitsch 1994; 
Gallardo et al. 2012b). According to a recent study, Gallardo et al. (2012b) found flood pulses 
in two natural wetlands boosted productivity rates in response to a change in water 
physicochemical conditions, and replacement of autotrophic phytoplankton species by other 
autotrophic organisms. 
 
4.2. Environmental factors controlling metabolic balance 
Statistical models revealed that metabolic rates were mainly controlled by habitat 
type and physicochemical factors such as water temperature and nutrient concentration, all 
of which can be directly and indirectly linked to photosynthesis, respiration, and gas 
diffusion processes. A major predictor variable of wetland metabolic response was habitat 
type, overall in the benthic zone. Among habitats, our results suggested submerged 
vegetation is a hot-spot of carbon production (618.7 ± 547.9 mg C·m-3·h-1), indicating large 
portions of the carbon in constructed wetlands is produced by benthic submerged 
macrophytes, rather than suspended phytoplankton, as suggested elsewhere for aquatic 
ecosystems with low turbidity (Kaenel et al. 2000; Lauster et al. 2006). In natural wetlands, 
light penetration in unvegetated habitats, and nutrient accumulation in the upper sediment 
favoured phytoplankton productivity (Watt and Golladay 1999; McKenna 2003; Reeder 






2011), resulting in some of the highest NEP rates. In contrast, habitats dominated by 
emergent vegetation (Typha sp.) exhibited six-fold lower values. The photosynthetic 
products of emergent vegetation are released outside water, therefore the main 
interchange of oxygen and carbon fixation was not reflected in the pelagic and benthic 
measures obtained in this study (Ibañez et al. 1999; Scarton et al. 2002; Vis et al. 2007).       
In addition, organic carbon accumulated around emergent macrophytes may further explain 
the oxygen loss reported in this study (-79.9 ± 11.5 mg C·m-3·h-1 pelagic NEP in Typha sp. 
dominated habitats), via heterotrophic respiration, as noted by Lauster et al. (2006).   
Nutrients (nitrogen and phosphorous compounds), and organic matter were also 
important drivers of metabolic balance, mainly in the pelagic system. Low nutrient 
availability usually limits phytoplankton growth in aquatic ecosystems (Staehr et al. 2010a). 
This fact could explain the significant lower pelagic NEP rates recorded in constructed than 
in natural wetlands of our study area, where constructed wetlands showed lower nutrient 
concentration and phytoplankton biomass (chlorophyll a) than natural wetlands.                 
The observed negative relationship between metabolic rates and dissolved inorganic 
nitrogen indicated this fundamental element may have been in excess; consequently results 
suggested phosphorous was a limiting ecosystem production factor. The low deviance 
explained by both nitrogen and phosphorus in benthic system suggested the nutrient 
importance in metabolic balance was lower than demonstrated in other studies (e.g. Cole et 
al. 2000; López-Archilla et al. 2004), although congruent with Gallardo et al. (2012b) where 
nutrients and organic matter concentration exhibited little effect on production rates.  
Abiotic factors, including water temperature, and total dissolved solids increased NEP 
rates in natural and constructed wetlands, consistent with results from previous studies 
(Demars et al. 2011; Gallardo et al. 2012b). Temperature favoured CO2 diffusion, and 
metabolic activity activation (Lopez-Urrutia et al. 2006; Yvon-Durocher et al. 2010).          
Total dissolved solids provided essential nutrients for primary producers (Cole et al. 2000; 
McKenna 2003; Fellow et al. 2006), which acted as a limiting factor in the metabolic process, 
especially in wetlands with low solid concentrations (e.g. C2b, C3 and N3). An additional 
factor found to control metabolic activity was turbidity (total suspended solids) caused by 
bottom sediment re-suspension, which has been reported to hinder light penetration in 
aquatic environments (Sand-Jensen 1983; Kaenel et al. 2000).  






Apart from factors explored in this study, other researchers have noted dissolved 
organic carbon as an important factor inhibiting ecosystem metabolism, which typically 
reduces light penetration and planktonic production, while increasing respiration by 
plankton and organic matter mineralization (del Giorgio and Peters 1994; Hanson et al. 
2003; Staehr et al. 2010b). In addition, sediment characteristics including organic matter 
content, redox capacity, and light availability could have been integral factors of benthic 
ecosystem metabolic regulation (Pinardi et al. 2011; Staehr et al. 2010b, 2012b).  
NEP rates recorded in this study may have been underestimated due to limitations 
associated with the gas flux effects between the water-atmosphere interface, and 
horizontal-vertical gas dispersion in water (Chen et al. 2000; Lauster et al. 2006; Van de 
Bogert et al. 2007). Pelagic NEP was only measured in the wetland upper mixed layer, and 
extrapolated to the entire water column, which assumed the absence of a vertical 
distribution of chlorophyll a, and that most production occurs in this upper layer. However, 
production usually shows a different spatial and vertical distribution in aquatic ecosystems, 
mainly associated to their physical and ecological heterogeneity (Van de Bogert et al. 2007; 
Staehr et al. 2010a, b; Sadro et al. 2011). In terms of benthic measures, due to dimension 
limitations, our incubation chambers could not be used in the deepest regions of our studied 
wetlands. Moreover, habitats dominated by submerged vegetation and gravel sediment 
were only found in constructed wetlands, limiting comparisons of metabolic rates with 
natural wetlands. Despite all these various caveats, NEP rates in this study provided the best 
available mean to compare metabolism rates between natural and constructed habitats, and 
allowed discussing the possibility of certain impairment in wetland’s structural and 
functional recovery. 
 
4.3. Applications for wetland restoration 
Positive NEP rates recorded in the Ebro floodplain’s natural and constructed wetlands 
suggest that both systems are short-term carbon sinks fed by autochthonous organic matter 
and allocthonous terrestrial inputs (McKenna 2003; Demars et al. 2011). Furthermore, 
Cabezas et al. (2009b) demonstrated higher carbon and nitrogen sediment accumulation 
rates in mature natural wetlands of the Ebro floodplain than in other aquatic systems, 
including peatlands, mangroves, and marshes (Cabezas et al. 2009b). The floodplain wetland 






capacity as a carbon sink should be regarded as an additional positive outcome of 
restoration projects, and worth encouragement. At least four recommendations can be 
made to introduce functional aspects during restored/constructed wetland project design 
and evaluation to optimise the efficient recovery of important ecosystem functions, such as 
ecosystem metabolism and carbon storage. First, our results suggest that wetlands with 
increased area and depth have higher net ecosystem production. Therefore, restoration 
objectives should have preference for larger wetland areas, although it remains unclear if 
one large constructed wetland, or several smaller wetland areas are more efficient to store 
carbon (Staehr et al. 2012a). Consequently, morphometric aspects including size, shape, and 
depth should be further explored to optimise new constructed wetland design. Second, 
ecosystem productivity measures such as those offered in the present study can be useful to 
identify habitats acting as hotspots of productivity. In our particular case, submerged 
vegetation and fine organic sediments were highlighted, and should thus be promoted in 
restoration projects (McClain et al. 2003). Third, it is critical to consider communities 
interacting with the wetland, most notably the adjacent riparian community development, 
which can be key to provide the necessary organic matter and nutrients to encourage 
metabolic activity (McKenna 2003; González et al. 2010). Fourth, increasing the hydrological 
connectivity of restored wetlands with the main river channel will serve to promote 
metabolic carbon storage (Cronk and Mitsch 1994; Gallardo et al. 2012b), and equally 
important, enhance aquatic biodiversity (Gallardo et al. 2008), riparian vegetation 
development (Cabezas et al. 2008; González et al. 2010), and biogeochemical cycling 
(Cabezas et al. 2009a, 2009b). Finally, it is vital to perform periodic assessments to record 
possible changes in productivity trends, as metabolic rates experience wide temporal 
fluctuations related to seasonality and disturbance events (e.g. wind storms, floods) that can 
strongly influence annual restored habitat balance (Gallardo et al. 2012b). Our study and 
others have clearly demonstrated the important role of floodplain wetlands in the carbon 
cycle. Therefore, policy-makers and stakeholders should promote the incorporation of 
functional aspects into wetland management strategies, and advance the recreation of 
efficient and effective multipurpose wetlands, which in the long term will compensate for 
the unfortunate loss of ecosystem services observed in the last decades. 
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Wetlands are the main natural source of methane, one of the most important greenhouse 
gases, to the atmosphere. Besides increasing habitat and species diversity, ecologically 
restored wetlands may provide a tool to mitigate methane emissions because they usually 
present little accumulation of organic matter and high oxygenation and water turnover.    
Yet this secondary ecosystem service is rarely contemplated in restoration projects. In this 
study, we aimed to estimate and compare methane emissions in a set of restored and 
natural wetlands and to identify the main factors that regulate them. Methane emission 
rates and physicochemical features were seasonally measured in five wetlands constructed 
6–26 years ago and in three relict natural wetlands on the floodplain of a regulated river 
(Ebro River, NE Spain). Methane emissions rates were about four times higher in the natural 
(1.04 ± 2.00 mg CH4-C·m-2·h-1) than in the constructed (0.29 ± 0.79 mg CH4-C·m-2·h-1) 
wetlands, reaching the highest values during summer. Our statistical models revealed that 
methane emissions are controlled by factors directly and indirectly linked to organic matter 
accumulation and decomposition. Methane emissions were increased by water turbidity, 
chlorophyll a, nutrient concentration and hydrological isolation in both types of wetlands. 
Water eutrophication in natural wetlands favours primary productivity and is responsible for 
the high rates of methane emission registered in this type of ecosystem. A literature review 
further identified hydrological connectivity and vegetation cover as major factors usually 






controlling methane emissions in restored wetlands. These results have important 
management implications and suggest that ecologically restored wetlands allow not only 
increasing biodiversity but also reducing the contribution of aquatic ecosystems to global 
warming. 
Keywords: CH4; created wetlands; ecosystem functions; ecosystem services; floating 




Wetlands are well-known providers of essential ecosystem services to humankind, 
including biodiversity conservation, nutrient cycling, carbon storage, water purification and 
mitigation of floods, amongst others (Costanza et al., 1997; Ferrati et al., 2005; Mitsch and 
Gosselink, 2007). Wetlands are also one of the most threatened ecosystems globally, with 
over 50% of the world’s wetland surface lost during the last century due to land use 
changes, flow regulation and wetland dredging (Mitsch and Gosselink, 2007). For this 
reason, there has been a surge in policies and projects over the last decade directed to 
restoring wetlands, including the construction of entirely new wetlands, to offset such 
continuous loss of habitat, increase local biodiversity and treat urban and agricultural 
wastewater (Coveney et al., 2002; Mitsch and Gosselink, 2007).  
Wetlands have also an important, yet little-known, role in the global carbon cycle.   
By contributing to 20–39% of total global emissions of methane (177–284 Tg CH4 yr-1), 
wetlands are the main source of this gas to the atmosphere, followed by ruminant animals 
(87–94 Tg CH4 yr-1), landfills and waste waters (67–90 Tg CH4 yr-1), and rice agriculture      
(33–40 Tg CH4 yr-1) (Laanbroeck, 2010; Menon et al., 2007; IPCC, 2014). Moreover, methane 
is 25 times more effective than CO2 at absorbing infrared radiation over a 100-year time 
horizon, which makes wetlands one of the greatest contributors to global warming (IPCC, 
2014).  
Natural wetlands show a large variation in methane emission rates depending on 
their location and ecosystem type (Laanbroek et al., 2010; Menon et al., 2007). For instance, 
southern and tropical regions account for more than 70% of total global wetland emissions 






(IPCC, 2007; Menon et al., 2007). Freshwater wetlands and peatlands are the main 
contributors of methane emissions, the contribution of salt marshes and mangrove swamps 
at the global scale being negligible (Ding et al., 2004).  
The emission of methane in wetlands derives from organic matter decomposition by 
methanogenic bacteria (Altor and Mitsch, 2006; Bartlett and Harris, 1993). These bacteria 
require environments deprived of oxygen, conditions normally found in flooded sediments 
(Zehnder, 1978). Once produced in the bottom, around 51–80% of the methane is oxidized 
in the water column, and the rest is emitted to the atmosphere (Bastviken et al., 2008), 
transported through the porous tissue of macrophytes or emitted by periodic ebullition 
(Morin et al., 2014a; Riley et al., 2011). Organic matter and oxygen availability are thus 
important drivers of methane generation and emission, which is also affected by numerous 
other factors, such as plant coverage and composition, temperature and water table 
fluctuations (Altor and Mitsch, 2006; Wang et al., 2013; Yan et al., 2012).  
The majority of studies about methane emissions have focused on natural wetlands, 
heavily managed rice fields, and wetlands constructed for wastewater treatment (Inamori et 
al., 2007; Johansson et al., 2004; Mander et al., 2003a; Nahlik and Mitsch, 2011; Teiter and 
Mander, 2005). In comparison, data on methane emission from ecologically restored 
wetlands (e.g. to mitigate habitat loss or increase biodiversity) are rare. For example, Altor 
and Mitsch (2006) examined the dynamics controlling methane emission from temperate 
wetlands constructed for habitat replacement and water quality improvement. They found 
water level fluctuations as the main factor controlling the methane flux, suggesting that 
seasonal floods followed by drier periods in restored wetlands minimize greenhouse gas 
emission. While Nahlik and Mitsch (2010) observed methane at 17–79% lower emission 
rates in restored than in natural wetlands, Sha et al. (2011) obtained opposite results with 
three- to 200-fold rates in restored wetlands. Such contrasting results suggest that methane 
emission in restored wetlands is a complex process controlled by multiple interrelated 
factors that are yet to be unravelled. Therefore, a better understanding of the rates and 
environmental factors that govern greenhouse gas emissions at a regional scale in 
ecologically restored wetlands is still needed to inform management practices directed to 
mitigate the contribution of wetlands to global warming (Herbst et al., 2011; Morin et al., 
2014a). 






In this context, this study investigates to what extent ecological restoration of 
wetlands can mitigate the contribution of degraded floodplains to global warming. To 
approach this question, we selected the Ebro River floodplain (NE Spain) as a case study. The 
Ebro River is the largest Iberian river flowing into the Mediterranean Sea, presenting 
hydrodynamic characteristics common to other European regulated rivers. In its floodplain, 
a number of wetlands have been constructed in the last two decades to mitigate habitat loss 
and increase biodiversity (Gallardo et al., 2012a). This floodplain provides a unique 
opportunity to investigate the dynamics of constructed habitats in close vicinity to natural 
wetlands used as reference sites. The particular objectives of this study were to estimate 
and compare methane emissions in a set of constructed and natural wetlands and to identify 
the physicochemical and hydrological factors that regulate them. We particularly 
hypothesized high methane emission rates in natural wetlands where water eutrophication 
and organic matter accumulation tend to be high (Cabezas et al., 2009a, 2009b; Español et 
al., 2015; Gallardo et al., 2012a). On the other hand, hydrological isolation in constructed 
wetlands may favour anoxic conditions, thereby accelerating organic matter decomposition 
and, consequently, methane emissions. Finally, a literature review will help place our results 
in context and identify the driving factors of methane emission most frequently identified. 
Given the increasing trend of anthropogenic emissions (IPCC, 2014), information generated 
in this study is fundamental to underpin conservation strategies directed to maximize the 
provision of ecosystem services while minimizing greenhouse gas emissions (Altor and 
Mitsch, 2006; Whiting and Chanton, 2001). 
 
2. Material and methods 
2.1 Study sites and sampling design 
The Ebro, with a length of 910 km and a drainage basin of 85,534 km2, is the largest 
river in Spain. Historically, extraordinary flood events in the Ebro River have generated a 
number of natural wetlands in its floodplain, including oxbow wetlands and temporary pools 
(Ollero, 2007). The Ebro River has been extensively affected by land use changes (agriculture 
and urban) and the construction of structures to control floods, most intensively since the 
1960s (Cabezas et al., 2008). These changes have reduced the probability of new natural 






wetland creation, which has promoted the construction of a number of artificial wetlands to 
mitigate habitat loss (Gallardo et al., 2012a). 
 
Fig. 1. Study site location. Riparian areas: Area 1, Area 2 and Area 3. Natural wetlands: N1, N2 and N3. Constructed 
wetlands: C1a, C1b, C2a, C2b and C3. Black dots correspond to wetland sampling sites. 
 
For this study, three natural and five constructed wetlands were selected in three 
different riparian areas of the Middle Ebro River (NE Spain, 41º39’N, 0º52’W; Fig. 1, Table 1). 
Each of the three riparian areas was characterised by the presence of one natural wetland 
(N1, N2 and N3) and one or two constructed wetlands no farther apart than 800 m: two 
constructed wetlands (C1a and C1b) close to N1, another two (C2a and C2b) located in the 
vicinity of N2 and only one constructed wetland (C3) near N3 (refer to wetland locations in 
Fig. 1). This study design provided a unique opportunity to investigate constructed wetland 
development with close natural wetlands sharing the same local environmental conditions 
as reference sites (e.g. light, wind speed, hydrological influences). It should be noted that, in 
this study, we use the term ‘reference’ as representative of natural conditions regardless of 
their environmental quality, as opposed to ‘good reference’ conditions applied in other 
studies. Cross-comparisons were conducted between each constructed wetland and its 






reference natural wetland within each riparian area (e.g. between C1a and N1 or between 
C2a and N2).  
Natural wetlands are flooded at different flow limits (FL) from 400 to 1200 m3·s-1. 
However, the relatively high elevation of constructed wetlands did not allow for a surface 
connection at river flows < 2500 m3·s-1 (Gallardo et al., 2008), with the exception of C3       
(FL = 900 m3·s-1, personal observation). Previous studies in the Middle Ebro have described 
differences in the structure and functioning of natural and constructed wetlands               
(e.g. Cabezas et al., 2009b; Español et al., 2013; Gallardo et al., 2012a). This is primarily due 
to differences in flood frequency, surface and subsurface flows, water quality and habitat 
successional state. For instance, constructed wetlands provide a higher taxonomic and 
functional diversity to the floodplain than do natural ones (Español et al., 2015; Gallardo et 
al., 2012a), while primary production (responsible for the sequestration of CO2) is higher in 
natural wetlands (Español et al., 2013). However, no information about their contribution to 
greenhouse gas emission is yet available. 
The shore and the centre of each wetland were selected as sampling points to cover 
the full range of environments available. Environmental characteristics and methane 
emissions were studied seasonally at each sampling point in autumn (October–November 
2012), winter (February–March 2013), spring (June 2013) and summer (August 2013). These 
seasonal measures allowed incorporating a maximum variation range of environmental 
conditions throughout the year.  
 
2.2 Environmental characteristics 
Surface area (Ha) was obtained from digitalised aerial photographs. Age (years) was 
calculated from the date of construction or from first observation according to Cabezas et al. 
(2008). Average wetland depth (Depth, m) was measured along transects from shore to 
centre in each wetland and sampling date. For each wetland and sampling date, we 
calculated three parameters that accounted for hydrological spatial and temporal variability.  
Days since Last Connection (DLC, days) is the number of days between the sampling date 
and the date that the river flow rose above the established flow limit in each wetland. Flood 
Frequency (FF) and Total Flood Duration (TFD, days) are the number and total duration of 
flood events above the flow limit since the last extraordinary flood affecting all studied 






wetlands in February 2003 (river discharge > 3000 m3·s-1). We used river daily flow values 
extracted from publicly available gateways (Ebro River Hydrographic Authority; 
http://www.chebro.es) to calculate these hydrological metrics.   
During each sampling campaign, triplicate water samples were collected at a depth of 
10 cm at each sampling point directly into 1.5 L PVC bottles previously washed in acid (CLH 
0.1 N). The samples were then placed on ice (see total number of samples in Table 2).       
The alkalinity of the unfiltered water samples was estimated within 4h of collection by 
automatic titration with H2SO4 0.04 N (APHA, 1989). Total suspended solids, total dissolved 
solids and organic matter content were determined by the gravimetric method, filtering 
samples through pre-combusted (450 ºC, 4 h) Whatman GF/F glass-fibre filters following 
standard protocols (APHA, 1989). Chlorophyll a samples were filtered through Whatman 
GF/F glass-fibre filters, extracted in 96% ethanol for 24 h and analysed using the 
spectrophotometric method (Thermo Helios α; APHA, 1989). Filtered water aliquots were 
stored at -20 ºC and used within one month for remaining analyses. Ion chromatography 
(Metrohm 861 Advanced Compact IC; APHA, 1989) was applied to determine dissolved 
inorganic nitrogen (DIN = NH4+ + NO2- + NO3-) and sulfate (SO42-) concentrations. Soluble 
reactive phosphorous was measured by the ascorbic acid method (APHA, 1989).               
Total dissolved phosphorous was also estimated by the ascorbic acid method, but a previous 
potassium persulfate digestion was performed (90 min, 115 °C) (APHA, 1989). Finally, water 
temperature, pH, conductivity and dissolved oxygen were recorded in situ by portable 
probes (WTW Multiline P4 and Hach-Lange HQ). Photosynthetic active radiation (PAR) was 
also measured at 5–10 cm below the surface using a sensor (Solar Light Co., PAR detector 
PMA2132). Due to technical difficulties, the oxidation-reduction potential (ORP) of water 
was only measured in spring and summer with a portable probe. For this reason, ORP is only 
used for general comparison between natural and constructed wetlands and is not directly 
included in the statistical analyses.  
 
2.3 Methane emission (CH4 flux) 
Diffusive methane emissions rates were seasonally measured in each wetland using 
floating gas-sampling chambers (36 L volume, 0.09 m2 area and colourless methacrylate 
chambers). Three chambers were placed on the shore (shallow water) and another three 






chambers in the centre (deep water) of each wetland. The chambers were designed so that 
5 cm of the chamber walls were submerged, ensuring that the chamber would float just 
under the surface of the water and creating a seal from the ambient environment. They 
were equipped with a special tube with a rubber septum in its external end through which 
gas samples were transferred to a gas bag with a manual pump (GAV-200 MKII, SGE).          
To capture daily variation in methane emissions due to diurnal temperature fluctuations 
(Nahlik and Mitsch, 2010), two gas samples were taken in each chamber over a 5–7 h period: 
morning (between 9:00 and 11:00 a.m.) and afternoon (between 17:00 and 19:00 p.m., 
before dark) (Bastviken et al., 2002). Thermometers were installed inside the chambers so 
that temperature was recorded after each extraction. Water level (depthc) under the 
chambers was also measured at each sampling campaign. Gas samples were returned to the 
laboratory and analysed within 24 h of collection with a gas chromatograph (Agilent          
GC-7820A) equipped with a flame ionization detector (FID) and a 0.33 m Porapack Q column. 
Flow rates were 20 mL·min-1 for nitrogen as the carrier gas, 400 mL·min-1 for air and             
30 mL·min-1 for hydrogen. The temperatures of the oven, injector and detector were 60, 200 
and 250 ºC, respectively. Samples from the gas bags were manually injected with a syringe 
(0.8 mL) to the valve fitted with a 0.5-mL sample loop. The loop was flushed with at least 
four times its volume of the sample before injection. Two concentrations (1 and 10 ppmv) 
were used to create a calibration curve for methane, using standards balanced with 
nitrogen.  
Gas chromatograph results were corrected by weight, density, chamber volume and 
chamber temperature, and methane fluxes were calculated following Nahlik and Mitsch 
(2011): 
m = c x [(P x M)/(R x T)]  (1) 
where m is the methane concentration by weight (g CH4·m-3), c the methane concentration 
by volume (ppmv = 10-6 cm3·cm-3 = 1 cm3·m-3), P the atmospheric pressure (assumed 1 atm), 
M the molecular weight of the gas (CH4: 16.04 g·mol-1), R the Universal Gas Constant 
(82.0575 atm·cm3/mol·K) and T the absolute temperature (K) of the chamber at the time of 
each sample.  
 






Methane flux rates were calculated according to the following equation: 
Fme = [(V/A) x (dm/dt)] x (12/16)   (2) 
where Fme is the flux rate (mg CH4-C·m-2·h-1), V the chamber volume (m3), A the sample 
surface area of the chamber (m2), dm/dt the slope of the chamber concentration over time 
(mg CH4·m-3 h-1) and 12/16 the conversion rate of mg CH4 to mg CH4-C.  
 
2.4 Statistical analysis 
All variables except pH were log(x + 1) transformed to normalise distributions and 
linearize relationships. Because data continued to show a non-normal distribution 
(Kolmogorov-Smirnoff test, p < 0.05), non-parametric Mann-Whitney U (for two samples) 
and Kruskal-Wallis (for k samples) tests were applied to identify significant differences in 
environmental features and methane emission rates between natural and constructed 
wetlands within each riparian area and among seasons.  
Generalized Additive Models (GAMs; Hastie and Tibshirani, 1990) were used to 
identify the environmental characteristics that drive methane emissions in constructed and 
natural wetlands. Only non-correlated (Spearman rank test r < 0.6) physicochemical and 
hydrological parameters were considered: sampling season, conductivity, dissolved oxygen, 
chlorophyll a, turbidity, total organic carbon, nitrates, total dissolved phosphorous, 
temperature and days since last connection. Model selection followed an automatic 
stepwise forward selection of predictors based on the lowest Akaike Information Criteria 
(AIC) that quantifies the goodness of fit of multiple alternative models. Additionally, we 
evaluated the individual effect of each variable in the methane emission response. These 
two complementary procedures allowed identifying variables contributing the most to the 
model individually and in combination with the remainder of predictors. 
Non-parametric analysis of variance (Mann-Whitney U and Kruskal-Wallis tests) and 
correlation analysis (Spearman test) were performed using SPSS version 18.0 (©SPSS, Inc., 
Chicago). GAMs were computed with the ‘mgcv’ package (Wood, 2011) in R version 2.15.3  
(R Core Team 2013).  
 
 






2.5 Literature review: Methane emission in restored wetlands   
To further investigate the inclusion of methane emission assessments in restoration 
projects and the driving factors of methane emission, we performed an exhaustive literature 
search on the Web of Science. Keywords included ‘wetland OR oxbow OR floodplain OR 
lake’AND ‘constructed OR restored OR created OR manmade’ AND ‘greenhouse OR CH4 OR 
methane’. This search was performed on the 27th of May of 2015, including all articles 
published until this date, and provided 55 hits. We individually checked all of the articles and 
selected 23 that specifically addressed methane emissions in either ecologically restored 
wetlands (including the construction of entirely new wetlands) or for wastewater treatment. 
Reviewed papers covered a wide range of climatic and environmental conditions across 
Europe, North America and Asia. From each article, we retrieved the following information: 
restoration goal (i.e. biodiversity conservation or wastewater treatment), location, methane 
flux values and major factors that control the response of methane emissions. This review 
provides grounds to compare the results from this study with other studies worldwide, as 
well as to identify the most common factors controlling methane emissions in the literature. 
 
3. Results 
3.1 Environmental characteristics of constructed and natural wetlands 
Natural wetlands were older (51–66 years) and larger (10–70 ha) than constructed 
wetlands (6–26 years, 0.4–0.9 ha respectively) (Table 1). Regarding hydrological conditions, 
natural wetlands were generally deeper and more frequently flooded (Tables 1 and 2).    
Total organic carbon (Z = -6.00, P < 0.01, N = 192), total nitrogen (Z = -3.06, P < 0.01,              
N = 192), turbidity (Z = -5.36, P < 0.01, N = 192) and total dissolved phosphorous (Z = -4.89,    
P < 0.01, N = 192) were two-fold in natural wetlands (Table 2). In contrast, constructed 
wetlands showed twice lower chlorophyll a than natural wetlands (Z = -4.8, P < 0.01,              














Table 1. Characteristics of natural and constructed wetlands investigated in this study.  
Riparian 









1    C1a Constructed 8 0.58 1.08 ± 0.49 2500 Silt and gravel 
   C1b Constructed 6 0.53 1.23 ± 0.55 2500 Silt 
   N1 Natural 66 10.33 1.95 ± 0.78 1200 Silt 
2    C2a Constructed 26 0.38 1.37 ± 0.57 600 Gravel 
   C2b  Constructed 7 0.84 0.96 ± 0.56 3000 Silt 
   N2  Natural 51 70.3 1.03 ± 0.64 400 Silt 
3    C3 Constructed 16 0.94 1.35 ± 0.68 900 Silt 
   N3 Natural 66 35.45 1.39 ± 0.75 800 Silt 
 
FL = Flow Limit, the river discharge that allows the surface connection between the wetland and the main channel. 
 
All physicochemical and hydrological parameters showed significant seasonal 
variations (Table A1, Supplementary Material). For instance, temperature (X2 = 156.9,             
P < 0.001, N = 192), conductivity (X2 = 20.0, P < 0.001, N = 192), turbidity (X2 = 10.2, P < 0.001, 
N = 192), soluble reactive phosphorous (X2 = 117.5, P < 0.001, N = 192) and total organic 
carbon (X2 = 19.1, P < 0.001, N = 192) were highest in spring and summer, whereas dissolved 
oxygen (X2 = 60.3, P < 0.001, N = 192) and hydrological connectivity (Depth: X2 = 64.0,              
P < 0.001; DLC; X2 = 24.0, P < 0.001; FD: X2 = 26.6, P < 0.001) were greatest in winter.   
 
3.2 Methane emission in constructed and natural wetlands 
Methane emission rates were significantly lower in constructed than in natural 
wetlands (Table 2 and Fig. 2) and varied seasonally, being greatest in summer and lowest in 
winter (Table A2). Differences among wetlands were especially evident in summer (Fig. 2), 
when methane emissions rates were two to 40 times higher in natural wetlands (Table A2).  
Among wetlands, natural N3 and N2 showed the highest methane emissions         
(9.35 mg CH4-C·m-2·h-1 and 6.85 mg CH4-C·m-2·h-1 respectively). In contrast, the lowest values 
were found in constructed wetlands C1a and C1b (3·10-4 mg CH4-C·m-2·h-1 and 4·10-4               







































































































































































































Fig. 2. Methane emissions in three natural and five constructed wetlands. Results from non-parametric analysis of variance 
(Kruskal-Wallis test) between natural and constructed wetlands are shown in the upper right corner of each graphic. 
Significant differences between pairs of wetlands are represented by * (P < 0.05) and ** (P < 0.01) (Mann-Whitney U test). 
Grey circles indicate outliers. 
 
3.3 Environmental factors controlling methane emission in constructed and natural 
wetlands 
According to univariate GAMs, water temperature, turbidity, chlorophyll a, nitrate 
and total phosphorous concentration were some of the physicochemical variables driving 
methane emissions both in constructed and natural wetlands (Table 3).  While small 
differences were detected between types of wetlands, univariate GAM models showed that 
methane emission rates generally increased with increasing water temperature, turbidity 






and chlorophyll a and decreased almost linearly with increasing dissolved oxygen and nitrate 
concentration (Fig. 3). An intermediate frequency of surface connection (DLC) seems to 
favour emissions in natural wetlands, whereas connectivity was less important in 
constructed wetlands (Fig. 3).  
 
Table 3. Results of Generalized Additive Models (GAMs) used to evaluate the response of methane emissions to 
physicochemical and hydrological parameters. In multivariate models, explanatory variables were selected by forward 
stepwise selection.  
Variables 
Univariate models – CH4 fluxes Multivariate model – CH4 fluxes 
Constructed wetlands 
(N = 120) 
Natural wetlands 
(N = 72) 
Constructed wetlands 
(N = 120) 
Natural wetlands 
(N = 72) 
F D2 (%) F D2 (%) F F 
Campaign:  17.9  33.3   
Autumn 1.17 (n.s.)  3.09 (**)  -1.00 (n.s.)  
Winter -0.62 (n.s.)  -2.02 (*)  -0.11 (n.s.)  
Spring 3.12 (**)  0.36 (n.s.)  2.04 (*)  
Summer 3.32 (**)  3.72 (***)  1.47 (n.s.)  
Age 2.36 (n.s.) 4.0 -1.84 (n.s.) 4.6   
Temp 21.97 (***) 15.7 10.99 (***) 24.8 4.62 (**) 7.16 (**) 
EC 6.92 (**) 5.5 5.78 (**) 19.2 35.07 (***) 11.89 (***) 
O2 1.29 (n.s.) 3.4 4.03 (*) 13.9  16.89 (***) 
Turb 11.19 (***) 22.6 11.07 (***) 31.7  13.47 (***) 
Chla 9.56 (***) 19.5 6.26 (**) 21.0 4.97 (**) 10.90 (***) 
TOC 1.06 (n.s.) 0.9 3.85 (*) 14.5  8.83 (**) 
NO3 14.80 (***) 21.0 8.80 (***) 28.4 12.98 (***) 12.77 (***) 
TDP 6.85 (***) 14.8 6.23 (***) 22.0  8.07 (***) 
DLC 3.85 (n.s.) 3.2 3.14 (*) 14.8 27.76 (***) 7.57 (**) 
     Intercept = -1.00 (n.s.)  
Estimate = -0.25 
D2 = 62.4 % 
Intercept = 13.56 (***)  
Estimate = 0.46 
D2 = 83.3% 
 
P-values: *** < 0.001; ** < 0.01; * < 0.05; n.s. (not significant). D2 = total deviance explained by the model. N = sample size. 
See Table 2 for variable abbreviations. 
 
Multivariate GAMs were able to explain a large proportion of methane emission rates 
(62 to 83%, Table 3), thereby suggesting that water physicochemical conditions provide 
appropriate grounds to evaluate emission trends. When evaluated jointly, water 
conductivity, dissolved oxygen, nitrate concentration and hydrological isolation were 
highlighted as the most important predictors. Methane emissions decreased linearly with 
water conductivity and increased with hydrological isolation in constructed wetlands, 
whereas emissions were greatest under conditions of low oxygen and high nitrate 
concentration in natural wetlands (Fig. A1). 







Fig. 3. Response of methane emissions to nine physicochemical and hydrological variables in constructed and natural 
wetlands according to univariate Generalized Additive Models (GAMs). Sample location is displayed in the x-axis (upper 
ticks). Continuous black and red lines represent GAM fitted trends for natural and constructed wetlands respectively. 
Dashed lines represent 95% confidence intervals around the smoothed function. See Table 2 for variable abbreviations. 
 
3.4 Literature review: Methane emission in restored wetlands   
According to the literature review, hydrology (i.e. water level fluctuations), 
vegetation coverage and composition and organic matter accumulation were the most 
frequently cited factors controlling methane emissions in ecologically restored wetlands   
(Fig. 4A). In contrast, nutrient concentration, particularly of nitrogen compounds, was 
important in wastewater treatment wetlands (Fig. 4A). Emission rates in this kind of 
wetlands were significantly higher than in ecologically restored wetlands (Fig. 4B).               
The maximum methane emission value reached in our studied constructed wetlands was 
higher than the average of ecologically restored wetlands but lower than the average of the 
wastewater treatment wetlands (Fig. 4B).  







Fig. 4. A) Environmental factors driving methane emissions in ecologically restored and wastewater treatment wetlands 
most frequently reported in the literature. B) Methane emission in ecologically restored and wastewater treatment 
wetlands. Values correspond to maximum rates (log (x+1)) measured in each type of wetland and are extracted from the 
literature (see Table S3). 
 
4. Discussion 
4.1 Factors driving methane emissions in natural and ecologically restored wetlands  
Diel methane fluxes in natural wetlands were on average four times (260%) higher 
than in constructed wetlands during the study period. Accordingly, Nahlik and Mistch (2010) 
found methane fluxes over 15% higher in natural than in restored temperate wetlands and 
associated this observation with vegetation development favouring greater accumulation of 
organic carbon in the sediments of natural wetlands over time. Likewise, our statistical 
models revealed that methane emissions are controlled by factors directly and indirectly 
linked to organic matter accumulation and decomposition. First, a high nutrient 
concentration (e.g. nitrates, total organic carbon) favours phytoplankton productivity and 
microbial activity (Español et al., 2013; Gonzalez-Valencia et al., 2014; Juutinen et al., 2009).  






This in turn results in an increase in organic matter accumulation and oxygen consumption 
that promote methane production and emission (Altor and Mitsch, 2006; Bastviken et al., 
2008). It is thus not surprising that emission rates are much higher in natural wetlands 
characterised by a high nutrient concentration when compared to relatively oligotrophic 
restored wetlands. In the Ebro river-floodplain, nutrient inputs in natural wetlands include 
not only the degradation of natural vegetation, as suggested by Nahlik and Mistch (2010), 
but also diffuse runoff from agricultural fields located in the surroundings. Second, our 
models suggest that methane emissions are promoted by hydrologic isolation, which favours 
anoxic conditions and organic matter accumulation in wetland soils (Bernal and Mitsch, 
2008; Nahlik and Mitsch, 2010). Indeed, high primary productivity rates (Gallardo et al., 
2012b) and the accumulation of sediments after floods have resulted in the accretion of 
large amounts of organic matter in the top 30–50 cm of sediments of natural wetlands in the 
Ebro River floodplain, particularly after the regulation of the catchment in the 1960s 
(Cabezas et al., 2009). In contrast, organic matter accumulation is still low in constructed 
wetlands, which are relatively young and dominated by gravel substrata (Cabezas et al., 
2009a).  
While factors directly or indirectly related to organic matter deposition seem to drive 
methane emissions, other environmental factors may play a role. For example, Sha et al. 
(2011) associated low methane emissions in a natural oxbow lake not only to low primary 
productivity but also to a significant dry period that favoured methane oxidation. 
Differences in wetland morphology may also influence methane dynamics; for example, 
lower depths and greater areas favour a decreasing of the hydrostatic pressure that releases 
methane by ebullition and diffusion (Barlett and Harris, 1993; Bastviken et al., 2004). 
Temperature and its seasonal variations were also suggested as one of the primarily drivers 
of methane fluxes in wetlands (e.g. Altor and Mitsch, 2008; Bastviken et al., 2002; Brix et al., 
2001; Morin et al., 2014b). The generally higher temperature and lower water level in 
summer favour oxygen consumption via organic removal (i.e. microbial activity) (Inamori et 
al., 2007; Sha et al. 2011), besides producing a decreasing of the hydrostatic pressure (Aura 
et al., 2011; Belger et al., 2010; Herbst et al., 2011).  
 






4.2 Methane emission in ecologically restored wetlands: design to success 
According to our literature review, methane emissions reach higher values in 
wetlands restored for treating wastewater than in wetlands restored or constructed to 
compensate for habitat loss, although emission rates showed large variation. In general 
terms, methane flux differences among types of restored wetlands can be associated with 
their environmental conditions. Notably, more than 50% of the studies identified water 
temperature as the main driver, showing a positive relationship with methane emission 
rates. This factor is especially relevant in a global context, suggesting a positive feedback 
between greenhouse emissions from natural wetlands and global warming (IPCC, 2014). 
Unfortunately, water temperature cannot be actively managed from a restoration point of 
view. For this reason, it is important to understand and anticipate the role of other factors    
- such as hydrological connectivity, vegetation cover and nutrient content - that can be 
modified to reduce the greenhouse gas contribution of restored wetlands. For example, 
Altor and Mitsch (2008) proposed the incorporation of seasonal floods followed by drier 
periods during the growing season in restored riparian wetlands to minimize up to 70% of 
their methane emissions. Some of the reviewed studies (e.g. Maltais-Landry et al., 2009; 
Nahlik and Mitsch, 2010) have found that increasing macrophyte diversity in constructed 
wetlands results in lower methane emissions. Further, the re-vegetating wetlands rather 
than promoting their self-colonization has been suggested to reduce their contribution to 
greenhouse gas emissions (Nahlik and Mistch, 2010; Sha et al., 2011). This is because        
self-colonized constructed wetlands showed greater values of primary productivity and, 
consequently, higher organic carbon accumulation in sediments, thereby producing up to 
70% more methane than re-vegetated restored wetland. These results differ with those 
obtained in wastewater treatment wetlands (e.g. Wang et al., 2008, 2013; Zhu et al., 2007) 
where methane emissions were higher in unvegetated and monoculture systems (low 
macrophyte diversity) than in polyculture systems (high macrophyte diversity). Such 
contrasting observations can be related to the different contribution of macrophytes to the 
carbon pool for methanogen growth (Bhullar et al., 2014; Inamori et al., 2007; Wang et al., 
2013). In accordance with our empirical results, several studies (e.g. Nahlik and Mitsch, 
2010; Mander et al., 2003a, Waletzko and Mitsch, 2014) suggest that high nutrient content 
(e.g. DOC, TN, TP) directly and indirectly promote methane production and emissions.       






This is more evident in wastewater treatment wetlands where inputs of nitrogen and 
phosphorous compounds are extremely high, reaching methane emission values over 100 
mg CH4-C·m-2·h-1 (e.g. Søvik et al., 2006; Wang et al., 2008, 2013).  
In summary, in this study we confirm our initial hypothesis that the ecological 
restoration of wetlands in degraded floodplains allows not only increasing local biodiversity 
as already demonstrated (Gallardo et al., 2012a, Español et al., 2013) but also reducing 
methane emissions. While primary factors affecting methane emissions are similar, 
emissions are overall four times lower in constructed than in natural wetlands. This is likely 
because ecologically restored wetlands are at an initial stage of development, feature 
gravel-dominated sediments and provide conditions of low turbidity, nitrogen and 
phosphorous concentration, which altogether result in low organic matter accumulation and 
methane emission. This observation suggests that it is possible to reduce methane emissions 
in wetlands by controlling aspects such as water quality, hydrological connectivity and 
vegetation cover and diversity, and provides added value to promote the ecological 
restoration of degraded floodplains. It must be noted that ecologically restored wetlands 
may reach high methane emission rates at the medium- to long-term because of vegetation 
development and subsequent organic matter accumulation in sediments (Nahlik and Mistch, 
2010). For this reason, hydrological connectivity and vegetation development must be 
carefully considered in restoration projects. We finish by highlighting the importance of 
establishing the ultimate goals and objectives of ecologically restored wetlands, and 
prioritize the range of ecosystem services that they may provide so that management 
techniques can be designed for success (Erwin, 2008). Understanding and controlling for the 
carbon cycle in restoration projects is essential as part of climate change adaptation and 
mitigation strategies. For this reason, we advocate for the design of effective multi-service 
wetlands that not only increase biodiversity locally, but also mitigate greenhouse gas 
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Table A2. Methane emission (mean ± SD) in five constructed (C1a, C1b, C2a, C2b and C3) and three natural wetlands       
















C1a 0.006 ± 0.003 0.004 ± 0.004 0.060 ± 0.026 0.529 ± 0.310 
C1b 0.009 ± 0.003 0.014 ± 0.012 0.052 ± 0.017 0.282 ± 0.350 
N1 0.015 ± 0.007 0.029 ± 0.023 0.029 ± 0.008 1.179 ± 0.720 
2 
C2a 0.016 ± 0.006 0.014 ± 0.003 0.100 ± 0.018 0.087 ± 0.057 
C2b 0.047 ± 0.013 0.031 ± 0.012 2.026 ± 0.970 1.727 ± 2.566 
N2 0.715 ± 0.832 0.049 ± 0.057 1.742 ± 1.897 3.385 ± 2.816 
3 C3 0.294 ± 0.243 0.018 ± 0.008 0.314 ± 0.124 0.241 ± 0.113 
N3 1.673 ± 2.974 0.015 ± 0.011 0.641 ± 0.477 3.376 ± 3.805 
 
N = total number of gas samples taken in each type wetland for each sampling campaign.  








Table A3. Literature review of methane emissions in constructed or restored wetlands. Data show the range of methane 
emission rates. The emission values are given in mg CH4-C·m




Location CH4 fluxes  
(mg CH4-C·m-2·h-1) 




Switzerland 1.87·10-4 to 1.31·10-3  Vegetation (coverage and composition) Bhullar et al. 2014 
Denmark 0.62 to 4.69 Temperature; vegetation (coverage); wind 
velocity 
Herbst et al. 
2011 
Netherland -0.40 to 17.91       N and P compounds; hydrology Petrescu et al. 2009 
EEUU 
-0.23 to 1.11 Hydrology Altor and Mitsch 2008 
3.33 to 20.00 
Temperature; vegetation (coverage); wind 
velocity 
Matthes et al. 
2014 
0.44 to 1.61 Temperature Morin et al. 
2014b 
0.45 to 5.36                          




0.02 to 20.5  Organic matter; temperature; vegetation 
(coverage); hydrology 
Sha et al. 2011 
-4.22 to 70.93  Temperature  
Stefanik and 
Mitsch 2014 
-0.60 to 88 Carbon; hydrology; temperature Waletzko and Mitsch 2014 
Spain 
3.00·10-4 to 6.67 
 
Chlorophyll a; conductivity; temperature; 




EEUU  -0.34 to 29.24 Temperature 
Brooker et al. 
2014 
 
Japan 0 to 48.75 Vegetation (coverage); oxygen; temperature Inamori et al. 
2007 
Sweden -11.72 to 54.34 Temperature; N compounds 
Johansson et al. 
2004 




-1.66·10-3 to 87.08  
Hydrology; turbidity; oxygen; N and P 
compounds 
Mander et al. 
2003a 
0.03 to 9.71 Temperature; hydrology Teiter and Mander 2005 
Estonia and 
Germany 0.03 to 12.1 
Hydrology; temperature; turbidity; N and P 
compounds 
Mander et al. 
2003b 





- 1.33 to 1583  Temperature  Søvik et al. 2006 
    
Japan 
0 to 523.75  Vegetation (coverage); oxygen; N and P compounds; carbon  Wang et al. 2008 
1.56·10-3 to 0.60 
Vegetation (coverage); temperature; 
hydrology; sulfate; N compounds Zhu et al. 2007 
China 
0 to 186.97 Vegetation (coverage); carbon; oxygen; N compounds; temperature Wang et al. 2013 
0.95 to 2.27  N compounds; carbon Yan et al. 2012 
 







Figure A1. Response of CH4 emission (log(x+1)) to physicochemical and hydrological variables selected by the multivariate 
model (stepwise selection, GAM) in constructed and natural wetlands. Sample location is displayed in the x-axis (upper 
ticks). Dashed lines represent 95% confidence intervals around the smoothed function. See Table 2 for variable 
abbreviations. 
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1. Factores reguladores de la estructura y funcionalidad de llanuras de inundación 
restauradas 
En la presente tesis se han identificado a la cobertura vegetal, la calidad del agua y la 
hidrodinámica como los principales factores que regulan la estructura y funcionalidad de las 
llanuras de inundación. Estos tres factores son responsables de las diferencias encontradas 
entre humedales naturales y restaurados en cuanto a composición y diversidad taxonómica 
y funcional de las comunidades acuáticas (Capítulo 1) y entre usos del suelo (i.e. forestal o 
agrícola; Capítulo 2) de la llanura de inundación de estudio (Fig. 1). Asimismo, son 
responsables de la menor actividad metabólica y emisión de gases de efecto invernadero 
registradas en los ecosistemas restaurados en comparación a los ecosistemas naturales de la 
llanura de inundación degradada (Fig. 1; Capítulos 3 y 4, respectivamente).  
 
1.1. Calidad fisicoquímica del agua 
La calidad fisicoquímica del agua juega un papel muy importante en la regulación de 
la estructura y funcionalidad de los ecosistemas acuáticos (Grayson et al. 1999; Moreno-
Mateos et al. 2012). Así, por ejemplo, ha sido ampliamente estudiado el efecto de la calidad 
del agua en relación a su contenido de nutrientes (p.ej. compuestos de nitrógeno y fósforo) 
o presencia de contaminantes (p.ej. pesticidas y metales pesados) sobre la diversidad y 
composición de comunidades de invertebrados acuáticos (p.ej. Bêche y Statzner 2009; 
Gallardo et al. 2011). De acuerdo a los estudios realizados, la calidad del agua no sólo influye 
en la presencia, riqueza y abundancia de especies, sino también en las funciones aportadas 
por dichas comunidades al ecosistema (p.ej. Heino 2005, 2008; Dolédec y Statzner 2008; 
Kleinebecker et al. 2010). La fuerte presión agrícola y pérdida de hidrodinamismo que sufren 
la mayoría de llanuras de inundación, como la estudiada, aumentan los niveles de 
eutrofización y turbidez de sus humedales naturales, repercutiendo sobre la diversidad de 
hábitats y especies (Hipótesis 1.1.). Por el contrario, la mejor calidad fisicoquímica del agua 
(i.e. menor contenido de nitrógeno, fósforo y turbidez) característica de humedales 
restaurados favorece la presencia de una comunidad acuática diversa en cuanto a especies y 
papeles funcionales (Hipótesis 1.1.; Fig. 1; Fig. 2; Capítulo 1).  







Fig. 1. Esquema de los principales factores reguladores de la estructura y funcionalidad de ecosistemas acuáticos naturales 
(a) y restaurados (b) en las llanuras de inundación del río Ebro (tramo medio). El grosor de las flechas rojas es proporcional 
a los valores de cada parámetro, y corresponde a los flujos de materia y energía. Entre paréntesis se muestran los valores 
medios obtenidos en esta tesis de indicadores estructurales y funcionales para la época de mayor funcionalidad                
(i.e. primavera y/o verano, periodos cálidos).  CH4 = emisión de metano (mg CH4-C/m
2·h); NEPw = producción neta del 
ecosistema a nivel pelágico (mg C/m3·h); NEPc = producción neta del ecosistema a nivel béntico (mg C/m
3·h);                          
A = abundancia de la comunidad de macroinvertebrados acuáticos (nº individuos); Stx = riqueza taxonómica (nº taxones); 
Htx = índice de diversidad taxonómica de Shannon; Sf = riqueza funcional (nº funciones); Hf = índice de diversidad funcional 
de Shannon. La capacidad biogeoquímica de filtración y de trituración de materia orgánica del acuífero aluvial son 
indicadores adimensionales y por tanto carecen de unidades. (Fuente propia). 
 
Por el contrario, un bajo contenido de nutrientes no tiene necesariamente un efecto 
positivo en la funcionalidad del ecosistema (Fig. 2). La falta de nutrientes limita el 
crecimiento de fitoplancton (Staehr et al. 2010), reduciendo la producción primaria del 
ecosistema (Fig. 2) y limitando por tanto la acumulación de materia orgánica y carbono 
(Petersen et al. 1997; Cole et al. 2000; López-Archilla et al. 2004). Este efecto se traduce en 
bajas tasas de producción neta del ecosistema (NEPw y NEPc) observadas en los humedales 







de estudio (Hipótesis 1.2; Fig. 1; Capítulo 3). No obstante, la mayor productividad de los 
humedales naturales se debe, principalmente, al aporte extra de nutrientes procedente de 
los campos de cultivo. Este aporte extra no sólo favorece la mayor acumulación de materia 
orgánica, sino que también  genera condiciones de anoxia en los sedimentos; lo cual 
favorece la producción de metano y su consecuente emisión a la atmósfera (Altor y Mitsch 
2006; Bastviken et al. 2008; Juutinen et al. 2009; Gonzalez-Valencia et al. 2014). Este hecho 
explicaría la menor contribución en la emisión de gases de efecto invernadero de los 
humedales restaurados en llanuras de inundación degradadas (Hipótesis 1.3; Fig. 1 y 2; 
Capítulo 4). 
Fig. 2. Respuesta de 
indicadores estructurales  
(i.e. índices de diversidad 
taxonómica) y funcionales 
(i.e. índices de diversidad 
funcional; producción neta 
del ecosistema béntico y 
pelágico; y emisión de 
metano) al contenido de 
nitrógeno, fósforo y materia 
orgánica en el agua y a su 
turbidez para una serie de 
humedales naturales y 
restaurados de la llanura de 
inundación del tramo medio 
del río Ebro. (Fuente propia). 
 
En comparación al ambiente superficial, se sabe poco de las características y factores 
reguladores de la estructura y funcionalidad del ambiente subterráneo, el cual suele ser muy 
estable en cuanto a sus características fisicoquímicas (Fakher et al. 1998; Danielopol et al. 
2003; Iepure et al. 2013). En esta tesis, hemos observado cómo los cambios en la calidad 
fisicoquímica del acuífero aluvial también afectan a la biota de este medio (Hipótesis 1.1;  
Fig. 3). Una elevada presión agrícola en la llanura de inundación reduce significativamente la 
diversidad y abundancia de la comunidad de invertebrados del medio subterráneo (Fig. 1; 
Capítulo 2). Esto podría deberse al uso de fertilizantes (p.ej. compuestos fosfatados) y 
pesticidas que impiden la supervivencia de muchas especies, reduciendo consecuentemente 






la diversidad y capacidad funcional de estas comunidades (Boulton et al. 2008; Korbel y 
Horse 2011). En este sentido, en la presente tesis se ha observado un efecto negativo del 
exceso de fosfatos sobre la comunidad de invertebrados subterráneos; mientras que los 
nitratos tuvieron un efecto positivo, incrementando incluso su capacidad biogeoquímica de 
filtración y de fragmentación de la materia orgánica (Hipótesis 1.1; Fig. 3).  
     
 
1.2. Heterogeneidad de hábitats  
En esta tesis hemos observado cómo una mayor heterogeneidad de hábitats, 
principalmente asociada a una mayor diversidad y cobertura vegetal, favorece diferentes 
aspectos estructurales y funcionales de la llanura de inundación (Hipótesis 2).  
Concretamente, la restauración de llanuras permite aumentar la heterogeneidad de 
hábitats, aumentando su diversidad vegetal y tipos de sustrato (i.e. gravas, limos) (Erman y 
Erman 1984; Paillex et al. 2007; Gallardo et al. 2012a). Además, proporciona hábitats 
“nuevos” para la llegada y establecimiento de especies, reduciendo así la competencia entre 
especies y aumentando su diversidad (Kleef et al. 2006; Ruhí et al. 2009). Este hecho ya fue 
observado por Gallardo et al. (2012a) en nuestra zona de estudio, dónde registraron la 
llegada de nuevas especies oportunistas con gran capacidad de dispersión y reproducción 
durante los primeros años (< 5 años) tras la restauración. Estos autores observaron incluso 
Fig. 3. Respuesta de indicadores estructurales (i.e. índices de 
diversidad taxonómica de la comunidad de invertebrados) y 
funcionales (i.e. índices de diversidad funcional; capacidad 
biogeoquímica de filtración y capacidad de fragmentación de materia 
orgánica de la comunidad de invertebrados) al contenido de 
nitrógeno, fósforo y materia orgánica en el agua del acuífero aluvial 








cómo los nuevos ambientes actuaban como fuente de especies a otras zonas de la llanura de 
inundación. La presente tesis confirma como dicha mejora se ha mantenido a medio plazo  
(5 – 15 años), ya que los humedales restaurados continúan registrando valores de diversidad 
taxonómica y funcional de macroinvertebrados significativamente superiores a los de otros 
humedales naturales en la llanura de inundación (Hipótesis 2.1. y 2.2; Fig. 1; Capítulo 1).  
En comparación a las comunidades de macroinvertebrados, la recuperación de la 
cobertura vegetal en ambientes restaurados es normalmente lenta (> 30 años), e incluso 
puede llegar a ser incompleta (Moreno-Mateos et al. 2012). En el área de estudio, González 
et al. (2010a) observó que en los hábitats creados en las llanuras de inundación 
predominaba el desarrollo de vegetación herbácea, la cual proporciona menor cantidad de 
materia orgánica y nutrientes al sistema que la vegetación madura (principalmente, especies 
leñosas) de los ecosistemas naturales. Este hecho podría explicar la menor cantidad de 
materia orgánica registrada en las aguas de los humedales restaurados de estudio (Fig. 4A), 
a diferencia de lo que nosotros esperábamos (Hipótesis 2.3 y 2.4). Estas condiciones limitan 
la recuperación de importantes funciones del ecosistema, como por ejemplo la producción 
neta del ecosistema (Hipótesis 2.3. y 2.4.; Fig. 2; Capítulo 3). No sólo la cobertura sino 
también la diversidad vegetal tienen repercusiones sobre la funcionalidad del ecosistema 
restaurado, en el que cada especie cumple un papel funcional diferente (Hipótesis 2.5.;     
Fig. 2; Capítulo 4). Así por ejemplo, se ha observado cómo una mayor diversidad vegetal 
puede ayudar a reducir la emisión de gases de efecto invernadero, ya que no todas las 











Fig. 4. A) Contenido de materia 
orgánica (OM) en las aguas  de 
una serie de humedales 
naturales y construidos de una 
llanura de inundación del río 
Ebro. B) Relación entre el 
contenido de materia orgánica 
en el acuífero aluvial y el 
porcentaje de superficie que 
ocupa el bosque de ribera (en 
un área de influencia de 50 m) 
en una llanura de inundación 
del río Ebro. (Fuente propia). 
 






La heterogeneidad de hábitats no sólo es importante en el medio superficial, sino 
también en el subterráneo, ya que influye en la composición y diversidad de la fauna 
hipogea (Castellarini et al. 2007). En este sentido, un aumento de la cobertura vegetal en 
retroceso de los usos agrícolas incrementa la diversidad taxonómica y funcional de la 
comunidad de invertebrados acuáticos de su acuífero aluvial, al aportar una mayor 
heterogeneidad de refugio y recursos (Hipótesis 2.1; Fig. 1 y 4B; Capítulo 2). Además 
favorece el establecimiento de especies clave, que participan en procesos tan importantes 
como el procesamiento de materia orgánica y la autodepuración del ecosistema (Hipótesis 
2.1; Capítulo 2). Diferentes estudios han observado el efecto de la heterogeneidad de 
hábitats superficiales en la calidad del agua del acuífero aluvial subterráneo. Así, por 
ejemplo, las especies leñosas tienen mayor capacidad de absorción de nutrientes que las 
especies herbáceas (Takatert et al. 1999). Por ello, un acuífero aluvial ocupado por bosque 
de ribera presenta un menor contenido de nitrógeno y fósforo en sus aguas subterráneas 
que aquellos ocupados por prados o usos agrícolas (Capítulo 2; Sanchez-Perez et al. 1991; 
Takatert et al. 1999). El tipo de sustrato del acuífero aluvial también determina la 
biodisponibilidad de nutrientes. Los sustratos limosos favorecen la reducción de nitratos, 
mientras que los sustratos arcillosos retienen compuestos fosfatados (Takatert et al. 1999). 
Es por todos estos motivos, que en llanuras de inundación degradadas caracterizadas 
por comunidades vegetales poco diversas y sustratos colmatados por sedimentos, la 
restauración y/o creación de humedales y la ampliación del bosque de ribera son una buena 
alternativa para aumentar la heterogeneidad y calidad de sus hábitats.  
 
1.3. Hidrodinámica 
Aunque la presente tesis está centrada en evaluar el efecto de la calidad 
fisicoquímica y la heterogeneidad de hábitats en la estructura y funcionalidad de las llanuras 
de inundación, los factores hidrológicos también juegan un papel muy importante.    
Estudios previos en la llanura de inundación de estudio (p.ej. Cabezas 2008; Gallardo 2009; 
González 2010) ponen de manifiesto la importancia de los factores hidrológicos en el 
funcionamiento de las llanuras de inundación. Dichos factores toman especial relevancia 
ante la fuerte regulación hídrica que sufre el río Ebro, un problema común a la mayoría de 







El aislamiento hidrológico de la llanura de inundación con el río limita la transferencia 
de especies y recursos, además de favorecer condiciones de anoxia y acumulación de 
nutrientes en los ecosistemas acuáticos de la llanura (Gascón et al. 2005; Cabezas et al. 
2009; Nahlik y Mitsch et al. 2010). Estas condiciones reducen no sólo la diversidad 
taxonómica y funcional de las comunidades acuáticas del medio superficial (Gallardo et al. 
2008, 2009; Jeffries 2011; Reckendorfer et al. 2012) y subterráneo (Boulton et al. 1998; 
Castellarini et al. 2007; Español et al. 2014; Comín et al., unpubl.), sino que también afectan 
a la actividad metabólica (Gallardo et al. 2012b), la supervivencia de la vegetación de ribera 
(González et al. 2012), la producción de hojarasca (González et al. 2010b) y la asimilación de 
carbono por parte del ecosistema (Cabezas et al. 2009), además de aumentar la producción 
y emisión de metano hacia la atmósfera (Capítulo 4). El aislamiento hidrológico de los 
ecosistemas restaurados en la zona de estudio podría por tanto afectar a su recuperación, al 
verse acelerados determinados procesos de degradación de ecosistemas como la 
acumulación de nutrientes y sedimentos y el envejecimiento de las comunidades acuáticas, 
tal y como parece haber ocurrido con los ecosistemas naturales adyacentes.  
Por todo ello, es de especial importancia recuperar la hidrodinámica de las llanuras 
de inundación para mantener a medio y largo plazo su biodiversidad y funcionalidad.          
Sin embargo, este tipo de medidas se deben aplicar en base a fundamentos ecológicos, ya 
que como señala Comín (2015) la conectividad hídrica también actúa como vía de expansión 
de especies invasoras y de dispersión de contaminantes a lo largo de la cuenca. 
 
2. La restauración ecológica como herramienta de gestión 
Los resultados obtenidos a lo largo de esta tesis evidencian la efectividad, al menos a 
corto y medio plazo, de la restauración de llanuras de inundación degradadas para la 
recuperación de su biodiversidad y funcionalidad. Un 89% de las funciones estudiadas y un 
61% de los indicadores estructurales consiguieron recuperarse e incluso mejorar tras la 
restauración (Tabla 1). Tal y como hemos discutido, este resultado parece asociado 
principalmente a la mejora de la calidad fisicoquímica del agua y a la mayor heterogeneidad 
de hábitats de los ecosistemas restaurados en relación a los naturales, los cuales se 
encuentran en un estado de degradación.  
 






Tabla 1. Grado de recuperación o mejora de indicadores estructurales y funcionales tras dos medidas de restauración de 
llanuras de inundación: i) construcción de humedales; y ii) ampliación del bosque de ribera. No recuperada o No mejorada – 
cuando el hábitat o ecosistema restaurado presenta valores significativamente peores en términos ecológicos que el 
ecosistema natural de referencia, o cuando la medida de restauración no ha supuesto una mejora ecológica del indicador. 
Recuperada - cuando el hábitat o ecosistema restaurado presenta valores similares al ecosistema natural de referencia. 
Mejorada - cuando el hábitat o ecosistema restaurado presenta valores significativamente mejores en términos ecológicos 




Construcción de humedales Ampliación bosque de ribera  (repercusión en el acuífero aluvial) 
Indicadores funcionales Indicadores estructurales Indicadores funcionales Indicadores estructurales 
No recuperada / 
No mejorada 
Metabolismo del ecosistema: 
- Producción neta del 
ecosistema a nivel pelágico 
(NEPw) 
 
Calidad fisicoquímica del 
agua:  
- Oxígeno disuelto 
- Materia orgánica 
- Carbono (total, TOC) 
Comunidades biológicas: 
- Biomasa de fitoplancton 
(clorofila a) 
 
 Calidad fisicoquímica del agua:  
- Potencial oxidación-reducción 
(ORP) 
- Carbono (disuelto, DOC) 
Comunidad de 
macroinvertebrados: 
- Índice de diversidad 
taxonómica de Shannon 
Recuperada 
Metabolismo del ecosistema: 
- Producción neta del 
ecosistema a nivel béntico 
(NEPc) 
Calidad fisicoquímica del 
agua:  
- Conductividad 







- Riqueza funcional. 
- Índice de diversidad 
funcional de Shannon  
 
Contribución al cambio 
climático: 
- Emisión de metano 
Calidad fisicoquímica del 
agua:  
- Sólidos totales en suspensión 





- Riqueza taxonómica 
- Índice de diversidad 




- Riqueza funcional. 
- Índice de diversidad 
funcional de Shannon  
- Capacidad biogeoquímica 
de filtración 
- Capacidad fragmentación 
materia orgánica particulada 
Calidad fisicoquímica del agua:  
- Conductividad 









Nuestros resultados están en consonancia con los obtenidos por Moreno-Mateos     
et al. (2012), que tras revisar proyectos de restauración a escala global, obtuvo unas tasas 
medias de recuperación funcional y estructural en torno al 74% y 77% respectivamente.  
Estos autores observaron cómo las tasas de recuperación eran más rápidas en regiones 
climáticas cálidas (templadas y tropicales), como es el caso de nuestra zona de estudio. 
Otros estudios también evidencian una rápida recuperación (< 3 años) de las comunidades 
acuáticas tras la restauración de llanuras (Kleef et al. 2006; Gallardo et al. 2012a).                
Sin embargo, esta rápida recuperación durante los primeros años, puede verse reducida a 
medio plazo (> 5 años) cuando la presión humana (p.ej. menor frecuencia de crecidas del río 
por la extrema regulación de caudales; aislamiento de la llanura por la constricción de 
cauces) resulta en ecosistemas muy estables. En este caso, las especies oportunistas que 
llegan inicialmente a los ecosistemas restaurados son sucedidas por especies adaptadas a 
condiciones de gran estabilidad, las cuales forman comunidades muy abundantes pero poco 







taxonómica y funcional de las llanuras de inundación son por tanto necesarios niveles de 
perturbación intermedia (Hildrew y Townsend 1987; Townsend et al. 1997; Leigh et al. 
2015). Estas condiciones permiten mantener tanto hábitats maduros como renovar y crear 
nuevos hábitats en la llanura. De esta forma se favorece la coexistencia de especies tanto 
maduras como pioneras, así como el establecimiento de especies resistentes y resilientes a 
perturbaciones naturales.  
Otros aspectos funcionales más relacionados con procesos biogeoquímicos, tales 
como la producción neta del ecosistema, no consiguieron recuperarse a corto y medio plazo 
(Capítulo 3; Reeder 2011). En este sentido, Moreno-Mateos et al. (2012) observaron que los 
ecosistemas restaurados no comenzaban a alcanzar niveles de madurez y estabilidad 
funcional similares a los observados en ecosistemas naturales de referencia, hasta al menos 
30 años tras su restauración. El tiempo de recuperación depende en parte del nivel de 
degradación del ecosistema a ser restaurado y del entorno que le rodea, así como de las 
medidas de restauración llevadas a cabo (Moreno-Mateos et al. 2015). De forma general, la 
restauración de ecosistemas acuáticos naturales pre-existentes que disponen de una 
estructura vegetal desarrollada y madura permite una rápida recuperación de diferentes 
aspectos estructurales y funcionales. Sin embargo, un ecosistema creado de cero por el 
hombre a menudo no dispone de una base vegetal desarrollada que le proporcione los 
inputs de materia orgánica y nutrientes necesarios para equipararse a los ecosistemas 
naturales de referencia (Fig. 4), retrasando así su recuperación.  
Por último, es de destacar que la estructura y funcionalidad de los ecosistemas 
restaurados puede diferir de los naturales como consecuencia de su propia dinámica 
(Moreno-Mateos et al. 2012, 2015). La trayectoria evolutiva de los ecosistemas restaurados 
está supeditada al contexto medioambiental y socioeconómico en que se desarrolla el 
proyecto, así como al tipo de diseño y gestión llevados a cabo (Fig. 5). En primer lugar, las 
condiciones climáticas, ambientales e hidrológicas a las que están sometidos los ecosistemas 
que son restaurados difieren de aquellas condiciones bajo las que se originaron y 
desarrollaron los ecosistemas naturales de referencia, lo que podría llevarles de forma 
natural a estadios evolutivos diferentes (Moreno-Mateos et al. 2012). En segundo lugar, la 
trayectoria evolutiva de los ambientes restaurados puede verse truncada por las fuertes 
presiones humanas (p.ej. usos agrícolas, regulación de caudales) que provocarían su 


























degradación a medio y largo plazo (Fig. 5; Fairchild et al. 2000; Hansson et al. 2005; Ruhí      
et al. 2012). Finalmente, el diseño y gestión de un proyecto de restauración también juega 
un papel muy importante en la recuperación del ecosistema (Fig. 5). La mayoría de 
proyectos de restauración se centran en un solo aspecto de interés, como por ejemplo: 
aumentar la biodiversidad (Fig. 5, ecosistema restaurado biodiverso; p.ej. Friberg et al. 1998; 
Palmer et al. 2010; Noreika et al. 2015), conservar especies de interés (p.ej. Araujo y Ramos 
2000; Myers et al. 2000; Primack et al. 2000; Brown 2003), o mejorar la capacidad de 
eliminación de nutrientes y contaminantes (Fig. 5, ecosistema restaurado funcional;         
p.ej. Mitsch et al. 2001; Comín et al. 2014). Sin embargo, un proyecto de restauración puede 
diseñarse y gestionarse para maximizar todos estos aspectos conjuntamente (Fig. 5, 











Fig. 5. Esquema de las trayectorias de un proyecto de restauración en función de los aspectos estructurales y funcionales 
tenidos en cuenta en su diseño y gestión. Las flechas representan flujos consecuencia de: i) medidas de restauración 
(flechas continuas negras); ii) perturbaciones humanas (flechas continuas blancas); y/o iii) perturbaciones naturales (flechas 
discontinuas). (Fuente propia). 
 
A pesar de que no siempre los ecosistemas restaurados consiguen alcanzar valores 
equivalentes a los ecosistemas naturales de referencia, todos los autores coinciden en 
señalar a la restauración ecológica como una medida de gestión efectiva para la 








3. Indicadores estructurales vs. Indicadores funcionales: ¿es necesario evaluar ambos 
tipos? 
Habitualmente, se ha considerado que existe una correlación directa entre la 
estructura y la función de un ecosistema, y que por tanto una mejora en la abundancia y 
diversidad de especies conlleva directamente la recuperación funcional del ambiente 
restaurado. Sin embargo, los resultados obtenidos en la presente tesis revelan que esto no 
sucede necesariamente (Fig. 6), sino que los aspectos estructurales o funcionales presentan 
tasas y niveles de recuperación diferentes tras la restauración, tal y como ha sido sugerido 
recientemente (p.ej. Grayson et al. 1999; Jax 2010; Moreno-Mateos et al. 2012). Así, por 
ejemplo, la rápida recuperación a nivel funcional de las comunidades acuáticas tras la 
restauración (Capítulo 1 y 2), y la menor emisión de gases de efecto invernadero de los 
ambientes restaurados (Capítulo 4), contrasta con una lenta recuperación de la producción 
neta del ecosistema, y por tanto de acumulación de carbono (Capítulo 3). Las tasas de 
recuperación también difieren enormemente entre tipos de comunidades: las comunidades 
vegetales necesitan el triple de tiempo (30 años de media) que las comunidades de 
invertebrados (3 – 10 años de media) para alcanzar los niveles de referencia (Moreno-
Mateos et al. 2012). Por ello, para poder evaluar más exactamente la tasa de recuperación 
del ecosistema restaurado, es necesario desarrollar planes de evaluación y monitoreo a 
medio y largo plazo que incluyan diferentes indicadores de estructura y funcionalidad, con el 
fin de englobar todos los procesos que tienen lugar en el ecosistema, así como sus 
interacciones. 
 
Fig. 6. Respuesta de indicadores funcionales (NEPw, NEPc, y emisión de CH4) en relación a indicadores estructurales (índice 
de diversidad taxonómica de Shannon) en humedales naturales y restaurados (humedales construidos) de una llanura de 
inundación del tramo medio del río Ebro. (Fuente propia). 







Tabla 2. Ventajas y desventajas de la utilidad de diferentes indicadores estructurales y funcionales en proyectos de 
restauración de llanuras de inundación, teniendo en cuenta su interés como indicador, metodología y tiempo de 
recuperación tras la restauración.  
INDICADORES VENTAJAS DESVENTAJAS 
Indicadores estructurales  
 
Abundancia de taxones 
(comunidad invertebrados) 
 
Interés: Buen indicador de las afecciones de los cambios en los 
usos del suelo sobre la biota subterránea.  
Metodología: Muestreo sencillo a nivel superficial. No 
necesidad de taxónomos.  
Tiempo de recuperación: Rápida recuperación (< 5 años).  
 
 
Metodología: Muestreo laborioso a nivel subterráneo. 
Variación estacional. 
Limitaciones: Este indicador no es suficiente para evaluar 
el éxito de un proyecto de restauración a nivel 
superficial. 
 
Riqueza de taxones 
(comunidad invertebrados) 
Interés: Buen indicador para evaluar la recuperación de la 
estructura biótica tras la restauración. Indicador de 
perturbaciones humanas. 
Metodología: Muestreo sencillo a nivel superficial.  
Tiempo de recuperación: Rápida (< 5 años).  
 
Metodología: Muestreo laborioso a nivel subterráneo. 
Necesidad de taxónomos especializados. Variación 
estacional. 
 
Índice de diversidad 
taxonómica de Shannon 
(comunidad invertebrados) 
Interés: Buen indicador para evaluar la recuperación de la 
estructura biótica tras la restauración. Indicador de 
perturbaciones humanas. 
Metodología: Muestreo sencillo a nivel superficial. 
Tiempo de recuperación: Rápida (< 5 años).  
 
Metodología: Muestreo laborioso a nivel subterráneo. 





Riqueza funciones  
(comunidad invertebrados) 
 
Interés: Buen indicador para evaluar la recuperación funcional 
de las comunidades acuáticas tras la restauración. Indicador de 
la cantidad y tipo de funciones aportadas por estas 
comunidades al ecosistema.  
Metodología: A nivel superficial, muestreo sencillo y rasgos 
biológicos funcionales bien definidos y ampliamente aplicados. 
Tiempo de recuperación: Rápida (< 5 años). 
 
 
Metodología: A nivel subterráneo, muestreo laborioso, 
rasgos biológicos funcionales poco definidos y 
escasamente aplicados.  
Necesidad de taxónomos especializados. Variación 
estacional. 
 
Índice de diversidad funcional 
de Shannon  
(comunidad invertebrados) 
Interés: Buen indicador para evaluar la recuperación funcional 
de las comunidades acuáticas tras la restauración. Indicador de 
la capacidad de estas comunidades para aportar diferentes 
funciones al ecosistema.  
Metodología: A nivel superficial, muestreo sencillo y rasgos 
biológicos funcionales bien definidos y ampliamente aplicados. 
Tiempo de recuperación: Rápida (< 5 años). 
 
Metodología: A nivel subterráneo, muestreo laborioso y 
rasgos biológicos funcionales poco definidos y 
escasamente aplicados. Necesidad de taxónomos 
especializados. Variación estacional. 
 
Capacidad biogeoquímica de 
filtración  
(comunidad invertebrados) 
Interés: Buen indicador para evaluar la recuperación tras la 
restauración de procesos asociados al ciclo de nutrientes.  
Metodología: Índice sencillo para cuantificar esta función a 
nivel subterráneo. 
Tiempo de recuperación: Rápida (< 5 años). 
 
Metodología: Muestreo laborioso a nivel subterráneo. 
Necesidad de taxónomos especializados. Variación 
estacional. 
 
Capacidad de fragmentación 
de la materia orgánica  
(comunidad invertebrados) 
Interés: Buen indicador para evaluar la recuperación tras la 
restauración de procesos asociados al ciclo de nutrientes.  
Metodología: Índice sencillo para cuantificar esta función a 
nivel subterráneo. 
Tiempo de recuperación: Rápida (< 5 años). 
 
Metodología: Muestreo laborioso a nivel subterráneo. 
Necesidad de taxónomos especializados. Variación 
estacional. 
 
Producción neta del 
ecosistema – pelágica (NEPw) 
Interés: Buen indicador para evaluar la recuperación tras la 
restauración de procesos asociados al ciclo del carbono. 
Discrimina la contribución de la columna de agua.  
Metodología: Muestreo sencillo en cuanto al material 
requerido.  
 
Metodología: Requiere largas jornadas de toma de 
muestras en el campo. Variación diaria y estacional. 
Tiempo de recuperación: Lenta recuperación (> 20 años). 
 
Producción neta del 
ecosistema – béntica (NEPc) 
Interés: Buen indicador para evaluar la recuperación tras la 
restauración de procesos asociados al ciclo del carbono. 
Incluye la transferencia de energía entre el sustrato y la 
columna de agua de los ecosistemas acuáticos.  
 
Metodología: Muestreo laborioso en cuanto al material 
requerido. Requiere largas jornadas de toma de muestras 
en el campo.  Variación diaria y estacional. 
Tiempo de recuperación: Lenta recuperación (> 20 años). 
 
Emisión de metano (CH4) Interés: Buen indicador para evaluar la recuperación tras la 
restauración de procesos asociados al ciclo del carbono. Gas de 
efecto invernadero. 
 
Metodología: Muestreo y análisis de laboratorio 
laboriosos. Requiere largas jornadas de toma de 
muestras en el campo.  Variación diaria y estacional. 











Los indicadores utilizados en la presente tesis proporcionan información 
complementaria, lo que ha permitido evaluar la recuperación del ecosistema en su conjunto 
(Tabla 2). Las métricas de diversidad, concretamente la abundancia, riqueza y diversidad de 
Shannon-Wiener (Capítulo 1), permiten comparar la composición y funcionalidad de 
ecosistemas acuáticos naturales y restaurados a lo largo del tiempo. Los macroinvertebrados 
son bioindicadores naturales de la calidad ecológica de las aguas, los cuales han sido 
ampliamente utilizados para identificar episodios de contaminación y/o degradación de 
ecosistemas acuáticos (Wallace y Webster 1996; Bêche y Statzner 2009). Asimismo, 
proporcionan información sobre procesos ecológicos, a través de las interacciones de estos 
organismos dentro de la comunidad y con otros compartimentos del ecosistema               
(p.ej. recursos utilizados, interacciones en la red trófica, capacidad de resistencia frente a 
perturbaciones, capacidad de dispersión y reproducción) (Heino 2005; Bonada et al. 2006; 
Tachet et al. 2010).  
Las comunidades de macroinvertebrados también han demostrado ser útiles para 
evaluar el estado ecológico de las aguas subterráneas (Danielopol et al. 2003; Iepure et al. 
2013) e informar sobre la capacidad funcional de dicho medio (Gibert y Deharveng 2002; 
Boulton et al. 2008; Korbel et al. 2013). Concretamente, en la presente tesis fueron de gran 
utilidad las métricas de diversidad taxonómica (i.e. abundancia, riqueza e índice de 
diversidad Shannon-Wiener), la capacidad biogeoquímica de filtración y la capacidad de 
fragmentación de materia orgánica particulada de las comunidades de invertebrados 
acuáticos subterráneos (Capítulo 2). Este tipo de indicadores son apropiados para evaluar el 
efecto de las presiones humanas sobre los acuíferos aluviales. Sin embargo, su uso se ha 
visto limitado por el gran desconocimiento que existe sobre las comunidades subterráneas a 
nivel taxonómico y funcional (Gibert et al. 1994; Deharveng et al. 2009), así como por la 
laboriosidad y elevado coste económico de la obtención de muestras.  
La producción neta del ecosistema y la emisión de metano a la atmósfera son dos 
tipos de indicadores de procesos biogeoquímicos relacionados con el ciclo del carbono. 
Concretamente, la producción neta del ecosistema (Capítulo 3) proporciona información 
sobre la capacidad del ecosistema para reciclar materia orgánica, procesar y transferir 
energía a niveles tróficos superiores, e incluso informa sobre la capacidad del sistema para 
actuar como fuente o sumidero de carbono (Odum 1971; Fellows et al. 2006; Mitsch y 






Gosselink 2007; Staehr et al. 2012b). La recuperación de este aspecto funcional es lenta 
(incluso > 50 años) y está asociada al desarrollo de las comunidades biológicas, incluyendo 
no sólo invertebrados y microbios, sino también macrófitos, algas, e incluso vegetación 
riparia adyacente (McKenna 2003; Gazeau et al. 2005; Moreno-Mateos et al. 2012; Staehr  
et al. 2012a, b). La emisión de metano a la atmósfera procedente de los ecosistemas 
acuáticos de la llanura de inundación (Capítulo 4) nos informa de su contribución al cambio 
climático. Dado que se trata de un gas de efecto invernadero con un efecto potencial 
superior al del CO2 (IPCC 2014), su estudio permite establecer medidas de restauración y 
conservación de ecosistemas desde una perspectiva de mitigación frente al calentamiento 
global.  
 
4. Recomendaciones de gestión para la restauración de llanuras de inundación 
Los resultados obtenidos en la presente tesis proveen de una sólida base científica a 
la promoción, planificación y ejecución de proyectos de restauración en llanuras de 
inundación degradas. A continuación, y en base a los resultados obtenidos, se presentan 
algunas recomendaciones de gestión y restauración ecológica que tienen como fin recuperar 
llanuras de inundación biodiversas y multifuncionales que sean sostenibles a medio y largo 
plazo. 
Medidas de gestión: 
o Promover proyectos de gestión que incorporen aspectos no sólo estructurales sino 
también funcionales en la conservación y restauración de llanuras de inundación. 
Ambos tipos de aspectos deben incluirse en todas las etapas de un proyecto, es decir 
desde su diseño hasta su implementación, desarrollo y monitoreo a corto, medio y 
largo plazo.  
o Evaluar los servicios ecosistémicos proporcionados por los ecosistemas naturales y 
restaurados. Esta evaluación tiene en cuenta un contexto territorial más amplio, ya 
que incluye aspectos no sólo en términos ecológicos, sino también sociales y 









o Incluir la evaluación y monitoreo de ecosistemas tanto superficiales (p.ej. bosque de 
ribera, humedales) como subterráneos (p.ej. acuífero aluvial) de las llanuras de 
inundación. Los ecosistemas subterráneos, generalmente, no han sido considerados 
en este tipo de proyectos a pesar de su importante papel en el ecosistema.  
Medidas a escala de cuenca: 
o Realizar una planificación adecuada de los usos del suelo en toda la cuenca 
hidrográfica. La promoción de los usos del suelo destinados a bosque de ribera en 
retroceso de los usos agrícolas en las llanuras de inundación permite aumentar su 
biodiversidad y funcionalidad. Todo ello gracias a la mejora de la calidad del agua de 
los ecosistemas asociados y a la mayor heterogeneidad de hábitats. 
o Mejorar la conectividad hidrológica de la llanura de inundación con el cauce principal 
del río en base a fundamentos ecológicos. Esta medida permite reducir la 
contribución de los humedales en la emisión de metano a la atmósfera.  
Medidas a escala de meandro: 
o Restaurar o crear humedales en llanuras de inundación degradadas, lo que permite 
aportar nuevos y heterogéneos recursos y refugios para las especies y procesos del 
ecosistema, pudiendo aumentar así la biodiversidad y funcionalidad de la llanura de 
inundación.  
o Conservar, ampliar y/o crear corredores de bosque de ribera entre el río y las zonas 
agrícolas de la llanura de inundación. Esta medida favorece el desarrollo de 
comunidades biológicas subterráneas que actúan como biofiltro de los lixiviados 
cargados de pesticidas y fertilizantes procedentes de las zonas agrícolas. Además el 
bosque de ribera aporta recursos a las especies acuáticas, aumentando la diversidad 
taxonómica y funcional.  
o Recrear zonas con diferente conectividad hídrica, superficial y subterránea, dentro de 
la llanura de inundación. Esta medida permite aumentar la heterogeneidad de 
hábitats, maximizando así la biodiversidad y funcionalidad de las llanuras. 
 
 






Medidas a escala de hábitat: 
o Controlar la calidad fisicoquímica del agua, evitando su eutrofización y contaminación 
por sustancias peligrosas (p.ej. metales pesados, pesticidas). Una mejor calidad del 
agua conlleva un aumento de la diversidad taxonómica y funcional de las 
comunidades acuáticas, así como una reducción de las emisiones de metano por 
parte de los humedales de la llanura de inundación. 
o Aumentar la diversidad de macrófitos en los humedales de la llanura de inundación. 
Esta medida aumenta la diversidad estructural y funcional de la llanura de inundación 
al promover una mayor heterogeneidad de hábitats y recursos para las especies 
acuáticas.  
o Promover hábitats que actúen como puntos calientes (i.e. hotspots) de biodiversidad 
y funcionalidad. Las zonas con vegetación sumergida y sustratos predominados por 
gravas maximizan la diversidad taxonómica y funcional de las comunidades de 
macroinvertebrados, así como la producción neta del ecosistema en humedales.  
o Aumentar la superficie y profundidad de los humedales de la llanura de inundación, 
manteniendo algunas zonas de orilla poco profundas. Esta medida proporciona una 
mayor heterogeneidad y superficie de hábitats, lo que permite aumentar la 
diversidad de especies e incrementar la superficie de almacenamiento de carbono. 
 
La aplicación de estas medidas de conservación y restauración en una llanura de 
inundación debería priorizarse en función de la escala a la que actúan los factores que han 
llevado a su degradación (Comín et al. 2005, 2014; Rohde et al. 2006; Aronson y Alexander 
2013). De forma general, las principales causas de degradación de llanuras de inundación 
tienen su origen a escala de cuenca, asociadas a una incorrecta planificación a nivel de 
gestión (Turner et al. 2000; Flitcroft et al. 2009; Lave et al. 2010; Hallett et al. 2013).             
La regulación de caudales y el cambio en los usos del suelo (a favor de usos agrícolas y 
urbanos) a lo largo de la cuenca han llevado a la eutrofización y contaminación de sus 
ecosistemas acuáticos, homogeneización de sus hábitats y pérdida de superficie de bosque 
de ribera, entre otros problemas (Brinson y Malvárez 2002; Tockner y Stanford 2002; Čížková 







en cuenta la escala y origen de los problemas, centrándose únicamente en la conservación y 
restauración a escala de meandro o hábitat (Palmer et al. 2010; Pittock et al. 2013). De esta 
forma, los procesos de degradación continúan afectando no sólo a los ecosistemas naturales 
existentes sino también a los que se restauran. Por ello, es de especial importancia tomar 
medidas de restauración a escala de cuenca para atajar los problemas desde su origen.      
Sin embargo, este tipo de propuesta está lejos de ser fomentada y regulada en nuestra zona 
de estudio; debido a que las políticas estatales priorizan (incluso consideran únicos) los 
aspectos socioeconómicos frente a los ecológicos a la hora de gestionar los recursos 
proporcionados por las cuencas. Es por este motivo que la supervivencia y efectividad de 
nuestros ecosistemas restaurados, así como de los recientes y crecientes proyectos de 
restauración llevados a cabo en España, tienen los días contados, ya que únicamente se 
aplican medidas a escala de meandro y/o hábitat. Consecuentemente, el futuro más 
probable para las llanuras de inundación de España es su continua degradación.                   
No obstante, este tipo de situación es reversible si se toman las medidas adecuadas a nivel 
de gestión. Un ejemplo de ello son los diferentes proyectos llevados a cabo en el norte de 
Europa (p.ej. ríos Elba, Danubio, Loira y Rin), donde aplicaron programas de gestión a nivel 
de cuenca que combinaban la protección frente a inundaciones con la reorganización de los 
usos del suelo, el desarrollo y protección de ecosistemas naturales, y la extracción de 
materias primas (Moss and Monstadt 2008). 
En definitiva, para frenar la creciente pérdida y degradación de las llanuras de 
inundación es prioritario un cambio en los programas de conservación actuales, de forma 
que se promueva una gestión ecológica y socieconómicamente sostenible y efectiva de los 
recursos a escala de cuenca. Será a partir de entonces, cuando las medidas de conservación 
y restauración a escalas más pequeñas (p.ej. meandro y hábitat) sean efectivas a largo plazo, 
maximizando la biodiversidad y funcionalidad de estos ecosistemas, y compensando la 











5. Consideraciones para futuros trabajos 
A lo largo de este trabajo se ha puesto en evidencia la necesidad de más estudios 
científicos básicos que evalúen en detalle los procesos funcionales que tienen lugar en los 
ecosistemas acuáticos a corto, medio y largo plazo. Concretamente, proponemos para 
futuros proyectos realizar estudios entre: i) ecosistemas acuáticos con diferentes niveles de 
perturbación y ecosistemas no perturbados; y ii) entre ecosistemas acuáticos restaurados y 
ecosistemas naturales de referencia no perturbados por la acción del hombre. De esta forma 
se facilitaría el desarrollo de índices básicos de valoración funcional de ecosistemas 
acuáticos, similares a los existentes para los aspectos estructurales (p.ej. IBMWP; QBR),      
de forma que se incluyan ambos tipos de índices en los planes de gestión y evaluación 
ecológica de ecosistemas acuáticos. 
En relación a los ecosistemas acuáticos subterráneos, son necesarios más estudios de 
su biota a nivel taxonómico y a escala regional. También a escala europea, donde existe un 
mayor desconocimiento en comparación a otras regiones como Australia (Tomlinson y 
Boulton 2010). Además son necesarios estudios que evalúen la respuesta taxonómica y 
funcional de la biota subterránea frente a diferentes factores o perturbaciones tanto de 
origen natural (p.ej. hidrodinámica, aumento de la superficie de humedales, diversidad 
vegetal) como antrópico (p.ej. pesticidas, metales pesados, contaminantes emergentes).    
De esta forma, se contribuiría al desarrollo de índices para evaluar la calidad ecológica del 
medio subterráneo, tal y como se han desarrollado para el medio superficial. Este aspecto 
cobra especial importancia ante la reciente inclusión en la Directiva europea (EU-GWD 2006) 
de la necesidad de evaluar los ecosistemas subterráneos desde una perspectiva ecológica. 
A escala regional, futuros estudios en la llanura de inundación del río Ebro deberían 
estar encaminados a evaluar el efecto de la hidrodinámica en sus emisiones de gases de 
efecto invernadero y en su diversidad de comunidades acuáticas subterráneas, además de 
en otros procesos funcionales todavía sin explorar. Un estudio interesante sería eliminar y/o 
remover diques y motas en algún tramo del río, para recrear una llanura de inundación no 
perturbada por constricción de cauces, y analizar cómo y cuánto influye a diferentes 
procesos funcionales del ecosistema. Asimismo, sería interesante evaluar su repercusión en 
los ecosistemas restaurados y naturales de estudio, es decir, evaluar si permite una 







llanura de inundación. Por otra parte, son necesarios estudios más en detalle sobre el ciclo 
de carbono en las llanuras de inundación, no sólo incluyendo flujos de metano, sino también 
de otros gases de efecto invernadero como el óxido nitroso y el dióxido de carbono.             
De esta forma se podrá definir si en su conjunto este tipo de ecosistemas son sumideros o 
fuentes de carbono, y así gestionarlos en base a una estrategia de mitigación del cambio 
climático.  
Con todas estas propuestas se contribuiría a la mejora de los planes de gestión de 
llanuras de inundación, gracias al desarrollo de medidas encaminadas a la conservación y 
maximización no sólo de la biodiversidad, sino también de la funcionalidad de los 
ecosistemas y de los servicios que proporcionan.   
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CONCLUSIONES / CONCLUSIONS 







1. La creación de humedales como medida de restauración ecológica mejora la estructura y 
funcionalidad de la llanura de inundación del río Ebro, a corto y medio plazo. 
1.1. Los humedales construidos en la llanura de inundación presentaron mejor 
calidad fisicoquímica del agua que los humedales naturales existentes, los cuales se 
encuentran en un estado de degradación avanzado como consecuencia de las 
presiones humanas. Las concentraciones de carbono orgánico total, materia orgánica 
total, nitrógeno total, fósforo total y sólidos totales en suspensión fueron hasta dos 
veces inferiores en los humedales construidos que en los humedales naturales 
degradados. (Hipótesis 1; Capítulo 1, 3 y 4). 
1.2. La comunidad de macroinvertebrados acuáticos presentó significativamente 
mayor abundancia, riqueza taxonómica y diversidad funcional en los humedales 
construidos que en los humedales naturales degradados de la llanura de inundación. 
El menor contenido de nitrógeno y la mayor heterogeneidad de nuevos hábitats en 
los humedales construidos favorecieron la llegada de especies pioneras y 
oportunistas (p.ej. Odonata, Pulmonata y Ephemeroptera) a la llanura de inundación. 
Estas especies presentan una gran capacidad de dispersión y reproducción; además 
de una gran diversidad de hábitos de alimentación, aumentando la presencia de 
organismos trituradores y raspadores en la llanura. Mientras que el alto contenido de 
fósforo y materia orgánica en los humedales naturales degradados sólo permitió el 
desarrollo de especies tolerantes a estas condiciones (p.ej. Oligochaeta y 
Heteroptera), cuyas estrategias de alimentación se sustentan en el material 
particulado fino y los microorganismos, formando comunidades muy abundantes 
pero poco diversas. (Hipótesis 1.1, 2.1 y 2.2; Capítulo 1).  
1.3. Las tasas de producción neta del ecosistema fueron hasta siete veces inferiores 
en los humedales construidos que en los humedales naturales degradados de la 
llanura de inundación. Este hecho viene asociado al menor contenido de materia 
orgánica, nitrógeno y sólidos disueltos de los humedales construidos en comparación 
a los humedales naturales degradados. (Hipótesis 1.2, 2.3 y 2.4; Capítulo 3). 






 1.4. Los humedales construidos contribuyeron hasta cuatro veces menos en la 
emisión de metano a la atmósfera que los humedales naturales degradados de la 
llanura de inundación. La menor turbidez y contenido de materia orgánica, nitratos, 
fosfatos y  clorofila a en los humedales construidos fueron algunas de las causas de 
su menor contribución a la emisión de este gas de efecto invernadero. Asimismo, el 
aislamiento hidrológico de los humedales con el cauce principal está relacionado con 
las tasas de emisión de metano tanto en los humedales naturales como en los 
construidos. (Hipótesis 1.3 y 2.5; Capítulo 4). 
 
2. La ampliación o creación de corredores de bosque de ribera como medida de restauración 
ecológica mejora la estructura y funcionalidad de la llanura de inundación del río Ebro y de 
otras llanuras de inundación del sur de Europa ocupadas por usos agrícolas. 
2.1. La ampliación del bosque de ribera en sustitución de los usos agrícolas en 
llanuras de inundación degradadas permite mejorar la calidad fisicoquímica del agua 
del acuífero aluvial. Las concentraciones de oxígeno, nitratos y sulfatos en el acuífero 
aluvial fueron hasta dos veces inferiores en las zonas de la llanura de inundación 
ocupadas por bosque de ribera que en las zonas ocupadas por usos agrícolas; 
mientras que la conductividad registró valores significativamente superiores en las 
zonas ocupadas por bosque de ribera. (Hipótesis 1; Capítulo 2).  
2.2. La comunidad de macroinvertebrados del acuífero aluvial presentó 
significativamente mayor diversidad taxonómica y funcional en las zonas de la llanura 
de inundación ocupadas por bosque de ribera que en las zonas ocupadas por usos 
agrícolas. Concretamente, los índices de diversidad taxonómica y funcional 
aumentaron linealmente con el porcentaje de superficie de la llanura de inundación 
ocupada por bosque de ribera. El mayor contenido de carbono orgánico disuelto, 
nitratos y sulfatos en el acuífero aluvial de las zonas de la llanura de inundación 
ocupadas por usos de bosque de ribera también favorecieron esta mayor diversidad 
taxonómica y funcional. Estas condiciones permitieron el desarrollo de crustáceos 
(p.ej. Copepoda y Amphipoda) que presentan una gran diversidad de hábitos de 
alimentación, aumentando la presencia de fragmentadores, filtradores y raspadores 
en el acuífero aluvial. Sin embargo, el elevado contenido de fosfatos en el acuífero 






aluvial de las zonas de la llanura de inundación ocupadas por usos agrícolas sólo 
permitieron el desarrollo de especies tolerantes a condiciones de eutrofia             
(p.ej. Oligochaeta y Ostracoda), formando comunidades poco abundantes y poco 
diversas. (Hipótesis 1.1 y 2.1; Capítulo 2). 
2.3. Los servicios ecosistémicos relacionados con las capacidades de fragmentación 
de materia orgánica particulada y filtración biogeoquímica del acuífero aluvial 
presentaron valores hasta dos veces superiores en las zonas de la llanura de 
inundación ocupadas por usos de bosque de ribera que en las zonas ocupadas por 
usos agrícolas. Este hecho estuvo asociado no sólo al aumento de la superficie de la 
llanura ocupada por bosque de ribera sino también al mayor contenido de nitratos en 
estas áreas. (Hipótesis 1.1 y 2.1; Capítulo 2). 
 
3. La incorporación de diferentes aspectos estructurales y funcionales en todas las etapas de 
un proyecto de restauración a corto, medio y largo plazo, así como la valoración de la llanura 
de inundación en su conjunto, incluyendo tanto ecosistemas superficiales como 
subterráneos, permiten optimizar y reforzar la probabilidad de éxito de un proyecto de 
restauración. 







1. In the Middle Ebro river-floodplain, the construction of wetlands improves structural and 
functional aspects of a degraded floodplain, at the short- and medium-term. 
1.1. Constructed wetlands showed better water quality than existing natural 
wetlands, which were in a degraded status as a consequence of human pressures. 
Concentration values of total organic carbon, total organic matter, total nitrogen, 
total phosphorus and total suspended solids were two-times lower in constructed 
wetlands than in degraded natural wetlands. (Hypothesis 1; Chapter 1, 3 and 4). 
1.2. Aquatic macroinvertebrates showed significantly higher abundance, taxonomic 
richness and functional diversity in constructed wetlands than in degraded natural 
wetlands. The low nitrogen content and greater heterogeneity of new habitats in 
constructed wetlands favoured the arrival of pioneer and opportunistic species     
(e.g. Odonata, Pulmonata and Ephemeroptera) to the floodplain. These species 
showed high dispersal and reproduction capacities as well as a greater diversity of 
feeding habits, increasing the presence of shredders and scrapers in the floodplain. 
However, the high phosphorus and organic matter content in degraded natural 
wetlands allowed the development of eutrophic tolerant species only, with feeding 
habits based on fine particles and microorganisms, resulting in communities 
characterised by high abundance of individuals but low diversity. (Hypothesis 1.1, 2.1 
and 2.2; Chapter 1). 
1.3. Net ecosystem production rates were seven times lower in constructed wetlands 
than in degraded natural wetlands. This fact was associated to the lower organic 
matter, nitrogen and dissolved solids content in constructed wetlands in comparison 
to degraded natural wetlands. (Hypothesis 1.2, 2.3 and 2.4; Chapter 3). 
1.4. Constructed wetlands contributed four times less in methane emission into the 
atmosphere than degraded natural wetlands. The lower turbidity and lower content 
of organic matter, nitrates, phosphate and chlorophyll a in constructed wetlands 
were some of the reasons of their lower greenhouse gas emission. In addition to this, 
the hydrological isolation of wetlands with the main channel favoured increasing 






methane emission rates in both constructed and degraded natural wetlands. 
(Hypothesis 1.3 and 2.5; Chapter 4). 
 
2. The expansion or creation of riparian forest corridors as a tool for ecological restoration 
enhances structural and functional aspects in the Middle Ebro River floodplain and other 
floodplains of the southern Europe deeply disturbed by agricultural practices.  
2.1. The expansion of riparian forest replacing agricultural uses in degraded 
floodplains improves the water quality of the alluvial aquifer. Concentrations values 
of dissolved oxygen, nitrates and sulfates in the alluvial aquifer were two times lower 
in floodplain areas occupied by riparian forest uses than in areas occupied by 
agricultural uses; while conductivity recorded significantly higher values in areas 
occupied by riparian forests. (Hypothesis 1; Chapter 2). 
2.2. The macroinvertebrate community of alluvial aquifers showed significantly 
higher taxonomic and functional diversity in floodplain areas occupied by riparian 
forests than in areas occupied by agricultural uses. Specifically, values of taxonomic 
and functional diversity indices increased linearly with the percentage of floodplain 
surface occupied by riparian forest. The higher content of dissolved organic carbon, 
nitrates and sulfates in the alluvial aquifer of floodplain areas occupied by riparian 
forest also favoured greater values of taxonomic and functional diversity.            
These conditions allowed the development of crustaceans (e.g. Copepoda and 
Amphipoda) that have a great diversity of feeding habits, increasing the presence of 
shredders, filter-feeders and scrapers in the alluvial aquifer. In contrast, the high 
phosphate content in the alluvial aquifer of floodplain areas occupied by agricultural 
uses only allowed the development of eutrophic tolerant species (e.g. Oligochaeta 
and Ostracoda), resulting in communities with low abundance of individuals and low 
diversity. (Hypothesis 1.1 and 2.1; Chapter 2). 
2.3. Ecosystem services related to particulate organic matter breakdown and 
biogeochemical filtration capacities in the alluvial aquifer showed two-fold values in 
floodplain areas occupied by riparian forest than in areas occupied by agricultural 
uses. This fact was associated not only with the increase of floodplain surface 






occupied by riparian forest but also to the greater content of nitrates in these areas. 
(Hypothesis 1.1 and 2.1; Chapter 2). 
 
3. The inclusion of different structural and functional aspects in all steps of a floodplain 
restoration project at short-, medium- and long-terms, as well as the floodplain assessment 
as a whole, including surface and groundwater environments, optimize and reinforce the 











Zona de estudio 
 
N2 – Reserva Natural de Juslibol: 
   
    
 
C2a – Reserva Natural de Juslibol: 










C2b - Reserva Natural de Juslibol: 
   
 
 
N1 – Reserva Natural de los Sotos y Galachos del río Ebro (La Cartuja): 
   








C1a – Reserva Natural de los Sotos y Galachos del río Ebro (La Cartuja): 
     
   
C1b - Reserva Natural de los Sotos y Galachos del río Ebro (La Cartuja): 
   
   
 






N3 – Reserva Natural de los Sotos y Galachos del río Ebro (La Alfranca): 
   
C3 – Reserva Natural de los Sotos y Galachos del río Ebro (La Alfranca): 




















Muestreo macroinvertebrados superficiales: 
      
Muestreo macroinvertebrados subterráneos: 
   
Muestreo actividad metabólica (producción neta del ecosistema): 
     






   
   
Muestreo/análisis gases de efecto invernadero (metano): 
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